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Abstract 

The degradation of atrazine, a widely used herbicide, a known endocrine disrupting 

agent, carcinogenic and persistent, in aqueous solution was investigated by various 

advanced oxidation and reduction technologies. The radiolytic degradation of atrazine 

has been observed to be an efficient technology for removal of atrazine from water. A 

detailed kinetic study was performed with respect to G-value, % degradation, observed 

dose constant (k), and quantum efficiency under various experimental conditions. 

Hydrogen peroxide, iso-propanol, tert-butanol, nitrate, nitrite, sulfate, carbonate, 

bicarbonate and bromide ions as well as chloroform have shown inhibitory impact on % 

degradation of atrazine. The relative contributions of aqueous electron, hydroxyl radical 

and hydrogen radical towards atrazine degradation were determined as ratio of k for these 

reactive species and were found as 5: 3 : 1 for ke‒aq: k•OH: kH•. The quantum efficiency 

ratios of e‒
aq, •OH and H• for the degradation of atrazine was calculated as 2: 1: 1. The 

degradation efficiency was higher under extreme pH conditions (high or low) and lower 

under neutral conditions. The G-values were observed to decrease with increase in 

accumulated absorbed dose under all tested experimental conditions. Taking the relative 

contributions of oxidative and reductive radical species to atrazine degradation into 

account, reductive pathway proved to be a better approach for the radiolytic treatment of 

waste-water contaminated with atrazine. 

In addition to radiolytic degradation, the degradation of atrazine was investigated by 

253.7 nm UV irradiation alone or in combination with hydrogen peroxide, 

peroxymonosulfate (PMS, HSO5
−) or persulfate (PS, S2O8

2−) with an enhanced removal 

efficiency observed using photochemical processes. UV/PS was found to be the more 

efficient process than UV/PMS and UV/H2O2 with pseudo-first-order rate constant (kobs) 

of 6.70 × 10‒3 cm2 mJ‒1 at 4.64 µM atrazine and 92.80 µM PS initial concentrations. The 

pH showed no significant effect on direct photolysis of atrazine, with kobs of 7.59 × 10‒4, 

7.73 × 10‒4 and 6.72 × 10‒4 cm2 mJ‒1 at pH 3.0, 5.7 and 11.0, respectively. UV/H2O2 and 

UV/PMS performances were independent of pH. However, UV/PS was affected by pH 

when it was changed from 5.3 to 7.4. The second order rate constant for reaction of 
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atrazine with sulfate radicals was determined as 2.6 × 109 M‒1 s‒1 whereas that for 

hydroxyl radicals was obtained as 2.3 × 109 M‒1 s‒1. The quantum yield and molar 

absorption co-efficient at 253.7 nm were determined to be 0.045 mol einstein‒1 and 3504 

M‒1 cm‒1, respectively. Product analysis for these reactions was carried out using GC-MS 

and HPLC/MS/MS and several new degradation by-products of atrazine were identified. 

A possible degradation mechanism is proposed based on the identified degradation by-

products.  

Due to the presence of various organic and inorganic species in natural water 

samples, lower removal efficiency of atrazine by UV/H2O2, UV/PMS and UV/PS in real 

water was observed. The additions of various additives and radical scavengers to aqueous 

atrazine solution showed a decrease in the removal efficiency of atrazine by UV/PS. 

The degradation of atrazine was also examined by photo-Fenton and photo-Fenton-

like advanced oxidation technologies (AOTs): UV/H2O2/Fe2+, UV/S2O8
2−/Fe2+ and 

UV/HSO5
−/Fe2+. The study was carried out at two pH value conditions, i.e., pH 3.0 and 

pH 5.8. At pH 3.0, UV/HSO5
−/Fe2+ was found to be the most efficient technology 

whereas UV/S2O8
2−/Fe2+ was observed to be the most effective at pH 5.8. The 

degradation of atrazine followed pseudo-first-order reaction with the highest observed 

rate constant of  2.00 × 10−2 cm2 mJ‒1 in UV/HSO5
−/Fe2+ system at the initial 

concentrations of 4.64 µM atrazine, 46.4 µM HSO5
− and 35.81 µM  Fe2+. The UV 

fluence required for the complete removal of 4.64 µM  atrazine at initially 92.80 µM of 

oxidant and 8.95 µM  of Fe2+ concentrations at pH 3.0 was found to be 480, 720 and 960 

mJ cm−2 in UV/HSO5
−/Fe2+, UV/S2O8

2−/Fe2+ and UV/H2O2/Fe2+ systems, respectively. 

Humic and fulvic acids were found to negatively impact the degradation of atrazine. The 

removal of TOC was not significant unless a high UV fluence was applied. At an initial 

concentration of 18.56 µM atrazine, 1856.00 µM oxidant and 17.91 µM Fe2+,  a 62.94 %, 

47.10 % and 44.09 % decrease in TOC was achieved at a UV fluence of 6000 mJ cm−2 in 

UV/PS/Fe2+, UV/PMS/Fe2+ and UV/H2O2/Fe2+ systems, respectively. Nevertheless, it is 

suggested in this study that photo-Fenton and photo-Fenton-like technologies are capable 

of removing atrazine from water efficiently.  
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Besides, Cobalt ions were found to more efficiently activate the PMS and greatly 

enhanced the degradation of atrazine by UV/PMS/Co2+ but silver ions were observed to 

decrease the removal rate of atrazine by UV/PS/Ag+ system. 

The electrical energy per order (EE/O) was calculated for various applied AOTs as an 

important Figure-of-Merit to explore the potential applications feasibility of the studied 

systems. Among the studied UV-assisted AOTs, UV/PS was suggested as an effective 

and economically favorable process for water remediation concerning toxic organic 

compounds such as pesticides.    

The degradation of atrazine exhibited second-order kinetics by Fenton reagent. The 

low activation energy of atrazine, i.e., 23.72 kJ mol‾1, through Fenton oxidation 

suggested the easier removal of atrazine from water through this process.  

This study also reports the preparation of P-doped (P-TiO2), F-doped (F-TiO2) and 

PF-codoped anatase TiO2 (PF-TiO2) nanoparticles via a conventional sol-gel method. 

UV-vis diffuse reflectance results showed that doping with phosphorous and fluorine 

simultaneously could efficiently increase the absorption of TiO2 in visible light region. 

The BET surface area of 211.96, 174.98, 88.76 and 79.67 m2 g‒1 were obtained for PF-

TiO2, P-TiO2, F-TiO2 and reference TiO2 nanoparticles, respectively. The smallest crystal 

size, highest surface area and absorption in UV-visible region are responsible for the 

highest photocatalytic activity of PF-TiO2 nanoparticles for atrazine degradation under 

UV-visible light irradiation. The degradation of atrazine for PF-TiO2, P-TiO2, F-TiO2 and 

reference TiO2 nanoparticles after 6 h UV-visible light irradiation was 80.9, 71.0, 48.3 

and 31.3%, respectively. Therefore, these modified photocatalysts could be considered as 

potential photocatalysts sources in wastewater treatment. 

 

 

Keywords: Atrazine; Gamma Ray Irradiation; UV radiation; Advanced Oxidation 

Technologies (AOTs); Photocatalysis; Doping; Degradation Mechanism; Water 

treatment. 
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1. INTRODUCTION 

The world population is growing day by day in spite of applying strict rule on 

population control by certain countries, such as China. In order to survive, human beings 

must eat. This need of eating inspired man to spread out cultivation activities across the 

planet. With the gradual increase in world population, agricultural methods were 

improved for increasing crop production in order to meet the basic needs of human 

beings. Among various factors improving the quality and quantity of agricultural 

products, the application of pesticides is considered as one of the most important factors. 

Because of increasing world population, the use of pesticides for obtaining greater 

agricultural productivity on economical scale seemed to be essential. Pesticides are also 

used for health purposes, such as scabicide and pediculicide, to control vectors 

responsible for human diseases; however, the quantity applied for this purpose is quite 

low as compared to the quantity used for agricultural productivity (Chouela et al., 1999; 

Chai, 2008). 

1.1 Pesticides, their Usage and Harmful Effects 

Pesticides are artificially synthesized organic compounds that are used to control 

insects, fungi, and weeds. They are classified as insecticides, herbicides, fungicides and 

rodenticides according to their function (Wilde, 2009) and organochlorine, 

organophosphorous, carbamates, and triazines according to their chemical structure 

(Cortada et al., 2009).  

Despite the fact that pesticides are important and necessary for agricultural 

productivity, they also pose harmful effects to farmers, consumer and other animals. The 

most common harmful and toxic side effects of pesticides include cancer, diminished 

intelligence, leukemia, lymphoma, endocrine system failure, infertility and birth defects 

(Abhilash and Singh, 2009; Amr, 1999; Atreya, 2008; Bojanowska-Czajka et al., 2006; 

Bonnechère et al., 2012; Reynolds et al., 2004; Sanches et al., 2010). Due to their 

hazardous nature, the manufacturers are generally reluctant to disclose the actual 

information about the usage of pesticides; therefore, it could not be expected that the 
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available data is 100% reliable in any country.  However, in developed countries the data 

about the used amount of pesticides is considered to be more reliable as compared to data 

in developing countries because of more efficient government control over pesticides 

usage and availability of complete records in developed countries (Chai, 2008; Wilson 

and Tisdell, 2001). The estimated annual consumption of pesticides was about 2.5 million 

tons in the world during 1995 with continuous increase of about 5% per year (Azizullah 

et al., 2011; Chai, 2008). Out of this, USA and Europe shared 24 and 45%, respectively 

(Gupta, 2004). Among the applied pesticides, about 50-60% were herbicides, 20-30% 

insecticides, 10-20% fungicides and 5-6% others (Gupta, 2004; Pérez-Trujillo, 2002). 

1.2 Water and Water Pollution 

Water is an essential and important component of the environment and without water 

the life is impossible. It is a well-known fact that 71% of the earth is covered by water. 

97.5% of the total global water is found as saltish water in the form of oceans and seas 

whereas only 2.5% of the total earth’s water is fresh water (Lefort, 1996). This is only the 

fresh water that a human can use directly for different purposes, i.e., from domestic to 

industries. A very small amount of the fresh water (i.e., about 0.3%) is available to 

humans in the form of rivers and lakes. The remaining fresh water is stored in the form of 

glaciers, permanent snow cover, ground water and others (Lefort, 1996). This available 

small quantity of fresh water is continuously being contaminated with different 

pollutants, mainly entering from industries and agricultural fields. However, the water 

pollution is not limited only to the agricultural, industrial and health activities, but 

actually every human activity leads to the pollution of water. This is because every 

human activity produces waste products, which ultimately cause water pollution. It has 

been observed that the amount of waste products produced is directly related to the 

standard of living of humans in a society. According to the published reports, about 23% 

of world’s population is living in the “developed countries” that consume 78% of world’s 

resources and produce 82% of total global waste products (Sheoran, 2008). The amount 

of waste products increases with the industrialization level of a country.  
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The major active sources of water pollution include pathogens (viruses, bacteria and 

protozoan), acids, anions (nitrates, phosphate, sulphates and fluorides), toxic heavy 

metals (arsenic, cadmium, nickel, lead and zinc, etc.), radioactive substances, oil, 

fertilizers, pharmaceuticals and pesticides. In Pakistan, the major water pollutants are 

arsenic, cadmium, nickel, fluorides, nitrates, bacteria and pesticides (Azizullah et al., 

2011). 

The world population is rapidly increasing but the amount of fresh water availability 

remains constant. As a result the fresh water availability per capita is diminishing 

significantly (Bernstein, 2002). In the next two decades, most of the countries in Africa, 

Middle East and South Asia will face severe fresh water shortage. In developing 

countries the problem is even more provoked due to the improper management, lack of 

professionals and financial limitation (Azizullah et al., 2011). In Pakistan the water 

shortage and its pollution are considered as critical problems. It has been reported that the 

country will face scarceness of water in the near future (Azizullah et al., 2011). A 

decrease in water quantity has been observed in the rivers, lakes and even in ground 

water resources due to the higher evaporation rate than precipitation rate. As a result of 

increase in population, the demand for water usage increased whereas the quantity of 

water has decreased. This resulted in rigorous shortage of fresh water for drinking, 

domestic and industrial purposes. Various reports have been published about the % 

population of Pakistan that has access to safe drinking water. Although the results are 

conflicting, but still they provide important information about the standard drinking water 

availability in the country. Rosemann (2005) reported that 23.5% rural and 30% urban 

population (25.61% of total population) are taking fresh drinking water that fulfills the 

international standard quality. Farooq et al. (2008) reported that 56% of the total 

population in the country has reach to standard drinking water. Most of the plants 

installed by the municipal authorities in various cities of the country have out dated 

filters; therefore, the drinking water of these plants is mostly contaminated with 

microorganisms or with toxic chemicals (Azizullah et al., 2011).  

A detailed study on quality of water in 23 major cities of the country has been 

conducted by Pakistan Council of Research in Water Resources (PCRWR) during 2002-
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2006. It has been concluded from the study that more than 80% water resources have 

been contaminated with different pollutants and, therefore, cannot be recommended for 

human use (PCRWR, 2006). Pakistan is facing the water pollution problem and the 

decrease in water availability per capita. It has been reported that water availability is 

decreasing at alarming rate from 5000 m3 in 1951 to 1100 m3 in 2006 and expected to be 

less than 700 m3 in 2025 (WB-SCEA, 2006). The presence of various toxic pollutants in 

naturally available drinking water compelled people to use the commercially available 

mineral water. However, the lack of awareness and the poverty in the country lead to the 

usage of contaminated water by the public. As a result most of the population is openly 

exposed to water related health problems.  

In order to avoid water shortage, new reservoirs of water must be formed in different 

parts of the country. In addition, water pollution should be controlled carefully by 

stopping the entrance of toxic pollutants to water as well as by adopting new technologies 

for the removal of existing water pollutants. Water effluents from different industries 

must be treated before they are allowed to dump into canals, rivers or other surface water 

resources. 

1.3 Impacts of Water Pollution on Human Health 

Water-related diseases are considered as one of the main factors causing human 

illness and death. The mostly affected are the poor people of the developing countries. It 

has been reported that about 2.4 billion peoples do not have access to improved sanitation 

and 1.1 billion have no access to proper water supply (UNESCO, 2003). According to 

World Health Organization (WHO) estimation in 2000, four billion people face diarrhea 

in addition to a number of other water-related diseases each year (Gleick, 2002). About 

2.2 million deaths have been reported only from diarrhea across the world, most of them 

(about 99%) occurred in developing countries with a total death rate of 5 million per year 

around the world (Gleick, 2002).  

In Pakistan, 200,000 children die per year due to diarrhea (Rosemann, 2005). About 

14% of all diseases in children below five and 7% in people having age five and above 

are water-related diseases in the country. In addition to inorganic ions and 
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microorganisms, pesticides are also responsible for water-related diseases in Pakistan. In 

the country, limited research has been conducted on link between pesticides and human 

health. Study conducted by Azmi et al. (2006) showed high levels of pesticides in the 

blood of farm workers and their adverse effects on the enzyme levels. The workers with 

high quantity of pesticides in their blood were suffering from different health problems 

including headache, respiratory tract infection, breathing difficulty, kidney and liver 

dysfunction, hepatitis and burning sensation in urine. Other studies revealed clinical 

problems, such as headache, vomiting, shortness of breath, dizziness, skin rash and 

muscle weakness in peoples exposed directly to pesticides (Khan et al., 2010). Ejaz et al. 

(2004) and Zeb et al. (2008) reviewed the relationship between cancer and pesticides 

exposure and concluded that the increased cancer trend in the country possibly be due to 

excessive pesticides exposure.        

1.4 Literature Review 

Generally fruitful results in terms of greater agricultural productivity were obtained 

from the application of pesticides on various crops. However, the undesirable toxic 

effects of pesticides on non-target organisms, including humans are also known from a 

long time. Different methods have been developed to remove pesticides from various 

environments, such as water, air and soil. Initially the conventional methods were applied 

to remove these toxic chemicals from different environments. However, several 

advancements have been made in remediation methods and now some of the 

conventional methods are replaced by the advanced oxidation technologies. This section 

deals with the use of pesticides in Pakistan and the methods applied for the removal 

and/or degradation of these toxic organic pollutants from water all over the world.   

1.4.1 Pesticides scenario in Pakistan 

Pesticides were introduced for the first time in Pakistan in 1954 and their use 

increased to 70,000 tons per annum in 2003 with annually increase rate of about 6% 

(Tariq et al., 2007; WWF, 2007). In Pakistan, pesticides are applied to various crops, 

such as cotton, maize, sugarcane, tobacco, rice, fruits, and vegetables (Tariq et al., 2007). 
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It has been reported that the amount of applied pesticides that reach to the target species 

is only 0.1-0.3%, whereas the remaining 99.7-99.9% amounts enter into water, soil and 

air, thus resulting in the pollution of these environments (Van der Werf, 1996; Wang and 

Liu, 2007). The most important and of primarily concern is the aquatic environment, that 

is why researchers mainly focus on the removal of different organic and inorganic 

pollutants from water in order to control water pollution (Aslan, 2005; Zaw and Emett, 

2002; Zhang et al., 2005). The pesticides enter into the environment from field 

applications, during manufacturing and transportation. The situation is worst in Pakistan 

due to the improper storage, washing and disposal of pesticides containers directly into 

running waters and the use of expired pesticides (Azizullah et al., 2011). This is because, 

the farmers in Pakistan know very little about the toxic effects of pesticides. Secondly, 

the farming communities prefer the older pesticides as compared to new ones in respect 

of their low cost and wide spectrum bioactivity. Generally for farmers in Pakistan, the 

main focus is cost rather than the environment. Most of the older pesticides are cheaper 

since they are not under patent protection anymore and non-biodegradable, therefore, 

they pose more serious threats to living organisms as compared to biodegradable 

pesticides (Wilson and Tisdell, 2001). In addition, the government has no precise policy 

about the pesticides control. Environmental Protection Agency of Pakistan (PAK-EPA) 

has been established in 1997 to control the environmental pollution in Pakistan. However, 

PAK‒EPA cannot fully and strictly enforce the rules and regulation about the nature and 

maximum admissible levels of pesticides in water because of very little government 

control on the use of pesticides. In Pakistan the most encouraging step for the control of 

environmental pollution was the demolishing of DDT factory at Aman Gharh, Nowshera, 

Khyber Pukhtoonkhwa after the world wide ban on DDT and similar toxic pollutants. 

Due to the persistence nature of pesticides, they remain in soil and water environments 

for long periods of time and have been detected in the environment above their maximum 

acceptable levels in different countries, including Pakistan (Tariq et al., 2007; Ormad et 

al., 2008). As a result, these pesticides produce undesirable toxic effects on non-target 

organisms including humans (Azizullah et al., 2011). Due to the lack of well equipped 

analytical laboratories in Pakistan, limited data is available about the contamination of 
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drinking and surface waters with pesticides (Azizullah et al., 2011). Various matrices, 

such as soil, water, air and food have been found to be contaminated with pesticides in 

different parts of the country as reported by Tariq et al. (2007). Although herbicides 

constitute largest portion of pesticides used all over the world, the majority of pesticides 

used in developing countries are insecticides (Chai, 2008). This is mainly because weed 

is usually controlled by hand weeding in these countries (Gupta, 2004). However, the 

trend has gradually changed and the use of herbicides has also shown an increase in 

developing countries too.  

The results of different studies showing the presence of various pesticides in surface 

and ground waters in different parts of Pakistan are summarized in Table 1.1.  
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Table 1.1. Pesticides detected in surface and ground waters of Pakistan. 

Sampling area Pesticide detected Concentration 

(µg L‒1) 

Detection 

frequency (%) 

Detection 

technique 

Reference 

Cattle colony, 

Karachi 

(n = 79) 

BHC isomers 

p,p′-DDT 

p,p′-DDE 

Traces-16.7 

Traces 

Traces 

7.6 

2.5 

1.3 

GC-ECD Parveen 

and Masud, 

1988 

Samundri, 

Faisalabad  

(n = 10) 

Endrin   

Monocrotophos  

λ-Cyhalothrin  

0.1-0.2 

40.0-60.0 

Traces-0.2 

30.0 

30.0 

40.0 

GC-ECD Jabbar et 

al., 1993 

Mardan 

division (Swabi, 

Chota Lahor, 

Mardan 

 Takhtbai) 

 (n = 12) 

Dichlorvos 

Mevinphos 

Dimethoate 

Methyl parathion 

Fenitrothion 

Chlorpyriphos 

Endosulfan 

0.03-0.45 

0.06-0.21 

0.0-0.15 

0.0-0.06 

0.0-0.2 

0.0-0.03 

0.0-0.02 

100.0 

100.0 

58.3 

91.7 

58.3 

58.3 

33.3 

GC-ECD Ahad et al., 

2000 

Multan (cotton 

growing area) 

(n = 12) 

Carbofuran 

Phosphamidon  

Dichlorvos  

Esfenvalerate  

Dimethoate  

Diazinon  

0.0–0.26 

0.0–0.12 

0.0–0.23 

0.01–0.2 

0.0–0.09 

0.0–0..03 

16.6 

33.3 

66.7 

100.0 

16.6 

16.6 

GC-ECD, 

GC-FID,  

GC-NPD 

Ahad et al., 

2001 

Rawal Lake 

(Islamabad) 

Methyl parathion 

Fenitrothion 

Azinophos-methyl 

α-Cypermethrin 

0.02–2.71 

0.08–8.3 

0.06–13.28 

0.21–18.76 

8.0 

22.0 

26.0 

44.0 

GC-ECD, 

GC-NPD 

Ahad et al., 

2006 

Various 

districts of 

Punjab 

(n = 21) 

o,p′-DDD 

o,p′-DDE 

o,p′-DDT 

p,p′-DDD 

0–0.820  

0–0.726  

0–0.935  

0–0.181  

71.4 

80.9 

57.1 

61.9 

HPLC Asi et al., 

2008 

Amangarh, 

Nowshera 

(n = 9) 

p,p′-DDT 70–400  100.0 GC-ECD Jan et al., 

2009 
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Obsolete 

pesticides 

stores in 

Khyber 

Pakhtoonkhwa 

(NWFP), 

Punjab and 

Sindh  

(n = 33) 

β−HCH 

γ−BHC  

Heptachlor  

Dieldrin  

2,4-DDD  

4,4-DDE  

Endrin  

2,4-DDT  

4,4-DDT 

0.09  

0.16  

0.17  

0.06  

0.03  

0.04  

0.05  

0.06  

0.11  

75.8 

78.8 

33.3 

54.54 

27.3 

18.2 

18.2 

18.2 

21.2 

GC-ECD Ahad et al., 

2010 

Rawal and 

Simly Lakes, 

Islamabad 

α-HCH  

Lindane  

Diazinon 

Heptachlor 

Fenitrothion  

Endosulfan-I  

2,4'-DDD  

4,4'-DDE 

2,4'-DDT  

Azinphos-methyl  

α-Cypermethrin 

Esfenvalerate 

0.84 

CNM* 

1.81–3.55 

CNM* 

2.06–2.32 

0.66–0.72 

0.80–2.39 

CNM* 

0.96–2.87 

1.54–1.79 

CNM* 

0.22 

 GC-ECD Iram et al., 

2009 

 

*CNM detected but concentration not mentioned. 
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Parveen and Masud (1988) monitored pesticides in drinking water of Karachi city for 

the first time in Pakistan. They observed that out of 79 samples 10 were found to be 

contaminated with chlorinated pesticides or their metabolites. The maximum 

concentration detected in these samples was 16.7 μg L‒1, too much higher than the 

maximum acceptable concentration (MAC) in drinking water (0.1 μg L‒1 per single 

pesticide) recommended by European Union (EU).  

Khyber Pukhtoonkhwa province (Pakistan) is one of the best producers of sugarcane, 

tobacco and maize crops. It has been reported that pesticides have been extensively 

applied on these crops; sometimes farmers may use more than 10 sprays per tobacco crop 

(Azizullah et al., 2011). Ahad et al. (2000) determined different insecticides in 

groundwater of Mardan Division, Khyber Pukhtoonkhwa, Pakistan. All of the collected 

samples from 12 different sites were found to be contaminated with pesticides. They 

observed that out of these 12 analyzed samples 3, namely Amber (Swabi), Lahor Shakh 

(Swabi) and Madras Kalay (Mardan) were found to have pesticide concentrations of 0.82, 

0.50 and 0.64 μg L‒1, respectively, and, therefore, exceeded the MAC in drinking water. 

Jabbar et al. (1993) analyzed shallow groundwater samples of Kala Shah Kaku area 

(Lahore) and Summandri area (Faisalabad) and found the contamination of water samples 

with monocrotophos, endrine and λ-cyhalothrin pesticides. The concentration of these 

pesticides ranged from 40 to 60, 0.1 to 0.2 and from traces to 0.2 μg L‒1, respectively. 

Ahad et al. (2001) studied the groundwater samples of famous cotton growing areas of 

Multan, and observed the presence of lindane, endosulfan, dichlorvos and carbofuran at 

concentration levels of 0.11, 0.13, 0.23 and 0.26 μg L‒1, respectively. In another study, 

the groundwater samples of Bahawalnagar, Muzafargarh, Dera Ghazi Khan and Rajan 

Pur (districts of Punjab) were examined for pesticides analysis and found the 

contamination of these water samples with six different pesticides at various 

concentration levels. Asi et al. (2008) reported the presence of DDT and its degradation 

by-products in ground and surface waters of different districts of Punjab (Bahawalpur, 

Faisalabad, Gujranwala, Khanewal, Kotari and Lahore). Similarly the study of Jan et al. 

(2009) and Ahad et al. (2010) revealed the presence of DDT and its metabolites in 

ground and surface waters of Aman Gharh, Nowshera. The presence of DDT and its 
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metabolites in waters of Aman Gharh, Nowshera was due to the locally production of 

DDT by a DDT-producing factory in this area. As mentioned earlier, this factory was 

demolished as a result of the world wide ban on toxic environmental pollutants including 

DDT. The presence of various types of pesticides in different types of water could cause 

serious health problems in humans and in some cases can lead to even death. It has been 

observed that out of 578 patients, 370 were pesticide victims (73% males and 27% 

females) in Pesticide Poisoning Center of Nishtar Hospital, Multan, Pakistan (Tariq et al., 

2004).  

1.4.2 Review of traditionally applied pollutant removal techniques 

The conventional methods include physical, biological and chemical treatments.  

The physical processes include coagulation, sedimentation, flocculation, air striping, 

flotation, filtration, reverse osmosis and adsorption. These methods are very efficient in 

pollutant removal from water and have been widely applied in water treatments. 

Humbert et al. (2008) studied the removal of pesticides (atrazine and isoproturon) by 

anion exchange resins (AERs) and powdered activated carbon (PAC). The study revealed 

that PAC was much more efficient in removal of studied pesticides than AERs. At initial 

concentrations of 200 µg L−1 atrazine and isoproturon, PAC (PICAZINE HP PAC®, 40 

mg L−1) removed 95% isoproturon and 85% atrazine after 24 h of contact time. Whereas 

only 12 and 25% removal of these pesticides were observed for MIEX® (acrylic AERs, 8 

mL L−1) and DOWEX11® (styrenic AERs, 8 mL L−1), respectively, for the same 

treatment time. However, at low initial concentrations of pesticides (1 µg L−1), a 

carbonaceous resin (AMBERSORB®) was found to be more effective than PAC, where 

88% isoproturon and 84% atrazine uptake was observed in first case compared to 54 and 

55% removal of isoproturon and atrazine, respectively, in later one, after contact time of 

30 min. Moussavi et al. (2013) carried out the removal of diazinon pesticide from 

contaminated water by NH4Cl-induced activated carbon (NAC). They found that at 20 

mg L−1 of initial diazinon concentration at pH 7, 63.6%, 89.7% and 96.4% diazinon 

removal was achieved with 0.1, 0.2, and 0.3 g NAC L−1, when the contact time was 30 

min. 
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Van der Bruggen et al. (2001) studied the removal of four pesticides (atrazine, 

simazine, isoproturon and diuron) as well as hardness and nitrate decrease from ground 

water samples using four different nanofiltration membranes, i.e., NF70, NF45, UTC-20 

and UTC-60. The study showed that NF70 was much more effective than other 

membranes and the removal efficiencies were independent of the initial concentrations (1 

µg L−1, 300 µg L−1 and 1 mg L−1) of the pesticides. For all the studied pesticides about 

95% rejection was obtained with NF70 membrane. Nitrate removal was not significant 

except for NF70 membrane where 76% was removed. The hardness rejection was also 

very significant (95%) with the studied membranes. The authors concluded that 

nanofiltration is an efficient and economically feasible technique for drinking water 

production (Van der Bruggen et al., 2001). A study performed by Kouras et al. (1998) 

showed that the removal of lindane was not significant (8%) through coagulation when 

ferric chloride and polyaluminium chlorosulfate were used as coagulants. The pH at 

ranges of 4 to 10 and the coagulant concentrations (0.06-0.62 mM for Fe or Al) were 

found to have no effect on removal of lindane, especially when lindane concentration was 

10 µg L−1. However, in the same study powder activated carbon (PAC) was found 

effective in lindane removal and a decrease in lindane concentration from 10 µg/L to 0.1 

µg L−1, was observed at 20 mg L−1 of PAC concentration. Hofman et al. (1997) studied 

the removal of pesticides and other micropollutants with polyamide, cellulose-acetate and 

ultra-low pressure reverse osmosis membranes. They concluded that ultra-low pressure 

reverse osmosis membranes are highly attractive in surface water treatments for the 

removal of organic micropollutants. With these membranes, the pollutants at 

concentrations of 1 and 5 µg L−1, can be decreased to concentrations below those 

recommended by the European Union for drinking water. 

Biological treatments are relatively more economical and well recognized. They rely 

on the degradation of pollutants by means of microbiological activities. Aslan and 

Türkman (2004) studied the removal of nitrate and endosulfan from water in an upflow 

biological denitrification reactor. They observed that elimination of nitrate (complete) 

and endosulfan (65 to 70%) can be achieved with the reactor at a temperature higher than 

20 oC. In another study, Nawab et al. (2003) concluded that bacterial strains 
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(Pseudomonas) are capable of removing γ-hexachlorocyclohexane (γ-HCH) and, 

therefore, can be considered for developing a technology for decontamination of γ-HCH-

pollutant in the environment. Yanze-kontchou and Gschwind (1994) studied the 

mineralization of atrazine by Pseudomonas strain and concluded that the strain YAYA6 

has optimal characteristics for removal of atrazine from water. Concerning pollutants 

removal through biological treatments, good and informative reviews have been 

published by Arbeli and Fuentes, (2007), Aksu, (2005) and Pomiès et al. (2013).  

Chemical methods generally use chlorine, ozone, chlorine dioxide, permanganate and 

peracetic acid as oxidizing agents for toxic pollutants. Acero et al. (2008) have tried to 

remove organophosphorus pesticides (diazinon, chlorpyrifos and chlorfenvinfos) with 

chlorination. Their experimental results showed that at initial pesticides concentrations of 

1 µM, 3 mg L−1 of chlorine concentration was capable of almost complete elimination of 

diazinon and chlorpyrifos at treatment time of 10 min and 1 h, respectively (at 20 oC 

temperature and pH 7). However, chlorfenvinfos was observed to show resistance to 

chlorination. In this study, chlorination was observed to produce trihalomethanes as a 

result of pesticides oxidation, however, their concentrations was below the EU 

recommended level for drinking water. Ormad et al. (2008) studied the removal of 

various pesticides by different methods. They found that 3,4-dichloroaniline, dimethoate, 

chlorpyrifos, molinate, 4-isopropylaniline, diuron, ametryn, prometryn, aldrin, 

isoproturon, terbutryn, parathion methyl and parathion ethyl were completely removed by 

chlorination (18 mg Cl2 L−1) alone. However, overall average pesticides removal 

efficiency was 60% and TOC reduction was 11% for all the studied pesticides through 

direct chlorination. The average pesticides removal efficiency and TOC reduction was 

increased to 75% and 19%, respectively, when chlorination was combined with 

coagulation. The average removal efficiency of pesticides was 72% and TOC reduction 

was 16% for the studied pesticides with ozonation (4.3 mg O3 L−1). Coagulation was 

found to have no significant effect on ozonation. Liu et al. (2009) investigated the 

oxidative degradation of dichlorvos by permanganate in drinking water treatments. They 

observed that dichlorvos at 10 µM initial concentration can be completely degraded 

within 30 min, with 100 µM KMnO4 initial concentrations at pH 6-8 and temperature 25 
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oC. However, the toxicity was found to increase after permanganate oxidation of 

dichlorvos solution.    

Some common oxidants along with their standard reduction potential are mentioned 

in Table 1.2.  

Although the above mentioned conventional methods are capable of efficiently 

removing toxic pollutants from aquatic environments but they are also associated with 

some drawbacks. For example, physical methods can only transfer pollutants from one 

phase to another rather than to degrade them and, therefore, solve the problem partially 

(Alfano et al., 2001). Similarly, due to the non‐biodegradable nature of majority of 

synthetically prepared organic compounds, biological treatments are considered to be 

inadequate for complete removal of such pollutants (Basfar et al., 2009). As far as 

chemical oxidation methods are considered, the chlorination of organic pollutants usually 

leads to the formation of certain carcinogenic compounds, such as haloacetic acids and 

trihalomethanes (Acero et al., 2008; Ormad et al., 2008). Occasionally the oxidation of 

organic pollutants with these oxidants may lead to the generation of more toxic 

substances that exacerbate the environmental pollution (Song et al., 2009). Therefore, 

advanced oxidation technologies (AOTs) are the good alternative to conventionally 

applied water remediation processes and thus applications of AOTs are gaining interest in 

the last few years. 
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      Table 1.2. Standard oxidation potential of some common oxidants. 

Oxidizing species Standard oxidation potential (V) Reference 

Hydroxyl Radical 1.9 to 2.7 Antoniou et al., 2010a 

Sulfate Radical 2.5 to 3.1 Antoniou et al., 2010a 

Sulfite Radical 0.63 Anipsitakis et al., 2005 

Atomic Oxygen 2.42 Legrini et al., 1993 

Hydrogen 

Peroxide 

1.76 Zhiyong et al., 2006 

Peroxymonosulfate 1.82 Zhiyong et al., 2006 

Persulfate 2.01 Liu et al., 2012 

Ozone 2.07 Legrini et al., 1993 

Fluorine 3.03 Legrini et al., 1993 

Chlorine 1.36 Legrini et al., 1993 

Bromine 1.09 Legrini et al., 1993 

Iodine 0.54 Legrini et al., 1993 

Chlorine Dioxide 1.57 Legrini et al., 1993 

Hypochlorous 

Acid 

1.49 Legrini et al., 1993 

Hypoiodous Acid 1.45 Legrini et al., 1993 

Hypobromous 

Acid 

1.59 Legrini et al., 1993 

Permanganate 1.68 Legrini et al., 1993 

Perhydroxyl 

Radical 

1.70 Legrini et al., 1993 
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1.4.3 Advanced oxidation technologies (AOTs) 

 The so-called advanced oxidation processes (AOPs), also known as advanced 

oxidation technologies (AOTs) are more attractive and promising processes because of 

their ability for complete mineralization of almost all environmental pollutants. AOTs are 

the chemical oxidation processes that mainly rely on the in situ formation of highly 

reactive species, such as •OH, SO4
•− and hydrated electrons (eaq

−). These species have 

high potential to degrade the toxic pollutants.  Most commonly an oxidant is used in 

AOPs as a source of reactive radicals. Below is a brief summary of currently available 

different AOTs which are used for drinking and waste water treatment purposes all over 

the world.    

1.4.3.1 Commonly used oxidants as sources of reactive radicals 

The oxidants which are commonly used as sources of reactive radicals include 

hydrogen peroxide (H2O2), persulfate (PS, S2O8
2‒), also known as peroxydisulfate or 

peroxodisulfate, and peroxymonosulfate (PMS, HSO5
‒). Hydrogen peroxide is considered 

to be the simplest and most versatile of peroxide and has been widely used in various 

chemical oxidation technologies, such as Fenton, photo-Fenton and UV-assisted chemical 

oxidation (UV/H2O2). Since it is composed only of hydrogen and oxygen atoms and can 

yield water as its final products under appropriate reaction conditions, therefore, H2O2 is 

considered as an environmentally friendly oxidizing agent. Because of its 

environmentally friendly nature, hydrogen peroxide has received great interest in green 

chemistry and green engineering applications recently (Dionysiou et al., 2004). PS is one 

of the newest and least studied oxidizing agents, and has received significant interest 

recently. It has some advantages over other oxidizing agents, such as high redox potential 

(E0 = 2.01 V), ease in storage and transport due to its solid nature at ambient temperature, 

moderate stability in the subsurface environments, high water solubility and relatively 

low cost (Liu et al., 2012; Xu and Li, 2012). Another merit of using PS as an oxidizing 

agent is that it reacts less with natural organic matters (NOMs), therefore, PS seems to be 

more appropriate for decontamination of aqueous solutions containing high NOMs (Tsai 
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et al., 2009). These distinguishing features, allow PS to be a promising choice as an 

oxidant for drinking and waste waters treatment applications. PMS is the active 

ingredient of Oxone® in aqueous solution, which is the trade name of a triple salt of 

potassium, 2KHSO5•KHSO4•K2SO4. PMS has been widely launched as an 

environmentally friendly and most adaptable oxidant additive in water treatment process 

in recent years (Huang et al., 2009). 

1.4.3.2 UV and UV/oxidant processes  

Direct photolysis with vacuum ultraviolet (VUV) radiation as well as UV radiation at 

253.7 nm has been largely applied for water treatment processes (Dantas et al., 2010; 

Imoberdorf and Mohseni, 2012). However, the degradation of target pollutants with VUV 

radiation has been observed to occur more effectively than direct UV photolysis. This is 

because VUV light is capable of producing reactive species (hydrated electrons, hydroxyl 

and hydrogen radicals (reactions (1.1) and (1.2)) from water which then accelerate the 

pollutants degradation (reaction (1.3)) (Imoberdorf and Mohseni, 2012). In addition, 

photolysis of the pollutants can also take place by direct absorption of VUV light. On the 

other hand, in case of direct photolysis with 253.7 nm UV radiation, degradation takes 

place only from the absorption of UV light by the organic molecule to produce an 

electronically excited state molecule, which then undergoes decomposition (reaction 

(1.4)) (Parsons, 2004).  

H2O 
hv   •OH + H+ + eaq

‒       (1.1) 

H2O 
hv   •OH + H•        (1.2) 

Organic pollutant + •OH/eaq
‒    Intermediates CO2 + H2O  (1.3) 

Organic pollutant 
hv   (Organic pollutant)*  Intermediates CO2 + H2O 

           (1.4) 

where (Organic pollutant)* is the excited state of the pollutant. 
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 Shawaqfeh and Momani (2010) studied the Vydine pesticide degradation by UV 

light and solar energy. Vydine was found to be more sensitive to UV-254 than UV-350 

and solar energy. The illumination with UV-254, 50% of Vydine degradation was 

achieved as compared to 20% with UV-350 illumination. The high degradation of Vydine 

with UV-254 was attributed to its aromatic structure. The authors suggested that Vydine 

undergoes maximum excitation at UV-254 as compared to UV-350. The excited aromatic 

ring is highly destabilized and, therefore, led to the destruction of the original compound.   

 In order to boost the degradation efficiency of organic pollutants, various oxidants 

are used in combination with UV radiation. The most widely used oxidants are hydrogen 

peroxide, persulfate and peroxymonosulfate. Upon UV activation, these oxidants 

generate •OH, sulfate radical (SO4
•−) or both depending upon the structure of the oxidant.  

Due to the high redox potential of •OH and SO4
•−, i.e., 1.9 to 2.7 V and 2.5 to 3.1 V, 

respectively, they have potential to oxidize water pollutants efficiently (Antoniou et al., 

2010a). It has been observed that UV/oxidant processes are much more effective than 

direct photolysis in terms of pollutant degradation. The effectiveness of UV/oxidant 

processes has been observed to increase with increasing oxidant concentration initially. 

However, this increase occurs up to a certain limit of oxidant concentration, beyond 

which the efficiency of the process gradually decreases that could be attributed to the 

scavenging properties of oxidants at higher concentrations. 

Shemer and Linden (2006) studied the degradation of diazinon in water with UV and 

UV/H2O2 processes using both low pressure (LP) UV lamps emitting light at 254 nm 

(UV-254) and medium pressure (MP) UV lamps emitting light at 200-300 nm. The 

results revealed that UV assisted H2O2 process was much more effective than direct 

photolysis and efficiency of the UV/H2O2 process was found to increase with increase in 

initial H2O2 concentration from 25 mg L−1 to 50 mg L−1. The photodegradation rate 

constants at pH 7 was calculated as 4.61 × 10−4, 9.19 × 10−3 and 1.30 × 10−2 cm2 mJ−1 in 

UV-254, UV-254/H2O2 (25 mg L−1) and UV-254/H2O2 (50 mg L−1), respectively. The 

degradations obtained with MP UV lamps were comparatively less than those obtained 

with LP UV lamps. Wu and Linden (2008) investigated the degradation of parathion in 
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water by UV and UV/H2O2 treatments. The results showed that higher degradation was 

obtained in UV/H2O2 than UV photolysis only.  

The UV/PMS and UV/PS processes are studied for removal of certain toxic pollutants 

from water (He et al., 2013), but for the removal of pesticides they are not studied yet to 

the best of our knowledge. 

1.4.3.3 Fenton, photo-Fenton and photo-Fenton-like technologies  

As previously stated that H2O2, PS and PMS are the most widely used oxidants in 

waste water treatment processes, however, they cannot efficiently oxidize organic 

contaminants alone due to their relatively low redox potential. These oxidants can be 

activated by a transition metal ion through electron transfer mechanism to generate 

reactive radicals which have sufficient ability to oxidize the organic pollutants efficiently. 

The oxidation system based on the activation of H2O2 by ferrous ions (Fe2+) is known as 

Fenton’s reagent. The Fenton’s reagent is one of the conventional oxidizing systems 

applied for the degradation of refractory organic pollutants during waste water 

treatments. The Fenton’s reagent is based on the production of reactive hydroxyl radicals 

which attack the organic pollutants and degrade them to relatively harmless compounds, 

such as CO2, H2O and inorganic salts. Although Fenton’s technology is simple, easily 

handled and relatively cheap but the main drawback associated with it is that, it works 

under acidic conditions only, i.e., optimum pH from 3.0 to 4.0 (Gogate and Pandit, 2004). 

When ferrous ions are replaced by ferric ions (Fe3+) or PS and PMS are activated by 

either Fe2+ or Fe3+, the oxidation processes are considered as Fenton’s like technologies 

(Liu et al., 2011; ). Again, the Fenton’s like technologies are based on the generation of 

reactive radicals, i.e., •OH, SO4
•− or both. In addition to Fe2+ and Fe3+, the mentioned 

oxidants can also be activated by other transition metals ions, such as Co2+, Ag+, Ni2+, 

Mn2+, Ru3+, Ce3+ and V3+ (Anipsitakis and Dionysiou, 2004a). Irrespective of the nature 

of the transition metal, the oxidants produce •OH or SO4
•− based on their internal 

structure. However, the efficiency of the oxidation system is directly related with the 

feasibility of the oxidant activation by the given transition metal.  
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Fan and co-workers (2011) studied the removal of parathion by Fenton process. They 

found that Fenton process was more efficient at pH 3. The optimum molar ratio of 

[H2O2]/[Fe2+] for parathion degradation was determined as 4, 3 and 2 at 0.5, 1.0 and 1.5 

mM initial Fe2+ concentration with degradation constants of 0.0165, 0.0541 and 0.0402 

min‒1, respectively. Tamimi and co-workers (2008) explored in detail the degradation of 

pesticide methomyl in aqueous solution by different processes including degradation by 

H2O2 alone, UV alone, UV/ H2O2, UV/ Fe2+, H2O2/Fe2+ and UV/H2O2/Fe2+ using a high 

pressure Hg lamps emitting light at 365 nm. The degradation efficiency followed the 

order: UV/H2O2/Fe2+ > H2O2/Fe2+ > UV/H2O2 > UV/ Fe2+ > UV > H2O2 with 100, 86, 60, 

48, 4 and 0% degradation after 60 min treatment, respectively, at pH 3 using initial 

concentration of 0.123 mM methomyl, 1.000 mM H2O2 and 0.500 mM Fe2+. For photo-

Fenton system 100% degradation was achieved at 30 min of reaction time. The 

experimental results on the degradation of diuron by persulfate/Fe2+ process conducted 

by Tan and co-workers (2012) showed that persulfate/Fe2+ can efficiently remove diuron 

from aqueous solution. At initial diuron, persulfate and Fe2+ concentrations of 0.05, 1.00 

and 1.00 mM, respectively, about 80% of diuron was oxidized after 240 min when the 

solution pH was 7. 

Liu and co-workers (2012) investigated the degradation of propachlor by 

persulfate/Fe2+ and persulfate/Cu2+ systems. The results showed that persulfate can be 

activated by both ferrous and copper ions to produce sulfate radicals which are then 

responsible for pollutant degradation.   

The pollutant removal efficiency of Fenton’s and Fenton’s like technologies can be 

enhanced by the combination of UV radiation with these technologies (Tamimi et al., 

2008). The combination of UV light with Fenton’s process is known as photo-Fenton 

reagent whereas the combination of UV light with Fenton’s like technologies are known 

as photo-Fenton like technologies. The UV radiation in these technologies not only 

increases the production rate of reactive radicals from oxidants but also helps in 

regeneration of Fe2+ from its complexes and, therefore, makes the systems cyclic 

(Anipsitakis and Dionysiou, 2004a). Benitez et al. (2002) carried out the degradation of 

carbofuran pesticide by UV radiation and other advanced oxidation processes. They 



37 

 

calculated the pseudo-first-order rate constants as 3.3 × 10‒4, 43.5 × 10‒4, 7.1 × 10‒4 and 

> 200 × 10‒4 s‒1 in systems with UV alone, UV/H2O2, H2O2/Fe2+ and UV/H2O2/Fe2+, 

respectively. The initial H2O2 and Fe2+ concentrations were 5 and 0.5 mM, respectively. 

The results showed that UV radiation greatly enhanced the pseudo-first-order rate 

constants of carbofuran.   

1.4.3.4 Ozone based advanced oxidation technologies 

Recently ozone-based AOTs (O3‐ATOs) have been widely employed for odor and 

taste control in drinking water as well as for disinfection and detoxification of organic 

contaminants during wastewater treatment processes (Chelme-Ayala et a., 2011). O3‐

ATOs include O3, O3/H2O2, O3/UV and O3/H2O2/UV systems. Ozone reacts with organic 

compounds through two different pathways: (i) direct ozonation of the target molecules 

through electrophilic mechanism (reaction (1.5)) and (ii) indirect oxidation by highly 

reactive and non-selective hydroxyl radicals (reaction (1.9)). Ozone can produce 

hydroxyl radicals through decomposition in aqueous solution because of its strong 

oxidizing power (2.42 eV) (Matilainen and Sillanpää, 2010), especially at elevated pH 

conditions (reactions (1.6 and 1.7)).  

The degradation capability of O3 can be improved by combining it with UV, H2O2 or 

both. UV and H2O2 can promote the production rate of •OH, which in turn directly 

influence the degradation rate of toxic organic contaminants. The various chemical 

reactions taking place in O3‐ATOs may be summarized as follows (Benitez et al., 2002; 

Munter, 2001; Wu and Chang, 2006): 

Organic pollutant + O3     products      (1.5) 

3O3 + OH– + H+   2•OH + 4O2       (1.6) 

2O3 + H2O2   2•OH + 3O2       (1.7) 

O3 
hvO2 + O(1D)         (1.8) 
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O(1D) + H2O   •OH + •OH       (1.9) 

O(1D) + H2O   H2O2        (1.10) 

The H2O2 formed in reaction (1.10) can undergos reactions (1.7) and (3.48) to produce 

further •OH.  

Benitez and co-workers (2002) investigated the degradation of carbofuran by O3‐

ATOs. They determined that both UV light and temperature positively influence the 

degradation of carbofuran by O3-ATOs, i.e., higher removal rate was observed in UV/O3 

than in O3-alone as well as in O3 at high temperature than at lower temperature. Chelme-

Ayala and co-workers (2011) studied the degradation of bromoxynil and trifluralin 

pesticides by O3 and O3/H2O2 techniques. The results revealed that H2O2 increased the 

degradation of pesticides. The degradation were 94 and 99% for bromoxynil and 88 and 

91% for trifluralin in O3 and O3/H2O2, employing 3.6, 3.0, 20.0 and 10.0 µM initial 

concentrations of bromoxynil, trifluralin, O3 and H2O2, respectively, with reaction time of 

6.0 min. 

1.4.3.5 Heterogeneous photo-catalytic processes 

In heterogeneous photocatalytic processes, different semiconductors, such as TiO2, 

SiO2, ZnO, ZnS, SnO2 and WO3 have been used as photocatalyst (Fenoll et al., 2013; 

Kim et al., 2012; Subash et al., 2013). However, the most widely used of them is TiO2 

because of its inexpensive, non-toxic and photo-chemically stable nature. TiO2 is used in 

combination with UV radiation or oxidants, such as H2O2 and O3 (Munter, 2001). For 

even more effectiveness, both oxidant and UV radiation are employed in combination 

with TiO2. When irradiated by UV light, excitation of electrons from valence band to the 

conduction band of TiO2 takes place. As a result, positive holes are created in the valence 

band. These positive holes lead to the generation of •OH from surface adsorbed water 

molecules. Various chemical reactions that take place in aqueous solution of 

photocatalyst may be summarized as (Xiao et al., 2008; Yao et al., 2010): 

2 cb vbTiO hv e h            (1.11) 
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Where, e‒
cb and h+

vb are the electrons in the conduction band and positive holes in the 

valence band, respectively. 

2 ads vbH O h OH H             (1.12) 

2 2cbO e O            (1.13) 

2 2 22 cbO H e H O             (1.14) 

2 2 2 2H O O OH OH O             (1.15) 

 / /vb cbOrganic pollutant OH h e Intermediates        (1.16) 

2 2/ /vb cbIntermediates OH h e CO H O          (1.17) 

2vb cbh e TiO            (1.18) 

The positive holes may recombine with electrons to form neutral TiO2 (reaction 

(1.18)) that will reduce the degradation efficiency of photocatalytic process. However, 

this recombination capability could be reduced by surface adsorbed water molecules. It 

can be seen from reactions (1.16) and (1.17) that all the three reactive species attack 

organic pollutants and transformed them into relatively environmental friendly by-

products. The oxidation efficiency of heterogeneous photocatalytic process is affected by 

catalyst concentration, wavelength and intensity of radiation as well as solution’s pH. The 

efficiency of the process can be improved by the addition of oxidants, such as H2O2 and 

O3, which could increase the production rate of reactive radicals. 

Saien and Khezrianjoo (2008) studied the removal of the fungicide carbendazim in 

water by photolysis and photo-catalysis, and observed that better results were obtained in 

later process. Starting from 50 µM carbendazim, 63 and 90% degradations were achieved 

after 75 min irradiation of the samples solutions in UV and UV/TiO2 processes, 

respectively. The experiments were performed at pH 6.73 and at 25 oC temperature using 

70 mg L−1 of TiO2 and illuminating the solutions with mercury 250W UV lamps mainly 
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emitting light at 365 nm. Senthilnathan and Philip (2010) performed the degradation of 

lindane in presence of anatase, Degussa P-25 and N-doped TiO2 nanoparticles with UV 

light at 365 nm and visible light at > 400 nm. The N-doped TiO2 nanoparticles were 

found more efficient in degradation using visible light illumination than anatase and 

Degussa P-25. Under UV light illumination, the degradation of lindane was 100, 100 and 

60% with anatase, Degussa P-25 and N-doped TiO2, respectively. While degradation was 

13% for anatase, 21% for Degussa P-25 and 100% for N-doped TiO2 when visible light 

was used for illuminating the solutions, keeping all the remaining experimental 

conditions constant.  Černigoj and co-workers (2007) performed the degradation of two 

neonicotinoid insecticides (imidacloprid and thiacloprid) by various AOTs. They 

observed that under similar experimental conditions; O3/TiO2/UV was the most efficient 

process followed by O3/UV and then TiO2/UV and O3 alone in terms of thiacloprid 

degradation.  

1.4.3.6 Gamma ray, electron beam and ultrasound irradiation  

Gamma ray, electron beam and ultrasound irradiation rely on the irradiation of 

aqueous solution of organic pollutant with energetic radiation (Choi et al., 2010; Sampa 

et al., 1995; Isariebel et al., 2009). Gamma ray irradiation employs gamma rays from 
60Co or from 137Cs radiation source. Gamma ray irradiation is a more powerful, 

environmental friendly, cost effective and a promising process for drinking and waste 

water treatments. When dilute aqueous solution of an organic or inorganic contaminant is 

placed in gamma radiation field, the gamma radiations mainly interact with water 

molecules and produce reactive radicals as shown in equation (1.19) (Spinks and Wood, 

1990):  

H2O ˄˄
rays  •OH (2.8) + eaq

‒ (2.7) + H• (0.6) + H3O+ (2.7) + H2O2 (0.72) + H2 (0.45) 

      (1.19) 

The values in bracket represent the G-values of the corresponding species. Among the 

six species produced from water radiolysis only three, i.e., hydroxyl radicals, hydrated 

electrons and hydrogen radicals play important role in water decontamination (Spinks 
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and Wood, 1990). Therefore, gamma radiations can be used to study the degradation of 

organic contaminants by oxidizing (•OH) and reducing (e–
aq and H•) radicals 

simultaneously. Beside the primary species generated during water radiolysis, the 

reactivity of organic pollutants towards some secondary species, such as O2
•‒ and HO2

• 

(formed as a result of scavenging of e–
aq and H• by O2, respectively) can also be studied. 

Due to the availability of various reactive species in the form of oxidizing and reducing 

radicals, the degradation mechanism of an organic pollutant can easily be suggested by 

using gamma radiations.  

Mohamed and co-workers (2009) investigated the radiolytic degradation of atrazine 

and diazinon pesticides in distilled as well as natural ground waters. The experimental 

results confirmed that gamma ray irradiation can be considered as a powerful tool for 

water treatments containing organic pollutants. It was found out that the amount of 

radiation dose required to degrade 50 and 90% of diazinon in distilled water was 0.5 and 

1.5 kGy for 0.329 µM, 1.5 and 5.0 kGy for 1.643 µM and 1.7 and 5.6 kGy for 3.286 µM 

diazinon concentrations, respectively. In case of atrazine, the dose required for 50 and 

90% degradations were 0.2 and 0.6, 1.0 and 4.0, and 6.0 and 21.0 kGy for initial 

concentrations of 0.646, 2.318, and 4.636 µM, respectively, in presence of humic 

substances (200 mg L−1) and NaHCO3 (1 g L−1). The study further showed that both 

atrazine and diazinon in natural ground waters can be reduced to concentrations below 

the maximum acceptable levels by applying a reasonable radiation dose. The dose rate 

applied in this study was 14.52 kGy h‒1. Choi and co-workers (2010) conducted a study 

on the radiolytic degradation of alachlor in aqueous solutions in presence of H2O2. They 

observed that H2O2 enhanced the radiolysis of alachlor. Degradation of alachlor achieved 

in presence of 0 and 0.1 µM H2O2 initial concentration were 81.7 and 99.2%, 

respectively, at an absorbed dose of 200 Gy. Employing 20 kGy radiation doses, the TOC 

reduction was 59.5, 74.8 and 83.8% using 0, 0.5 and 1.0 µM H2O2 concentrations, 

respectively. 

Electron beam irradiation is based on the irradiation of selected solution with highly 

energetic electron beams originating from cathode of electron beam accelerator. The 

cathode is usually made from tungsten filament. The beam is accelerated within an 
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evacuated acceleration chamber before its interaction with the dilute aqueous solution of 

pollutants. Similar to gamma ray irradiation, electron beam irradiation also degrade the 

target species via indirect pathway, i.e., by producing reactive radicals in the form of 
•OH, e–

aq and H• (Hardison et al., 2002). Abdel Aal and co-workers (2001) studied the 

degradation of two pesticides (Fenvalerate and Lannate) by gamma ray and electron 

beam irradiation. They observed that irradiation with electron beam is more effective in 

respect of pesticides degradation than gamma rays. The degradations achieved for 

Lannate at 8 kGy radiation dose were 86 and about 81% for electron beam and gamma 

ray irradiations, respectively. Whereas for Fenvalerate, 80% degradation was observed 

under electron beam irradiation and 35% degradation was attained under gamma ray 

irradiation at absorbed dose of 8 kGy. The initial concentrations of pesticides were 5 mg 

L−1, gamma ray dose rate was 6.8 Gy s−1, the energy of electron beam accelerator was 1.5 

MeV with a beam current of 25 mA and power of 37.5 kV in this study, while the 

experiments were performed at pH 3. 

Ultrasound irradiation or sonolysis is a relatively new technology applied for water 

treatment purposes. The process is based on the application of high intensity acoustic 

radiations which are capable of producing strong cavitations (usually in the range 20-

1000 kHz) in the irradiated solutions. These cavitations are capable of initiating a series 

of sonochemical reactions that lead to the degradation of organic and inorganic pollutants 

in the irradiated matrices (Klavarioti et al., 2009). Zhang and co-workers (2011) 

investigated the degradation of chlorpyrifos and diazinon in water by ultrasonic 

irradiation. The study proposed that ultrasonic radiation can rapidly and efficiently 

degrade the mentioned pesticides and can be considered as effective technique for 

treatment of polluted waters. However, the efficiency of the process was influenced by 

ultrasonic power, pH and temperature of solution. The highest degradations for both 

pesticides were observed at 600 W power, 25 oC and at pH 7. Starting with initial 

concentrations of 2.5 mg L−1 chlorpyrifos and 2.0 mg L−1 diazinon, 55 and 38% 

degradations were observed under the above mentioned optimum conditions after 

treatment for 40 min, respectively. Ma and co-workers (2010) studied the carbofuran 

degradation in water by ultrasound as well as Fenton process. The study revealed that 
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both H2O2 and Fe2+ up to certain concentrations strongly enhanced the degradation of 

carbofuran by ultrasonic radiation. They determined that starting with initial carbofuran 

concentration of 20 mg L−1, degradation increased from 22 to 44%, while TOC reduction 

increased from 3 to 20%, with increasing H2O2 dosages from 0 to 200 mg L−1 in reaction 

time of 120 min. In the same study, Ultrasound/Fenton process was found out to be more 

effective than Fenton reagent in terms of carbofuran degradation and TOC removal as 

well.  

The irradiation sources are not only employed for the degradation of water 

contaminants but they are also used for the control of microorganisms as well as for 

preservation of food and vegetables (Kooij, 1981).    

1.4.3.7 Electrochemical oxidation  

The electrochemical oxidation is also considered as a new process for drinking and 

waste water treatment purposes. The process involves the production of •OH at the 

surface of anode made up of different materials, such as graphite, Pt, TiO2, PbO2, IrO2, 

Ti-based alloys and boron-doped diamond electrodes (Matilainen and Sillanpää, 2010). 

An appropriate electrolyte, such as NaCl, is commonly used in the electrochemical cell. 

The electrochemically generated •OH are responsible for the removal of various organic 

and inorganic contaminants in treated waters. Samet and co-workers (2010) studied the 

degradation of chlorpyrifos in aqueous solution by electrochemical oxidation using 

boron-doped diamond (BDD) as anode and graphite carbon as cathode. The results were 

compared with PbO2 as cathode and it was found out that BDD was more efficient in 

COD removal than PbO2. Under acidic conditions (pH = 2), a complete removal of 

chlorpyrifos (COD0 = 450 mg L−1) was observed in 6 h by applying 20 mA cm−2 current 

density, BDD anode and 70 oC temperature. Miwa and co-workers (2006) investigated 

the electrochemical degradation of carbaryl pesticide using three different anodes. The 

effects of current density as well as supporting electrolyte (0.033 mol L−1 H2SO4 or 0.1 

mol L−1 NaCl) were also studied. The results revealed that using NaCl as electrolyte 

strongly promoted the pesticide degradation as compared to H2SO4.  
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1.5 Atrazine and its Toxicity 

The Basel’s Geigy Chemical Company (Switzerland) begun research work on 

triazine’s derivatives in 1952 and one of the important compound developed during this 

research was atrazine. In Switzerland it was registered as a patent in 1958 while in 1959 

it was registered for commercial applications in USA (Solomon et al., 1996). From that 

time commercial use of atrazine started as one of the most effective and widely used 

herbicide throughout the world. 

Atrazine (2‐chloro‐4‐ethylamino‐6‐isopropylamino‐s‐triazine (ATZ)) is one of the 

most widely used s‐triazine herbicide for pre‐ and post‐emergence control of broad leaf 

and grassy weeds, particularly in corn fields, but also used for cotton, sorghum and sugar-

cane crops (Du et al., 2009;  Anderson and Zhu, 2004). In USA, more than 24 million 

kilogram of atrazine was applied annually between 1995 and 1997 for obtaining high 

agricultural yield (Phyu et al., 2005). US Environmental Protection Agency (USEPA) 

estimated that in USA, 71 to 76, 70 to 75 and 68 to 73 million pounds of atrazine has 

been applied in 1987, 1993 and 1995, respectively (U.S. EPA, 1997). Atrazine is still in 

uses in some countries, such as China and USA, even after the ban on the compound by 

various countries (Basfar et al., 2009; Chen et al., 2011), and in Pakistan as well 

(personal observation in Khyber Pakhtoonkhwa province in 2008).  Due to its relatively 

high aqueous solubility (33 mg L‒1), widespread use in huge quantity, low ability to 

adsorb onto soil particles, high water mobility, relatively long half-life and non-

biodegradable nature, atrazine has been frequently detected in surface and ground waters 

above its European Union recommended level (0.1 µgL‒1) in European countries and in 

United States (Chen et al., 2011; Phyu et al., 2005; Tyler Mehler et al., 2008).  

Atrazine has been classified as a possible human carcinogen, priority hazardous 

substance and endocrine disrupting compound. It also causes human birth defects, such as 

low birth weights and menstrual problems (Nelkenbaum et al., 2009). The high 

concentration of atrazine in drinking water may lead to shortening of estrous cycle length, 

decline in pituitary hormone levels, reduction in leutenizing hormone surge, ovarian 

histopathology (ovarian tissue’s changes) and effects on central nervous, reproductive, 
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immune and circulatory systems in animals and human beings as well. Atrazine may also 

result in liver side effects, such as increased in liver enzymes and serum lipids, and liver 

histopathology. In adults, non-Hodgkin’s lymphoma may result from exposure to atrazine 

(U.S. EPA, 2007). The preterm delivery and intrauterine growth obstruction have also 

been reported in literature as atrazine’s toxic effects (U.S. EPA, 2007). Atrazine also 

causes some sexual problems in frogs (U.S. EPA, 2007). It has been reported that atrazine 

inhibited the carbon uptake of cyanobacteria, algae and diatoms (aquatic plants) by more 

than 50% and therefore, considered to be highly phytotoxic (Peterson et al., 1994).  

Due to its toxic nature, the investigation of efficient atrazine remediation methods 

from aquatic environments is highly important.   

Some of the common characteristics of atrazine are shown in Table 1.3.  
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Table 1.3. Common characteristics of atrazine. 

IUPAC name CAS 

number 

Molecular 

formula  

Molar mass 

(g mol‒1) 

Melting 

point 

(oC) 

Boiling 

point 

(oC) 

Density 

(g cm‒3) 

Solubility 

in water* 

(mg L‒1) 

Appearance Log 

Kw 

MAC 

(µg L‒1) 

2-chloro-4-

ethylamine-6-

isopropylamino

-s-triazine 

1912-24-9 C8H14ClN5 215.68 175 200 1.187 33 white, 

crystalline 

solid 

2.61 0.1 

    

Data is refered to the standard state of atrazine, i.e.,  1 atm pressure and 25 oC 

temperature.  

*22 oC 
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1.6 Applied Water Remediation Methods Concerning Atrazine as a Model Pollutant 

As mentioned above, atrazine has been used in huge quantity as an effective herbicide 

throughout the world. It poses extreme threats to humans, other living organisms as well 

as to plants when exposed to high quantities. The researchers have, therefore, tried to 

remove atrazine from various environments especially from aquatic environment by 

different methods. Jones and co-workers (1998) investigated the removal of atrazine from 

surface waters by filtration using granular activated carbon and inoculant bacterial 

species, Rhodococcus rhodochrous. Agbekodo and co-workers (1996) studied the 

removal of atrazine by nanofiltration. The other conventional methods used for removal 

of atrazine include adsorption (Chen et al., 2011; Campos et al., 2000), reverse osmosis 

(Tepuš et al., 2009), flocculation/coagulation, chlorination and ozonation (Jiang and 

Adams, 2006). Jiang and Adams found that coagulation and chlorination cannot 

significantly removed atrazine while relatively high doses of ozone are partially effective 

in removal of atrazine. They also found that as compared to coagulation, chlorination and 

ozonation, adsorption on powder activated carbons was relatively more effective in 

removing atrazine from water.  

The biological methods were also applied on a wide scale for atrazine degradation 

(Behki and Khan, 1994; Changey et al., 2011; Ghosh and Philip, 2004; Katz et al., 2000; 

Li et al., 2008; Ros et al., 2006; El Sebaï et al., 2011).  

The AOTs applied for decontamination of waters polluted with atrazine include UV-

visible irradiation (Héquet et al., 2001), UV irradiation (Chen et al., 2009a), UV/H2O2 

(Sanches et al., 2010), O3/H2O2 (Acero et al., 2000), wet peroxidation (Rodrı́guez et al., 

2004), Fenton and photo-Fenton processes (Kassinos et al., 2009). In addition, the photo-

catalytic processes such as UV/TiO2 (Parra et al. 2004) and electrochemical oxidation 

(Balci et al., 2009; Zaviska et al., 2011) as well as radiolysis (Basfar et al., 2009; 

Mohamed et al., 2009) for degradation of atrazine have also been studied.  

However, the effects of various radical scavengers on radiolytic degradation of 

atrazine have not been investigated in detail. Additionally, the recently developed sulfate 

radicals based AOTs (SR-AOTs), such as UV/PMS, UV/PS, UV/PMS/Fe2+ and 
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UV/PS/Fe2+ have not been applied for atrazine degradation. As far as photo-catalytic 

systems are concerned, preparation of phosphorous and fluorine co-doped TiO2 

nanoparticles have not been reported.  

1.7 Scope, Aims and Objective of the Present Work 

The main aims and objective of this work is to evaluate the efficiency of various 

AOTs in respect of degradation of model water pollutant, i.e., atrazine. The AOTs 

investigated in the present study can be classified into three different categories.    

The first part of the work describes the degradation of atrazine by gamma ray 

irradiation. The efficiency of the gamma ray technology is investigated by means of 

removal efficiency (G-value and % degradation), observed dose constant (k) and amount 

of dose required to degrade 50 and 90% of atrazine (D0.5 and D0.9) in aqueous solution. 

The effects of various radical scavengers, such as natural organic matter, nitrate, nitrite, 

carbonate, bicarbonate, sulfate and chloride ions etc. on the remediation efficiency of the 

process were also examined. The effects of initial concentration of atrazine as well as the 

radiation dose rate were also studied.  

The second part of the thesis describes the degradation of atrazine in aqueous solution 

by means of AOTs with or without a homogenous catalyst. These AOTs include UV, 

UV/oxidant, UV/oxidant/Fe2+, UV/oxidant/Cu2+, UV/oxidant/Ag+, and oxidant/Fe2+. The 

oxidants used were hydrogen peroxide, peroxymonosulfate and persulfate. The 

UV/oxidant processes were also applied for the removal of atrazine in natural waters 

collected from three different places in USA. Due to the more environmentally friendly 

nature, UV/oxidant/Fe2+ was applied for mineralization study of atrazine.  

The last part of the research work illustrates the degradation of atrazine by 

heterogeneous AOTs. UV-visible light (λ = 315–700 nm) was used for illumination of 

atrazine solutions containing reference or modified TiO2 nanoparticles. Mechanisms of 

removal of atrazine by these processes and identification of possible intermediates and 

final products have been discussed.  
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2. MATERIALS AND METHODS 

2.1 Chemicals and Reagents 

The following chemicals and reagents were used in this research work without any 

further purification.  

Atrazine (2-chloro-4-ethylamino-6-isopropylamino-s-triazine) (99.9%, Sigma-

Aldrich), potassium peroxymonosulfate (the active component of a commercially 

available triple-salt Oxone®) (Sigma-Aldrich), sodium persulfate (Sigma-Aldrich), 

hydrogen peroxide (50%, v/v, Fisher Scientific and (30%, w/v) Scharlau Chemie S.A, 

Spain), ferrous sulfate heptahydrate (Fisher Scientific), ferric chloride hexahydrate 

(Fisher Scientific), cobalt chloride hexahydrate (Sigma Aldrich), silver sulfate (Fisher 

Scientific), sodium nitrate (Fisher Scientific), sodium nitrite (Fisher Scientific), sodium 

sulfate (Fisher Scientific), sodium hydrogen carbonate (Scharlau), sodium carbonate 

(Scharlau), sodium tetraborate decahydrate (Fisher Scientific), potassium chloride (Fisher 

Scientific), potassium iodide (Fisher Scientific), potassium iodate (Fisher Scientific), 

potassium bromide (Fluka), tert-butanol (t-BuOH) (Sigma-Aldrich), potassium acid 

phthalate (Fisher Scientific), ammonium molybdate tetrahydrate ((NH4)6 Mo7O24.4H2O) 

(Sigma-Aldrich), iso-propanol (i-PrOH) (99.8%, Pharmco and BDH, limited poole 

England, UK), monosodium hydrogen phosphate (Fisher Scientific), disodium hydrogen 

phosphate (Fisher Scientific), perchloric acid (60%, Merck, Germany), hydrochloric acid 

(Fisher Scientific), sodium hydroxide (Fisher Scientific), acetonitrile (Fisher Scientific), 

methanol (Fisher Scientific), Standard Suwannee River humic acid and fulvic acid 

(International Humic Substances Society (IHSS, University of Minnesota, St. Paul, 

Minnesota, USA), Titanium (IV) isopropoxide (TTIP, 97%, Sigma-Aldrich), Phosphoric 

acid (Sigma-Aldrich), ammonium fluoride (Fisher Scientific), polyoxyethylene sorbitan 

monooleate (Tween 80, Sigma-Aldrich) and buffer solutions 4.0 and 7.0 (Scharlau).  

Ultra pure water (resistivity 18.2 MΩ•cm) from Milli-Q system (Millipore Inc., USA) 

was used for the preparation of solutions. 
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2.2 Irradiation Sources 

2.2.1 Gamma ray irradiation source  

The radiation source used for irradiation of atrazine solutions was Co-60 γ-ray source 

(Issledvotal, Former USSR) installed at the Nuclear Institute for Food and Agriculture 

(NIFA), Tarnab, Peshawar, Khyber Pakhtoonkhwa, Pakistan. The source consists of 12 

pencils of Co-60 isotope with dimensions of 2.1 cm (height) and 1.1 cm (diameter). The 

source is protected in thick lead shield. The Pyrex glass vials containing samples are 

placed in a radiation chamber which can move into the radiation zone with the help of 

polystyrene support. The source is operated by using certain pushing buttons in front of 

the assembly. More information about the radiation source can be found elsewhere 

(Waseem, 2010). 

2.2.2 Calibration of gamma ray irradiation source  

The source was calibrated with Fricke dosimetric solution (Sehested, 1970). The 

Fricke dosimeter solution contained 1 × 10−3 M ferrous ammonium sulfate (or ferrous 

sulfate), 1 × 10−3 M sodium chloride and 0.4 M sulphuric acid in Milli-Q water. The final 

pH of the solution was about 0.46. Sodium chloride is added to reduce the impact of 

organic compounds (Spinks and Wood, 1990). The solution was saturated with oxygen 

gas; however, due to the oxidation of ferrous ions in solution, fresh prepared solutions 

were used for calibration.   

Fricke dosimetry is based on the oxidation of ferrous ions (Fe2+) to ferric ions (Fe3+) 

when the solution is irradiated with gamma rays (Spinks and Wood, 1990). The Fricke 

solution was irradiated in 16 mL air tight Pyrex glass vials for 3, 6, 9, 12 and 15 min in 

triplicate. Immediately after irradiation, spectrophotometer was used for measurement of 

absorbance of Fe3+ in the irradiated solutions at 304 nm, which is wavelength of 

maximum absorbance (λmax) of Fe3+. Un-irradiated Fricke solution was used as blank 

reference solution.   
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The averaged absorbance of irradiated solutions was plotted versus irradiation time as 

shown in Figure 2.1. A straight line was obtained with slope 0.018 min−1, which was used 

as a difference in absorbance of un-irradiated and irradiated solutions per unit time (∆OD 

in min−1). Equation (2.1) was used for dose rate determination (Sehested, 1970).     

3
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D eV g
G Fe  

 


  
       (2.1)  

where,  

D = Dose rate 

NA = Avogadro’s number (6.022 × 1023) 

∆OD = Difference in absorbance value between un-irradiated and irradiated solutions per 

unit time 

x  = Molar extinction co-efficient of ferric ion at 304 nm (2205 M−1 cm−1) (Spinks and 

Woods, 1990). 

 = Density of Fricke solution (1.024 g cm−3)  

G(Fe3+) = Radiation yield (G-value) of Fe3+, i.e., the number of Fe3+ ions formed by the 

absorption of 100 eV of radiation energy = 15.6 ions (100 eV)−1 (Hochanadel and 

Ghormley, 1953). 

Putting the above values in equation (2.2), we can get: 
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       (2.2) 

D = 1.710 × 1018 × ∆OD eV g−1       (2.3) 

But 1 eV g−1 = 1.602 × 10−14 rads 

Therefore; 

D = 1.710 x 1018 × 1.602 x 10−14 × ∆OD rads     (2.4) 
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D = 2.740 × 104 × ∆OD rads 

∆OD = slope = 0.018 min−1  

D = 2.740 × 104 × 0.018 rad min−1       (2.5)  

D = 4.931 × 102 rad min−1  

Since, 1 rad = 10−2 Gy 

Therefore;   

D = 4.931 Gy min−1 = 296 Gy h−1 

In the radiation chamber, cylindrical lead shields were used to change the absorbed 

dose rates. One cylindrical shield can fit inside the other shield, therefore providing 

different dose rates. Calibrations of radiation source with shields were also carried out 

using Fricke dosimetric solution and the results are shown in Figure 2.2.  

The second, third and fourth dose rates (applying cylindrical shields) were determined 

by the above procedure and were found to be 212, 97 and 59 Gy h−1, respectively. 
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Figure 2.1. Calibration plot of gamma radiation source using Fricke solution. 
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Figure 2.2. Calibration plot of gamma radiation source for 2nd, 3rd and 4th dose 

rates using Fricke solution. 
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2.2.3 UV irradiation source 

The UV irradiation source, used for illumination of atrazine solutions, consisted of 15 

W low-pressure Hg UV lamps (Cole-Parmer, USA) which emitted light primarily at λ = 

253.7 nm. The dimensions of the lamps were 65.72 cm (length), 13.97 cm (width) and 

10.80 cm (height). The lamps were enclosed in a wooden box, in order to avoid human 

exposure. The box was partitioned into two compartments with a movable cutter in the 

middle. The lamps were located in the upper compartment while the lower compartment 

was used for illumination of sample solution that was placed in a Pyrex Petri dish with a 

magnetic stirrer. The cutter was moved in to stop lightening of the lower compartment 

while taking out samples at fixed UV fluence intervals.  

2.2.4 Calibration of UV irradiation source 

The UV source was calibrated with three different methods: iodide/iodate actinometry 

(Rahn, 1997), ferrioxalate actinometry (Murov et al., 1993; Goldsten and Rabani, 2008) 

and a calibrated radiometer (Model IL 1700, XRD (XRL) 140T254 low profile 

germicidal probe, International Light, Co., Newburyport, MA). 

The iodide/iodate actinometeric solution consists of 0.6 M KI and 0.1 M KIO3 in a 

0.01 M sodium tetraborate decahydrate (Na2B4O710H2O) buffer solution. The solution 

cannot be stored more than 4 h. The photoproduct is triiodide ion (I3
) which exhibits a 

strong absorption at  = 352 nm, with a molar absorption coefficient  = 27,600 M-1 cm-1 

in a 0.6 M KI/0.1 M KIO3 solution. The quantum yield of this actinometer is  = 0.73 at 

254 nm (Rahn et al., 2003). 

The overall photochemical reaction is: 

8 I + IO3
 + 3 H2O + h  3 I3

 + 6 OH      (2.6) 

Soon after the preparation of solution, its absorbance was measured with 

spectrophotometer at several wavelengths, such as 400 nm and 352 nm. The absorbance 

measured at 352 nm was used as a blank (A352(blank)). The solution was then irradiated 

in a 10 mL Petri dish with UV light for 5, 10, 15, 20 and 25 min in triplicate. The 
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averaged readings at 352 nm at different times intervals were used as sample readings 

(A352(sample)).   

The following formula was used for calculation of UV fluence rate. 

   (mW cm2) (2.7) 

where E: irradiance, Area: area of the Petri dish, Exposure time: the time of sample 

illumination, and V: the volume of sample solution. 

The above equation can be transformed to the following form: 

A352(sample)-A352(blank) = [(Area(cm2)/(23.969  V (mL)) ) E] Exposure time(s)  (2.8) 

In the present study the volume was 10 mL and area of the Petri dish was 19.635 cm2, 

thus:  

A352(sample)-A352(blank) = (0.081918  E)  Exposure time(s)   (2.9) 

By plotting A352(sample)-A352(blank) versus Exposure time(s) gave a straight line 

with slope equal to 0.081918 E. Dividing the slope by 0.081918, we can get the light 

intensity in mW cm–2, which was 0.10 mW cm–2 in this case as shown in Figure 2.3.  

E = 0.0083315/0.081918 = 0.10 mW cm–2. 

The source was also calibrated with ferrioxalate actinometry and calibrated 

radiometer, the details can be found somewhere else (Murov et al., 1993; Goldsten and 

Rabani, 2008). The results of the three measurements were consistent.  
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Figure 2.3. Calibration plot of UV source using iodide/iodate actinometeric solution. 
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2.3 Analytical Methods 

Different analytical methods used during the present study are summarized in the 

following sections. 

2.3.1 Analysis by gas chromatography-electron capture detector (GC‒µECD) 

The quantification of atrazine in water was performed by gas chromatography 

coupled with an electron capture detector (GC-µECD) when gamma ray irradiation was 

used for degradation of atrazine.  

The un-irradiated and gamma ray irradiated atrazine solutions were analyzed by GC-

µECD (Agilent 1200 N series, USA) equipped with HP-5 capillary column (30 m long × 

0.25 mm I.D. and 0.25 μm film thickness). The oven temperature was programming as: 

70 oC (2 min) to 160 oC at 10 oC min‒1 (3 min) and then to 260 oC at 20 oC min‒1 (2 min). 

The injector and detector temperatures were 250 oC and 350 oC, respectively. Nitrogen 

gas was used as a carrier gas at a flow rate of 1 mL min‒1. The extraction of atrazine from 

water was performed by using a characteristic solid phase micro-extraction (SMPE) 

Polydimethylsiloxane/Divinylbenzene fiber (PDMS/DVB, Supelco, USA) syringe fitted 

into an auto-sampler/auto-injector (CTC Analytics, Combi PAL, Switzerland, suitable for 

SPME extraction). The total run time was 21 min. 

Under the above mentioned conditions, a typical GC chromatogram is shown in 

Figure 2.4 showing peak of atrazine at 17.460 min. 

2.3.2 Analysis by high performance liquid chromatography (HPLC) 

High performance liquid chromatography (HPLC, Agilent Series 1100) was used for 

quantification of atrazine when its degradation was performed by photolysis, Fenton, 

Fenton like, photo-Fenton, photo-Fenton like and heterogeneous photocatalytic processes 

(at University of Cincinnati, Cnincinnati, Ohio, USA). The instrument was equipped with 

UV diode array detector (DAD). Eclipse XDB-C8 column (150 mm × 4.6 mm, 5 μm 

particle size) was used as a stationary phase. The mobile phase was pure acetonitrile and 

Milli-Q water (resistivity of 18.2 MΩ•cm) at a ratio of 60:40 (v/v), with a flow rate of 0.4 
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mL min‒1. The analysis was performed under isocratic conditions with an injection 

volume of 20 μL and a column temperature of 25 °C at the wavelength of 222 nm.  

Under these conditions, a typical HPLC chromatogram is shown in Figure 2.5 

showing peak of atrazine at 6.710 min. 

2.3.3 Identification of degradation by-products 

The degradation by-products were monitored by high performance liquid 

chromatography-mass spectrometry (HPLC-MS) and Gas chromatography-mass 

spectrometry (GC-MS).  

The HPLC-MS used for by-products identification was 1200 series coupled with 

6410 Triple Quad Mass Spectrometer (MS) (Agilent Technologies, USA) using a 

modified USEPA method for triazine analysis (U.S. EPA, 2007). A Zorbax Eclipse 

XDB‒C18 (50 mm × 2.1 mm, 3.5 µm particle size) analytical column was used as 

stationary phase. The analysis was carried out under gradient eluent flow conditions with 

a mixture of 5 mM ammonium acetate solution and HPLC grade pure methanol, from 

90% of ammonium acetate in first 3.0 min, 10% of ammonium acetate from 3.1 to 8.0 

min and then again 90% of ammonium acetate from 8.1 to 15.0 min with corresponding 

adjustment by pure methanol to 100%. The total run time was 15.0 min with the flow rate 

of 0.5 mL min−1 and injection volume of 20 µL. Samples were analyzed by positive ion 

mode of electro-spray-ionization (ESI), MS scan from 50 to 250 m/z, detector 

temperature of 300 oC and capillary voltage of 0.5 kV. 

     The GC-MS (Agilent 7890 Series) used for by-product analysis was equipped with 

HP-5 capillary column (30 m × 0.25 mm, 0.25 μm film thickness). The extraction was 

performed by solid phase micro-extraction (SPME) fiber. The oven temperature was 

programming as: 80 oC (2 min) to 160 oC at 10 oC min‒1 (2 min) and then to 260 oC at 20 
oC min‒1 (2 min) with total run time of 19 min. The injector and MS detector 

temperatures were 250 oC and 300 oC, respectively. The analysis was performed under 

electron impact ionization mode with MS scan from 50 to 250 m/z and carrier gas 

(Helium) flow rate of 1.5 mL min‒1. 
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Figure 2.4. A typical GC-µECD chromatogram of atrazine showing atrazine peak at 

17.460 min.  
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 Figure 2.5. A typical HPLC chromatogram of atrazine showing atrazine peak at 6.710 

min.  
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2.3.4 Total Organic Carbon (TOC) analysis 

In order to evaluate the degree of mineralization of atrazine by hydroxyl and sulfate 

radicals based AOTs, TOC measurements were performed. A Shimadzu VCSH-ASI TOC 

analyzer was used for monitoring of TOC. A calibration plot was obtained by running 

standard atrazine solutions on TOC analyzer as shown in Figure 2.6. 

2.3.5 pH determination 

A BOECO BT-600 (Germany) and HANNA HI 9124 (USA) pH meters were used for 

determination of pH of solutions. The pH meters were regularly calibrated with standard 

buffer 4.0 and 7.0 before measuring the solution’s pH.  
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Figure 2.6. Standard calibration plot of atrazine obtained for TOC analysis using 

TOC analyzer. 
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2.3.6 Oxidant residual determination 

 The PMS and PS concentrations in the irradiated samples solutions were determined 

according to colorimetric method (Liang et al., 2008). The method is based on the 

measurement of absorbance of triiodide ion. Prior to the determination of PMS and PS 

concentrations, a calibration plot was obtained for each oxidant by measuring the 

absorbance of standard solutions with concentration range of 2.5 to 50.0 µM. Each 

standard solution contained desired concentration of either PMS or PS and 1 mL of 

potassium iodide (KI) solution (40 g L−1) and 1 mL of sodium bicarbonate (NaHCO3) 

solution (10 g L−1) in a 10 mL volumetric flask. The prepared solutions were shaken and 

allowed to stand for 15 min to reach equilibrium. The iodide ion in the solution is 

oxidized to triiodide with a yellow color, whose absorbance was determined at 352 and 

400 nm wavelengths. However, the calculation was performed by using the data at 352 

nm due to its stronger absorption intensity. Sodium bicarbonate was added to solutions in 

order to avoid the oxidation of iodide by oxygen. In samples solutions the concentration 

of PMS and PS were determined by the same procedure by taking 8 mL of sample 

solution to which 1 mL of each KI solution (40 g L−1) and NaHCO3 solution (10 g L−1) 

were added.  

The colorimetric determination of H2O2 was performed in accordance to a method 

described by Allen and co-workers (Allen et al., 1952). Two reagent solutions were 

prepared: (i) a solution containing 0.5 g NaOH, 16.5 g KI and 0.05 g 

(NH4)6Mo7O24.4H2O in 250 mL of Milli-Q water; (ii) 5 g potassium acid phthalate in 250 

mL of Milli-Q water. Equal volumes of solutions (i) and (ii) were mixed together and was 

used as final reagent solution. A calibration curve was obtained by taking 5 mL of final 

reagent solution in a 10 mL volumetric flask and then a desired volume from a standard 

H2O2 solution was added to the flask and the flask was filled to the mark with Milli-Q 

water. The calibration concentrations ranged from 5.0 to 60.0 µM. Since this method is 

also based on the measurement of triiodide absorption, therefore, other measurement 

procedures were same as in case of PMS and PS. The amount of H2O2 in irradiated 

samples solutions were determined by mixing 5 mL of final reagent solution and 5 mL of 

sample solution using the mentioned procedure.    
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UV-vis spectrophotometer (Hewlett Packard, 8452A) was used for the measurement 

of UV absorbance of triiodide for determination of oxidants concentration.  

2.3.7 Characterization of P-doped, F-doped and PF-codoped TiO2 nanoparticles 

The crystalline structures of P-doped (P-TiO2), F-doped (F-TiO2) and PF-codoped 

TiO2 (PF-TiO2) nanoparticles were determined using X-ray diffractometer (XRD; X’Pert 

PRO (Philips)) with Cu K (λ = 0.15406 nm) radiation. A Tristar 3000 (Micromeritics) 

porosimeter analyzer at liquid nitrogen temperature was used for the determination of 

Brunauer-Emmett-Teller (BET) surface area, BJH pore size, pore volume, pore size 

distribution and porosity. The nanoparticles powders were purged with nitrogen gas for 

2.0 h at 150 oC using Flow prep 060 (Micromeritics) prior to analysis by Tristar 

porosimeter analyzer in order to remove water of hydration. The absorption spectra were 

obtained with UV-visible spectrophotometer (Shimadzu 2501 PC) equipped with an 

integrated sphere attachment (ISR 1200). The information about crystal size and crystal 

structure was obtained with A JEM-2010F (JEOL) high resolution-transmission electron 

microscope (HR-TEM) with field emission gun at 200 kV. To determine the presence of 

phosphorous and fluorine groups in nanoparticles, Fourier transform infrared (FTIR) 

spectroscopy was performed using Schimadzue, IR Prestige-21, FTIR-8400S 

spectrometer. 

2.4 Preparation of Solutions 

2.4.1 Solutions used in gamma ray irradiation study 

All the solutions were prepared in Milli-Q grade water. The concentrations of 

atrazine solutions were 6.95 µM (1.50 mg L−1), 8.11 µM (1.75 mg L−1), 9.27 µM (2.0 mg 

L−1) and 11.59 µM (2.50 mg L−1). t-BuOH and i-PrOH solutions used were 60 mM each, 

and prepared from stock solutions, i.e., 0.11 M t-BuOH (10 mL L−1) and 0.13 M i-PrOH 

(10 mL L−1) by dilution method. 1 mM of each nitrate, nitrite, carbonate, bicarbonate, 

sulphate and bromide ions solutions were used and were prepared from their 25 mM 

standard solutions, i.e., 2.12 g of NaNO3 L−1, 1.72 g of NaNO2 L−1, 2.65 g of Na2CO3 
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L−1, 2.10 g of NaHCO3 L−1, 3.55 g of Na2SO4 L−1 and 2.18 g of LiBr L−1, respectively. 

Hydrogen peroxide was used in 5.0, 10.0 and 20.0 mM and prepared from 50 mM 

standard solution (5.11 mL H2O2 L−1, by taking purity (30% (w/w)) and density (1.11 g 

mL−1) of H2O2 into consideration). The effect of humic acid was studied at 50 ppm and 

that of chloroform at 60 mM, prepared from 0.124 M (10 mL L−1). 

2.4.2 Solutions used in Fenton, photo-Fenton and photo-Fenton-like studies 

In case of experiments with Fenton, photo-Fenton, photo-Fenton-like and 

heterogeneous photo-catalysis, the following solutions were prepared. 

Different initial concentrations of atrazine were used: 1.16 µM (0.25 mg L−1), 2.32 

µM (0.50 mg L−1), 4.64 µM (1.00 mg L−1), 9.28 µM (2.0 mg L−1) and 18.56 µM (4.0 mg 

L−1). Hydrogen peroxide was used in 4.64, 11.60, 23.20, 46.40, 92.80, 185.60, 1000.00 

and 1856.00 µM as its initial concentrations and prepared from 5 mM stock solution 

(0.30 mL H2O2 L−1, purity (50% (v/v)) and density (1.10 g mL−1)). The initial 

concentrations of PMS were 4.64, 11.60, 23.20, 46.40, 92.80 and 1856.00 µM and were 

prepared from 5 mM standard solution (1.54 g 2KHSO5•KHSO4•K2SO4 L−1, one mole of 

Oxone® produce two moles of PMS). The studied PS initial concentrations were 4.64, 

23.20, 46.40, 92.80 and 1856.00 µM and were prepared from 5 mM standard solution 

(1.19 g Na2S2O8 L−1). 1 mM (0.28 g L−1) ferrous sulphate heptahydrate (FeSO4•7H2O) 

solution was used to prepare 1.79, 8.95, 17.91 and 35.81 µM as initial concentrations of 

ferrous ions. Ferric ions were used at 8.95 µM initial concentrations, prepared from 1 

mM of ferric chloride hexahydrate (FeCl3•6H2O) standard solution (0.27 g L−1). Silver 

ions (Ag+) were tested at concentrations of 0.09, 0.93 and 9.27 µM, made from 500 µM 

stock solution (0.16 g Ag2SO4 L−1, considering the production of two moles of Ag+ per 

mole of Ag2SO4). For cobalt ions (Co2+), initial concentrations were 0.17, 1.70 and 16.97 

µM, prepared from 500 µM standard solution (0.12 g CoCl2.6H2O L−1). Effects of humic 

and fulvic acids were studied at 1 and 4 ppm. Chloride, sulfate, nitrate, nitrite, 

bicarbonate and carbonate ions solutions were used in 1 mM concentrations whereas t-

BuOH and i-PrOH were studied at 60 mM as initial concentrations and all were prepared 

as explained in Section 3.4.1.        
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2.5 Experimental Set Up and Procedure 

Experimental details and procedures followed in gamma ray irradiation, 

homogeneous and heterogeneous photocatalysis are described in this section. 

2.5.1 Experimental set up and procedure of gamma ray irradiation 

Prior to gamma ray irradiation, the atrazine solutions were purged with nitrogen gas 

in 16 mL airtight Pyrex glass vials unless otherwise stated. The solutions were irradiated 

for irradiation time of 30, 60, 120, 180 and 240 minutes, corresponding to 148, 296, 592, 

888 and 1184 Gy of gamma radiation respectively. One sample was irradiated up to 3552 

Gy (720 min) for kinetic study. All experiments were carried out at room temperature (ca. 

20 ± 1 oC) and performed in triplicate. The pH 1.65, 2.52, and 4.30 were adjusted using 

perchloric acid solution whereas pH 7.45, 9.58, 10.65 and 12.10 were adjusted with 

NaOH solutions. 

2.5.1.1 Removal efficiency 

The removal efficiency was determined in terms of G-value and % degradation. The G-

value is defined as the number of molecules formed or decomposed per 100 eV of 

radiation energy absorbed and can be calculated from the following equation (Basfar et 

al., 2009): 

        (2.10)  

where [R] is the change in atrazine concentration after irradiation in mol L−1, D is the 

amount of dose in Gy, NA is the Avogadro’s number (6.02 × 1023) and 6.24 × 1016 is the 

conversion factor from Gy to 100 eV L−1. 

The % degradation was calculated by using the following equation (Spinks and 

Woods, 1990): 

      (2.11) 
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where C0 is the initial concentration and CD is the concentration of atrazine after 

irradiation. 

2.5.1.2 Observed dose constant (k), D0.5 and D0.9  

The observed dose constant (or dose constant, k) is a measure of the atrazine 

degradation rate as a function of absorbed dose (or time for which the solution is 

irradiated). The k can be calculated from the slope of the plot of – ln (CD/C0) versus 

absorbed dose. Its value was used for calculation of D0.5 and D0.9. D0.5 is the amount of 

dose required to degrade 50% of initial concentration of atrazine and D0.9 is the amount of 

dose required to degrade 90% of initial concentration of atrazine by gamma ray 

irradiation. These values were calculated by using values of k as shown in equations 

(2.12) and (2.13) (Basfar et al., 2009): 

         (2.12) 

         (2.13) 

Similarly dose required for degradation of certain fraction of initial target 

concentration of contaminant can be calculated using dose constant. 

2.5.2 Experimental set up and procedure of photolysis, Fenton, photo-Fenton and 

photo-Fenton-like AOTs 

The photochemical reactor consists of a Pyrex glass Petri dish (60 mm (diameter) × 

15 mm (hight)) with a quartz cover. An atrazine solution of 10 mL was added to the Petri 

dish, covered with the quartz cover and placed in the apparatus under constant stirring at 

room temperature (20 ± 1 oC). The initial pH was adjusted with HCl solution in case of 

pH 3.0 or with phosphate buffer solution in case of pH 5.8 and 7.4. The pH of 5.7 in UV 

and UV/H2O2, 5.3 in UV/PS and 4.5 in UV/PMS were natural pHs of the solutions and 

were not adjusted. Analysis was performed by sampling 100 µL of the irradiated solution 
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after each fluence interval and mixing with 100 µL methanol to quench the reaction. The 

atrazine samples irradiated by direct photolysis were not quenched. Each experiment was 

performed in triplicate; the error bars in figures represent the standard error of the mean. 

In case of TOC measurement, the samples were analyzed immediately after irradiation, 

so no quenching substance was used.  

2.5.3 Experimental set up and procedure of heterogeneous photo-catalysis 

2.5.3.1 Preparation of reference TiO2, P-TiO2, F-TiO2 and PF-TiO2 nanoparticles 

The reference TiO2, P‐TiO2, F‐TiO2 and PF-TiO2 nanoparticles were prepared by 

using sol-gel method. Titanium (IV) isopropoxide, phosphoric acid and ammonium 

fluoride were used as precursors of TiO2, phosphorous and fluorine, respectively. As a 

pore directing agent, a nonionic surfactant polyoxyethylene sorbitan monooleate was 

used. Initially a given amount of surfactant was taken in a beaker and then the desired 

amount of i-PrOH was added drop wise while vigorous stirring the solution. After the 

addition of i-PrOH, a calculated amount of acetic acid was added immediately to this 

solution for in situ formation of water as a result of its reaction with i-PrOH. The solution 

was kept on vigorous stirring for about 30 min. Finally either phosphoric acid or 

ammonium fluoride or both were added to the resulting solution for preparation of P‐

TiO2, F‐TiO2 and PF-TiO2 nanoparticles, respectively. In case of using both, phosphoric 

acid and ammonium fluoride, the ammonium fluoride was added after 8 h stirring of 

phosphoric acid solution in order to obtain a homogenous solution before the addition of 

ammonium fluoride. The resulting solutions were stirred for 24 h at room temperature. 

The final solutions were transparent, homogenous and stable and were used for powder 

preparation. The molar ratio of ingredients was Tween80: TTIP: i-PrOH: Acetic acid = 1: 

35: 1: 1, whereas the molar ratio of TTIP: H3PO4: NH4F was 10: 1: 1. After 24 h stirring, 

the sol was dried in borosilicate glass dishes at room temperature for 12 h. The dried sol 

was then calcined in a multi-segment programmable high temperature furnace (Paragon 

Model HT-22-D, Thermcraft Inc., Winston‐Salem, NC). The sols were calcined initially 

from room temperature to 400 oC at 60 oC h‒1 (held for 1 hour) and then up to 580 oC at 
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80 oC h‒1 (held for 2 hour). The mentioned calcination conditions were capable of 

removing all the organic compounds completely from the resultant nanoparticles. The 

dried powders were scratched from dishes and then grinded into fine powder form. 

2.5.3.2 Evaluation of photo-catalytic activity 

The photocatalytic activity of the as-prepared nanoparticles was evaluated in terms of 

atrazine degradation rate under UV‐visible light illumination in a colloidal solution of 

photocatalyst. The photocatalytic reactor consists of a borosilicate glass dish (diameter 10 

cm). Atrazine solution of 2.32 µM containing 0.5 g L‒1 of photocatalyst was prepared in 

Milli-Q grade water (resistivity 18.2 MΩ•cm, pH 5.7). Two 15 W fluorescent lamps 

(Cole-Parmer) were employed as an UV‒visible light source. 150 µL of sample solution 

was taken at 0, 1, 2, 3, 4 and 6 h time. The concentration of atrazine in the sample 

solution was quantified using HPLC.  
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3. RESULTS AND DISCUSSION 

3.1 Degradation of Atrazine by Gamma Ray Irradiation 

3.1.1 Kinetic study of atrazine degradation 

The radiolytic degradation of atrazine in N2-saturated solution is shown in Figure 3.1. 

Atrazine solution of 8.11 µM (1.75 ppm) was irradiated with absorbed doses of 148 to 

3552 Gy, corresponding to irradiation time of 30 to 720 min, respectively. The 

degradation of atrazine in aqueous solution by ionizing radiation is initiated by the 

primary reactive species of water radiolysis (equation (1.19)) (chapter 1). 

[H2O ˄˄˄
rays  •OH (2.8) + eaq

‒ (2.7) + H• (0.6) + H3O+ (2.7) + H2O2 (0.72) + H2 

(0.45)            (1.19)] 

As can be seen from Figure 3.1, the concentration of atrazine decreased with 

increased in accumulated absorbed dose, which can be represented by the following 

equation, with a regression coefficients (R2) value of 0.975 similar to that described for 

radiation induced degradation of cefaclor (Yu et al., 2008):  

         (3.1) 

where CD is the concentration of atrazine in µM at radiation dose D, C0 is the initial 

concentration of atrazine, and k and D are the dose constant and radiation dose in Gy, 

respectively. Since equation (3.1) is equivalent to pseudo-first-order reaction, it means 

that radiolytic degradation of atrazine followed pseudo-first-order kinetics.  

The experimental results of removal efficiency of atrazine by γ-ray irradiation in N2-

saturated aqueous solution in terms of G-value and % degradation at different absorbed 

doses were calculated using equations (2.10) and (2.11) (chapter 2), respectively. 

Changes in % degradation and G-values of atrazine with absorbed doses are shown in 

Figure 3.2. The Figure 3.2 showed that % degradation of atrazine increased while G-

value decreased with increase in accumulated absorbed dose. This will be further 

explained in detail in Section 3.1.11.  It can also be seen from figures 3.1 and 3.2 that 
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starting with 8.11 µM atrazine in aqueous solution, complete degradation of atrazine was 

attained at absorbed dose of about 3500 Gy.  
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Figure 3.1. Radiolytic degradation of atrazine in N2 saturated aqueous solution using 
gamma ray  irradiation. Experimental conditions: [ATZ]0 = 8.11 µM, pH = 
5.72, dose rate = 296 Gy h−1.          
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Figure 3.2. Change of % degradation and G-values of atrazine with absorbed dose.   
Experimental conditions were same as in Figure 3.1. 



71 

 

3.1.2 Radiolysis of aqueous atrazine solutions in presence of air, N2 and N2O 

In order to compare the reactivity of hydroxyl radical (•OH), hydrated electron (eaq
‒) 

and superoxide ion (O2
•‒) towards atrazine degradation, the aerated, N2 and N2O saturated 

aqueous atrazine solutions were irradiated and the results are presented in Figure 3.3. In 

the presence of air (oxygen), the hydrated electrons and hydrogen radicals formed as a 

result of water radiolysis (equation (19)) are transformed to superoxide ion and 

hydroperoxyl radicals (HO2
•), respectively, reactions (3.2) and (3.3) (Spinks and Woods, 

1990). 

eaq
‒ + O2 → O2

•‒    (k = 1.9 × 1010 L mol‒1 s‒1)  (3.2) 

H• + O2 → HO2
•    (k = 2.1 × 1010 L mol‒1 s‒1)  (3.3) 

Superoxide ion (O2
•‒) and its conjugate acid HO2

• exist in a pH-dependent equilibrium 

(reaction (3.4)) (Sánchez-Polo et al., 2009): 

HO2
•   H+ + O2

•‒   (k = 8.0 × 105 L mol‒1 s‒1, pK = 4.8)  (3.4) 

It can be calculated from reactions (3.2-3.4) and concentration of O2 at room 

temperature in water that about 46% •OH and 54% O2
•‒ are reacting with atrazine in 

aerated aqueous solution. However, Wren and Glowa (2000) reported that the 

concentration of the reducing species, i.e., eaq
‒ and H•, are lower by about 2-3 orders of 

magnitude than •OH in aerated aqueous solution. This shows that O2 cannot scavenge all 

of the eaq
‒ and H• formed as a result of water radiolysis and they still contribute to 

degradation of atrazine in aerated solutions. In N2 saturated solution, O2 is replaced by 

N2, which is inactive to eaq
‒, •OH and H•, therefore, in N2-saturated solution 44% eaq

‒, 

46% •OH and about 10% H• are operative as can be calculated from their corresponding 

G-values shown in equation (1.19). 

 In N2O saturated solutions, the eaq
‒ are replaced by •OH as shown by the following 

equation (Wasiewicz et al., 2006): 

N2O + eaq
‒ → •OH + OH‒ + N2  (k = 9.0 × 109 L mol‒1 s‒1)  (3.5) 



72 

 

 

 

Absorbed dose (Gy)

0 200 400 600 800 1000 1200 1400

%
 D

eg
ra

d
at

io
n

0

20

40

60

80

N2 saturated 

N2O saturated

Air saturated

 

 

Figure 3.3. % Degradation of atrazine in air, N2 and N2O saturated aqueous solutions. 

Experimental conditions: [ATZ]0 = 8.11 µM, pH = 6.20 (air saturated), 5.72 

(N2 saturated), 5.70 (N2O saturated), dose rate = 296 Gy h−1. 
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This shows that in N2O saturated solution, •OH concentration is effectively doubled. 

Therefore, in N2O-saturated solution, about 90% •OH and 10% H• are available for 

degradation of atrazine. The Figure 3.3 shows that % degradation of atrazine increased 

with increase in radiation dose under all conditions. The highest degradation occurred in 

N2 saturated solution followed by N2O saturated solution and the least degradation has 

been observed in aerated solution, i.e., 65, 51 and 39%, respectively, at about 1200 Gy. 

This suggests that the contribution of reactive radicals towards atrazine degradation 

followed the order; eaq
‒ > •OH > O2

•‒, by taking their relative concentrations in aerated, 

N2 and N2O saturated atrazine solutions into account. The Figure 3.3 shows more 

degradation in N2 saturated solution, where all reactive radicals (eaq
‒, •OH and H•) are 

reactive as compared to N2O saturated solution where two radicals (•OH and H•) are 

reactive. The degradation is relatively less in air saturated solution where •OH and 

HO2
•/O2

•‒ are expected to be reactive. Karpel Vel Leitner and co-workers (1999) have 

also found higher reactivity of eaq
‒ than •OH towards atrazine removal in γ-ray irradiation 

process. The rate constant for the reaction of atrazine with eaq
‒ has been reported as 4.8 × 

109 L mol‒1 s‒1, whereas the rate constant of atrazine with •OH has been calculated as 3.0 

× 109 L mol‒1 s‒1 (Tauber and von Sonntag, 2000; Varghese et al., 2006). This shows that 

the reaction of atrazine with eaq
‒ is about 1.6 times faster than its reaction with •OH, and, 

therefore, supports our finding that eaq
‒ played more predominant role in degradation of 

atrazine than •OH.  

As for as the reactivity of O2
•‒ and HO2

• are concerned, it has been reported that the 

contributions of these species in the removal of organic compounds have proven to be 

negligible in the overall degradation process (Destaillats et al., 2002). Karpel Vel Leitner 

and co-workers (1999) also observed negligible contribution of O2
•‒ to the decomposition 

of atrazine. Since hydrated electrons are reducing species while hydroxyl radicals are 

oxidizing species, it means that atrazine can efficiently be degraded by reduction pathway 

rather than oxidation. The reactivity of a compound towards eaq
‒ and •OH mainly depends 

on its functional groups. It has been found that the functional groups, which generally 

result in the loss of a negatively charged ion, such as halogens and thiols are more 

susceptible towards aqueous electron than hydroxyl radicals (Spinks and Woods, 1990). 
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On contrary to the halogen and thiols groups, the amino group and aromatic ring are more 

reactive towards hydroxyl radicals than aqueous electron. In case of atrazine, three 

groups, i.e., chloro, amino and aromatic ring compete for reactive radicals; however, the 

removal of chloride ion is expected to be easier as a result of aqueous electron attack than 

the addition of hydroxyl radical to amino group or aromatic ring. As a result, eaq
‒ can 

quickly and efficiently remove chloride ion and therefore, atrazine showed higher 

reactivity towards eaq
‒ than •OH. 

3.1.3 Effect of initial concentration of hydrogen peroxide on % degradation of atrazine 

The effects of addition of H2O2 and change in its initial concentration on % 

degradation of atrazine are shown Figure 3.4. This was studied in N2 saturated solution 

using 8.11 µM atrazine concentration. Hydrogen peroxide undergoes the following 

chemical reactions in irradiated aqueous solution (Spinks and Woods, 1990): 

H2O2 + eaq
‒ → •OH + OH‒   (k = 1.1 × 1010 L mol‒1 s‒1)  (3.6) 

H2O2 + •OH → H2O + HO2
•   (k = 2.7 × 107 L mol‒1 s‒1)  (3.7) 

The effect of initial concentration of H2O2 was examined by using 5, 10 and 20 mM 

H2O2 concentrations. According to the competition kinetics principles, the concentration 

of the competitive components and their rate constant values with reactive radicals 

strongly influenced the predominant reaction in a system. Taking 4.8 × 109 L mol‒1s‒1 as 

the rate constant of atrazine with eaq
‒, the product of atrazine concentration (8.11 x 10‒6 

M) and its rate constant with eaq
‒ will be 3.90 × 104 s‒1. Similarly, the product of 5, 10 

and 20 mM H2O2 and its rate constant with eaq
‒ (1.1 × 1010 L mol‒1 s‒1) will be 5.50 × 107 

s‒1, 1.10 × 108 s‒1 and 2.20 × 108 s‒1, respectively. It can be suggested from these values 

that in the presence of H2O2 at above mentioned concentrations, the  eaq
‒ in γ-ray 

irradiated atrazine solutions are mainly scavenged be H2O2 (as shown in reaction (3.6)), 

rather than they reacted with atrazine, and transformed them to •OH. Therefore, it is 

expected that the concentration of •OH is almost twice in H2O2 solution as compared to 

N2 saturated solution. However, eaq
‒ were not available in H2O2 solution because of H2O2 
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scavenging effect, which were almost equal in concentration to •OH in N2 saturated 

solution. Since eaq
‒ contributed more towards atrazine degradation than •OH, as already 

discussed in Section 3.2, the removal efficiency of atrazine has been decreased in 

presence of H2O2.  

The effect of H2O2 concentration on the radiolytic decomposition of environmental 

pollutants mainly depends on their chemical nature. The pollutants which have high 

reactivity with oxidizing species such as •OH can readily be degraded by •OH. Such 

pollutants have been observed to show an enhancement in radiolytic degradation effect 

with H2O2 concentration (Bojanowska-Czajka et al., 2006). However, for compounds 

having high reactivity with reducing agents, e.g., eaq
‒, the increased initial H2O2 

concentration will have an inhibitory effect on their radiolytic decomposition as in case 

of atrazine.       

Figure 3.4 also showed that the inhibitory impact of H2O2 increased with increased in 

its concentration. When the concentration of H2O2 was increased from 0, to 5, 10 and 20 

mM, the % degradation of atrazine decreased from 65 to 56, 48 and 44%, respectively. 

This further decrease in % degradation of atrazine with increase in H2O2 concentration 

was due to the scavenging effect of H2O2 for •OH (reaction (3.7)). The product of H2O2 

concentration at 5, 10 and 20 mM and its rate constant with •OH are calculated to be 1.35 

× 1011, 2.70 × 1011 and 5.40 × 1011, respectively. This showed that the scavenging effect 

of H2O2 increased with increased in its concentration, as a result the % degradation of 

atrazine decreased with increased in initial H2O2 concentration.  
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Figure 3.4. Effect of initial H2O2 concentration on % degradation of atrazine in gamma 

ray irradiated N2 saturated aqueous solutions. Experimental conditions: 

[ATZ]0 = 8.11 µM, pH =  5.72, dose rate = 296 Gy h−1. 

 

 

 



77 

 

3.1.4 Effect of t-BuOH and i-PrOH on radiolytic degradation of atrazine 

Iso-propanol and tert-butanol are good scavengers for •OH. Iso-propanol can 

scavenge •H as well. In order to investigate the % degradation of atrazine by each reactive 

species, i.e., by hydroxyl radical, aqueous electron and hydrogen radical, nitrogen 

saturated atrazine solutions were irradiated in presence of 60 mM t-BuOH or i-PrOH as 

radical scavengers. The results obtained are illustrated in Figure 3.5. The chemical 

reactions that take place in irradiated aqueous atrazine solutions in presence of t-BuOH 

and i-PrOH may be summarized as (Buxton et al., 1988): 

t-BuOH + •OH → •CH2C(CH3)2OH + H2O  (k = 6.0 × 108 L mol‒1 s‒1) (3.8) 

i-PrOH + •OH → (CH3)2
•COH + H2O  (k = 1.9 × 109 L mol‒1 s‒1) (3.9) 

i-PrOH + •H → (CH3)2
•COH + H2   (k = 7.4 × 107 L mol‒1 s‒1) (3.10) 

Both t-BuOH and i-PrOH react very slowly with eaq
‒ whereas t-BuOH is unable to 

scavenge •H efficiently, therefore, their reactions were not taken into account. Figure 3.5a 

illustrates that highest degradation (65%) has been occurred in solution free of radical 

scavenger while the solution of 60 mM of t-BuOH and 60 mM of i-PrOH came second 

and third with 46 and 41% atrazine degradation, respectively. The highest degradation in 

solution having no radical scavenger is due to the combined effect of all the three reactive 

species, i.e., eaq
‒, •OH and H•, because all these three species are operative in scavenger 

free solution. Since eaq
‒ and H• play their roles for atrazine degradation in solution 

containing t-BuOH and only eaq
‒ in solution of i-PrOH, that is why the second highest 

degradation occurred in case of t-BuOH while the least in presence of i-PrOH. The 

reactions of t-BuOH and i-PrOH radicals produced in reactions (3.8-3.10) with atrazine 

are very slow in the above systems.   

The observed dose constant (k) in the given experimental conditions were calculated 

from the plots of – ln (C/C0) versus absorbed dose (Figure 3.5b) and the calculated values 

are given below: 

kno scavenger = 8.74 × 10‒4 Gy‒1 
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kt-BuOH = 5.50 × 10‒4 Gy‒1 

ki-PrOH =  4.58 × 10‒4 Gy‒1 

From the above mentioned values of k, the observed dose constant ratio of eaq
‒, •OH 

and H• can be calculated as: 

ke
‒

aq   :  k•OH            :    kH• 

ki-PrOH   :    (kno scavenger ‒ kt-BuOH)         :  (kt-BuOH ‒ ki-PrOH) 

4.5772 × 10‒4 Gy‒1 :    (8.7419 ‒ 5.5030) × 10‒4 Gy‒1   : (5.5030 ‒ 4.5772) × 10‒4 Gy‒1  

4.5772 × 10‒4 Gy‒1 : 3.2389 × 10‒4 Gy‒1  : 0.9258 × 10‒4 Gy‒1 

 5  :   3.5  :  1 

The ratio of k for eaq
‒, •OH and H• showed that eaq

‒ played major and crucial role in 

atrazine degradation followed by •OH. The H• played a minor role in atrazine degradation 

as can be seen from the ratio of k. This again supports our assumption of higher reactivity 

of eaq
‒ in terms of atrazine removal. 

The experimental results could also be used for determination of quantum efficiency 

(η) of each reactive species with respect to atrazine degradation. The quantum efficiency 

can be defined as “the number of molecules decomposed by a reactive species” (Liu et 

al., 2005). The quantum efficiency for hydrated electrons (ηeaq
‒) can be calculated from 

the following equation (Liu et al., 2005): 

  (3.11) 

The number of atrazine molecules decomposed can be calculated from the change in 

molar concentration multiplied by Avogadro’s number whereas the total number of eaq
‒ 

produced during irradiation can be calculated from its G-value (number of hydrated 

electrons produced per 100 eV of radiation energy absorbed). Taking 2.7 as G-value for 

eaq
‒ (Spinks and Woods, 1990), the total number of eaq

‒ produced during 1184 Gy (1 Gy = 

6.24 × 1018 eV) irradiation will be:   

 



79 

 

Absorbed dose (Gy)

0 200 400 600 800 1000 1200 1400

%
 D

eg
ra

d
at

io
n

0

20

40

60

No scavenger 
t-BuOH = 60 mM
i-PrOH  = 60 mM

 

Figure 3.5a. Effect of 60 mM t-BuOH or 60 mM i-PrOH on % degradation of atrazine in 

N2 saturated aqueous solutions. Experimental conditions: [ATZ]0 = 8.11 µM, 

pH =  5.72, dose rate = 296 Gy h−1. 
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Figure 3.5b. Determination of dose constant from plot of – ln (C/C0) versus absorbed 

dose in presence of t-BuOH and i-PrOH. For experimental conditions see Figure 3.5a.  
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Therefore; 

  (3.12) 

where ΔCi-PrOH is the change in atrazine concentration for 1184 Gy of radiation dose 

when 60 mM i-PrOH was used as a radical scavenger.  

Considering 2.8 and 0.6 as G-values for •OH and H• (Spinks and Woods, 1990), the 

total number of •OH and H• produced during 1184 Gy energy absorbed will be 2.069 × 

1020 and 4.433 × 1019, respectively. Therefore, the quantum efficiencies for •OH and H• 

can be calculated as: 

 

(3.13) 

            (3.14)  

The quantum efficiency of each reactive species was found to be less than one, as can 

be seen from equations (3.12-3.14). It means that every reactive species produced as a 

result of water radiolysis cannot degrade atrazine molecule. This can be explained on the 

basis of two possible reasons. Firstly, when atrazine molecules were degraded by these 

reactive radicals, intermediate compounds, such as atrazine by-products were formed. 

The competition for these reactive radicals between atrazine molecules and intermediate 

compounds resulted in low quantum efficiency because some of the reactive radicals 

were consumed by the intermediate compounds. Secondly, the possibility of 

recombination reactions between reactive radicals, as can be seen from the following 
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reactions (Sánchez-Polo et al., 2009), could possibly result in low quantum efficiency of 

these species. 

•OH + •OH → H2O2    (k = 5.5 × 109 L mol‒1 s‒1)  (3.15)  

•OH + eaq
‒ → OH‒    (k = 3.0 × 1010 L mol‒1 s‒1)  (3.16)  

•OH + H• → H2O    (k = 7.0 × 109 L mol‒1 s‒1)  (3.17) 

The quantum efficiency ratio for eaq
‒, •OH and H• may be calculated as: 

ηeaq
‒ : η•OH : η•H = 0.010 : 0.005 : 0.005 = 2 : 1 : 1. 

3.1.5 Effect of nitrate, nitrite and sulfate ions on radiolytic degradation of atrazine 

A large number of anions at varied concentrations are found in natural waters that 

make it a complex mixture. These ions may decrease or increase the efficiency of an 

AOPs depending upon the nature of the chemical process as well as other background 

conditions (Abdel daiem et al., 2013; Malouki et al., 2005). In addition to the various 

ions present in natural ground and surface waters, nitrate (NO3
‒), nitrite (NO2

‒) and 

sulfate (SO4
2‒) ions are mostly found in the aquatic environment. However, their 

concentration varied from place to place and mainly depends on the agricultural activities 

and geographical location of the area. For nitrate ion, the concentration sometimes 

reaches to 1.0 mM while nitrite ion is usually found in lower concentrations than nitrate 

(Malouki et al., 2005). The sulfate ions are usually found in higher concentrations in 

ground waters than nitrate and nitrite ions. The maximum acceptable concentrations of 

sulfate, nitrate-nitrogen and nitrite-nitrogen in drinking water are 250, 10 (45 mg L−1 as 

nitrate) and 1 mg L−1 (3.2 mg L−1 as nitrite), respectively, as established by USEPA 

(Ayala et al., 2012). Due to the presence of these ions in natural water, their effects on 

atrazine degradation in aqueous solution by gamma ray irradiation were determined that 

will be useful in establishing the practical applications of water remediation by radiolytic 

process. The experimental results are shown in Figure 3.6. It is clear from Figure 3.6 that 

% degradation of atrazine increased with increased in radiation dose under all cases. The 
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Figure 3.6 also showed that high degradation of atrazine was observed in solution which 

was free of radical scavenger at a given dose followed by solutions in presence of 1 mM 

SO4
2‒, NO2

‒ or NO3
‒ ions as radical scavengers in decreasing degradation efficiency 

order. When NO3
‒, NO2

‒ or SO4
2‒ ions were added to the aqueous atrazine solution, the 

reactive species are expected to react with these ions, as shown in reactions (3.18-3.23). 

Therefore, relatively less amounts of these species were available for atrazine degradation 

(Abdel daiem et al., 2013; Buxton et al., 1988; Drzewicz et al., 2004). 

NO3
‒ + e‒

aq → NO2 + 2OH‒   (k = 9.7 × 109 L mol‒1 s‒1) (3.18) 

NO3
‒ + •OH →  No reaction reported      (3.19) 

NO2
‒ + e‒

aq → NO2
2‒    (k = 3.5 × 109 L mol‒1 s‒1) (3.20) 

NO2
‒ + •OH → NO2

 + OH‒   (k = 1.0 × 1010 L mol‒1 s‒1) (3.21) 

SO4
2‒ + e‒

aq → SO4
3‒    (k < 1.0 × 106 L mol‒1 s‒1) (3.22) 

SO4
2‒ + •OH → No reaction reported      (3.23) 

From the rate constants of above reactions it can be seen that nitrate ions are almost 

three times more reactive towards aqueous electrons than nitrite ions and, therefore, the 

addition of nitrate ions decreased the % degradation of atrazine more than the addition of 

nitrite ions as shown in Figure 3.6. As already stated that hydroxyl radicals (•OH) has 

relatively less contribution than aqueous electrons towards atrazine degradation, 

therefore, the reaction (3.21), although fast, did not overcome the inhibiting of nitrate 

(because nitrate has high rate constant with aqueous electrons than nitrite). It could be 

seen from reactions (3.22) and (3.23) that SO4
2‒ ions have low or no reactivity towards 

aqueous electrons and hydroxyl radicals, as a result, relatively higher degradation of 

atrazine was observed in solution containing SO4
2‒ as radical scavenger as compared to 

solutions containing nitrate or nitrite ions.  
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3.1.6 Effect of carbonate, bicarbonate and bromide ions on radiolytic degradation of 

atrazine 

Besides sulfate, nitrate and nitrite ions in water other important ions that may be 

present in drinking water are carbonate, bicarbonate and bromide ions. Carbonate and 

bicarbonate ions, in addition to hydroxide ion, contribute to the total alkalinity of water. 

The total alkalinity should not exceed 500 mg L−1 in drinking water. The bromide ion has 

been found in concentration of 65 to 80 mg L−1 in sea water whereas in fresh water its 

concentration usually ranges from traces to 0.5 mg L−1 and even sometimes approach to 1 

mg L−1. The acceptable daily intake (ADI) of bromide is 0.4 mg per kg of body weight. 

Assuming drinking water as 50% relative contribution source, the acceptable level of 

bromide is 6 mg L−1 in drinking water for a 60 kg body weight person which utilizes 2 L 

day−1. On the other hand, the maximum acceptable level is 2 mg L−1 for a child with 10 

kg body weight consuming 1 L day−1 (WHO, 2009). Since carbonate, bicarbonate and 

bromide ions are the components of natural water and may possibly interferes the 

degradation efficiency of radiolytic process; their impact on radiolytic degradation of 

atrazine was evaluated using 1 mM of each ion.  

 The effects of carbonate (CO3
2‒), bicarbonate (HCO3

‒) and bromide (Br‒) ions on 

atrazine radiolysis are presented in Figure 3.7. The experimental results of atrazine 

degradation in presence of these ions can be explained on the basis of their relative 

reactivity with aqueous electron and hydroxyl radical. The reactions of CO3
2‒, HCO3

‒ and 

Br‒ with aqueous electron and hydroxyl radical along with their rate constants are shown 

in the following equations (Abdel daiem et al., 2013; Mohamed et al., 2009; Spinks and 

Woods, 1990): 

CO3
2‒ + •OH → CO3

•‒ + ‒OH    (k = 3.9 × 108 L mol‒1 s‒1) (3.24) 

CO3
2‒ + e‒

aq
 → CO3

3‒    (k = 3.9 × 105 L mol‒1 s‒1) (3.25) 

HCO3
‒ + •OH → CO3

•‒ + H2O   (k = 8.5 × 106 L mol‒1 s‒1) (3.26) 

HCO3
‒ + e‒

aq
 → HCO3

2‒   (k = 1.0 × 106 L mol‒1 s‒1) (3.27) 

HCO3
‒ + H• → CO3

•‒ + H2   (k = 4.0 × 104 L mol‒1 s‒1) (3.28) 
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Figure 3.6. Effect of nitrate, nitrite and sulfate ions on % degradation of atrazine in N2 

saturated aqueous solutions. Experimental conditions: [ATZ]0 = 8.11 µM, 

[NO3
‒]0 = [NO2

‒]0 = [SO4
2‒]0 = 1 mM. 
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Figure 3.7. Effect of carbonate, bicarbonate and bromide ions on % degradation of 

atrazine in N2 saturated aqueous solutions. Experimental conditions: [ATZ]0 

= 8.11 µM, [CO3
2‒]0 = [HCO3

‒]0 = [Br‒]0 = 1 mM.  
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Br‒ + •OH → BrOH•‒   (k = 1.1 × 1010 L mol‒1 s‒1) (3.29) 

Br‒ + H• → HBr•‒    (k = 2.8 × 107 L mol‒1 s‒1) (3.30) 

It can be seen from Figure 3.7 that the presence of CO3
2‒, HCO3

‒ and Br‒ ions 

lowered the degradation efficiency of atrazine. The decrease in degradation efficiency is 

due to the decrease in availability of reactive radicals as a result of their reaction with 

these radicals.  It can also be seen from reactions (3.24) and (3.26) that for every •OH 

scavenged by CO3
2‒ and HCO3

‒, a carbonate radical (CO3
•‒) is produced. It has been 

reported that CO3
•‒ are also highly reactive species with a redox potential of 1.78 V 

(Dell'Arciprete et al., 2012). They are capable of oxidizing many organic pollutants. The 

results in this study suggest that CO3
•‒ and •OH have comparable reactivity towards 

atrazine. However, lower degradation has been observed when Br‒ is used as a radical 

scavenger. This is due to its very high rate constant with •OH as can be seen from 

reaction (3.29).    

3.1.7 Effect of humic acid and chloroform on radiolytic degradation of atrazine 

The humic acid and chloroform (CHCl3) effects at 50 ppm and 60 mM 

concentartions, respectively, on radiolytic degradation of atrazine are illustrated in Figure 

3.8. Humic acid slightly increased the radiolytic degradation of atrazine whereas 

chloroform decreased it. It has been reported that humic acid can produce reactive 

oxygen species and hydrated electrons by absorbing sun light (Sun et al., 2011). They 

also have hydroxyl radicals generation as well as suppression ability (Garbin et al., 

2007). The effect of gamma radiation on humic acid is still not well understood, although 

Basfar and co-workers (2009) reported that some reactive species could be generated as a 

result of gamma rays interaction with humic acids. These reactive species could react 

with atrazine resulting in its degradation. However, in our study humic acid has only 

slightly increased the degradation of atrazine by gamma ray irradiation.  

As far as the effect of chloroform is concerned, it has been observed in this work that 

chloroform greatly reduced atrazine degradation. This can be explained on the basis of 
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chloroform reactions with reactive radicals as shown below (Haag and Yao, 1992; Hart et 

al., 1964; Schuler et al., 1971): 

CHCl3
 + e‒

aq
 → Products   (k = 3.0 × 1010 L mol‒1 s‒1) (3.31) 

CHCl3
 + •OH → CCl3

• + H2O   (k = 5.2 × 107 L mol‒1 s‒1) (3.32) 

3CHCl3
 + H• → HCl + •CHCl2 + 2•CCl3 + H2 (k = 1.2 × 107 L mol‒1 s‒1) (3.33) 

As can be seen from reaction (3.31), CHCl3 quickly reacts with e‒
aq and, therefore, 

can compete with atrazine for e‒
aq, thus reducing the degradation efficiency. In addition, 

CHCl3 also scavenge •OH and H• as shown in reactions (3.32) and (3.33), respectively, 

which also contributed to the low removal rate of atrazine by gamma ray irradiation.  
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Figure 3.8. Effect of humic acid and chloroform on % degradation of atrazine in N2 

saturated aqueous solutions. Experimental conditions: [ATZ]0 = 8.11 µM, 

[Humic acid]0 = 50 ppm, [Chloroform]0 = 60 mM, pH = 5.72. 
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3.1.8 Effect of dose rate and initial concentration of atrazine on its radiolytic 

degradation efficiency 

The gamma radiolysis of organic pollutants are mostly depends on the substrate 

concentration, its nature, dose rate, presence of oxygen in solution and pH etc. (Getoff, 

N., 1996). In the present study, the effects of dose rate as well as substrate initial 

concentration on radiolytic degradation of atrazine were determined. The dose rate effect 

was determined by using four different dose rates, i.e., 59, 97, 212 and 296 Gy h‒1, 

whereas the effect of initial concentration of atrazine was investigated by using three 

different atrazine concentrations, i.e., 6.95, 9.27 and 11.59 µM. The experimental results 

are represented in figures 3.9a-3.9d. For comparison study, the degradation rates of 

atrazine in units of µM min−1 were also determined and shown in Table 3.1. It can be 

seen from Table 3.1 that removal rate of atrazine decreased with decrease in irradiation 

dose rate whereas the removal rate was found to increase with increase in initial 

concentration of atrazine. This decrease in removal rate of atrazine was due to the lower 

energy absorption by water at lower dose rate. The degradation of atrazine is due to its 

reaction with water radiolysis products, i.e., mainly e‒
aq, •OH and H•. The amount of 

energy absorbed by water molecules per unit time decreased as the dose rate decrease, 

therefore, the concentration of reactive radicals also decreased which subsequently led to 

the lower removal efficiency of water pollutants (atrazine). The higher removal rate of 

atrazine at high initial concentration will be discussed in Section 3.4.5 in detail.   
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Table 3.1. Radiolytic degradation rate of atrazine (µM min−1) at different dose rates and 

at three different initial concentrations of atrazine. pH = 5.72.    

Initial atrazine 

concentration 

Dose rate 

(296 Gy h−1) 

Dose rate 

(212 Gy h−1) 

Dose rate 

(97 Gy h−1) 

Dose rate 

(59 Gy h−1) 

6.95 µM 0.019 0.018 0.010 0.007 

9.27 µM 0.021 0.016 0.011 0.008 

11.59 µM 0.022 0.017 0.011 0.008 
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Figure 3.9. Effect of initial concentration and dose rate on % degradation of atrazine in 

N2 saturated aqueous solution at four different dose rates of 296 Gy h−1 (a), 

212 Gy h−1 (b), 97 Gy h−1 (c) and 59 Gy h−1 (d). pH 5.72. 
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3.1.9 Effect of pH on radiolytic degradation of atrazine 

One of the most important factors that can influence the removal efficiency of any 

chemical process in water is the pH. It has been found that pH can affect any type of 

chemical reaction. The role of pH on radiolytic degradation and chemical stability of 

atrazine has been studied in the present study.  

The effect of pH was investigated under three different conditions: (1) using four 

different pH values, i.e., 2.52, 4.05, 5.72 and 9.58, with irradiation doses from 148 to 

1184 Gy, (2) irradiating the atrazine solutions at different pH values, i.e., 1.65, 4.30, 6.35, 

7.45, 10.65 and 12.10, for the same dose (592 Gy), and (3) the effect of pH on the 

stability of atrazine without irradiating the solution.  

Figure 3.10 shows that the degradation efficiency of atrazine increased with increase 

in pH from 2.52 to 9.58. This phenomenon could be explained on the basis of following 

two reactions (Liu et al., 2005): 

eaq
‒ + H+ → H•      (k = 2.3 × 1010 L mol‒1 s‒1) (3.34)  

H• + OH‒ → eaq
‒     (k = 2.2 × 107 L mol‒1 s‒1) (3.35) 

These reactions showed that eaq
‒ and H• are inter converted under acidic and basic 

conditions. At low pH, H• are the dominant species whereas at high pH, eaq
‒ 

predominates. The degradation of atrazine was mainly due to the hydrated electrons, as 

already discussed in Section 3.1.2, therefore, at higher pH (i.e., pH 9.58) atrazine 

degradation is more efficient because of higher concentration of eaq
‒ than available at low 

pH.  

Additionally, high % degradation of atrazine has been observed at extreme pH value 

conditions, i.e., under very low and very high pH values as illustrated in Figure 3.11. At 

pH 1.65, the hydrogen concentration (H+) was 22.387 mM, much higher than the 

concentration of eaq
‒ (0.166 mM) at the highest dose, i.e., 592 Gy. At pH 12.10, the 

hydroxide ion (OH‒) concentration was 12.589 mM, much more than the concentration of 

H• (0.037 mM) at 592 Gy. Therefore, at pH 1.65 and 12.10 the H+ and OH‒ are still 

present in high concentrations in solutions after their reactions with eaq
‒ and H•, 
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respectively. The excess amounts of H+ and OH‒ act as catalysts for atrazine hydrolysis 

under acidic and alkaline conditions, respectively (U.S. EPA, 2003; Zhi-fang et al., 

2001). The atrazine hydrolysis under alkaline conditions proceeds twice as rapid as under 

acidic conditions (U.S. EPA, 2003). Therefore, 69.53% atrazine degradation was 

observed at pH 12.10 versus 55.61% at pH 1.65. The acidic hydrolysis of atrazine can be 

written as (Zhi-fang et al., 2001): 

ATZ + H+ → ATZH+ + H2O → ATZOH + 2H+     (3.36) 

Therefore, the alkaline hydrolysis can be suggested to undergo through the following 

reaction mechanism: 

ATZ + OH‒ → ATZOH‒ + H2O → ATZH+ + 2OH‒      (3.37) 

ATZH+ + H2O → ATZOH + 2H+ + 2OH‒ → ATZOH + 2H2O   (3.38) 

where, ATZ represents atrazine, ATZH+ the protonated atrazine and ATZOH is the 

hydroxyl atrazine, a by-product of atrazine.  

The effect of pH on atrazine stability was studied in absence of gamma radiation 

using pH 1.97, 2.52, 4.05, 5.72, 9.58 and 12.06. The atrazine solutions of desired pH 

were prepared and kept under dark conditions for 72 hours, however, the samples were 

taken every 24 h for analysis. The results are shown in Figure 3.12 and Table 3.2. It was 

observed that atrazine hydrolysed under strong acidic and basic conditions; therefore, the 

stability of atrazine was found to be higher under neutral conditions and decreased as the 

pH either increased or decreased. The half-life of atrazine at pH 5.72 was determined to 

be about 393 days showing more persistency at neutral conditions as compared to about 

20 and 15 days at pH 1.97 and 12.06, respectively. It should also be remembered here 

that the stability of atrazine examined in the present preliminary study was based on only 

three days analysis and a more detail study is needed to explore the behavior of atrazine 

under various pH conditions.     
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Figure 3.10. Influence of pH on % degradation of atrazine in N2 saturated aqueous 

solutions. Experimental conditions: [ATZ]0 = 8.11 µM, dose rate = 296 Gy h−1.   
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Figure 3.11. Influence of pH on % degradation of atrazine in N2 saturated aqueous 

solutions irradiated for 592 Gy. Experimental conditions: [ATZ]0 = 8.11 

µM, dose rate = 296 Gy h−1. 



95 

 

Time (hours)

0 20 40 60 80

%
 D

e
gr

ad
a

tio
n

0

5

10

15

20

pH = 12.06 
pH = 1.97 
pH = 2.52 
pH = 9.58 
pH = 4.05 
pH = 5.72 

 

Figure 3.12. % Degradation of atrazine in N2 saturated aqueous solutions at various pH in 

absence of gamma radiation. Experimental conditions: [ATZ]0 = 8.11 µM. 

 

Table 3.2. First order rate constant (k) and half-life (t1/2) of atrazine in un-irradiated 

aqueous solutions at different pH values. 

Parameters pH 

1.97 2.52 4.05 5.72 9.58 12.10 

k, day‒1 3.53 × 10‒2 1.31 × 10‒2 5.13 × 10‒3 1.76 × 10‒3 9.43 × 10‒3 4.62 × 10‒2 

t1/2, days 19.64 53.06 135.00 393.12 73.48 14.99 
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3.1.10 Change in solution pH after gamma ray irradiation 

Table 3.3 shows the pH values of aerated, N2 and N2O saturated atrazine solutions 

before and after irradiation. The Table 3.3 shows that pH values decreased with increase 

in absorbed dose. This decrease in pH values are mainly attributed to the formation of 

hydronium ions (H3O+) as a results of reaction (1.19) and formation of acidic by-products 

of atrazine as well.   

 

 

 

 

 

 

 

Table 3.3. pH variations of aqueous atrazine solutions after gamma ray irradiation. 

 

Absorbed dose (Gy) pH 

Aerated N2O saurated N2 saurated 

0 6.20 5.70 5.72 

148 5.91 5.33 5.46 

296 5.70 4.91 5.34 

592 5.32 4.59 4.92 

888 4.89 4.30 4.51 

1184 4.50 4.14 4.39 
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3.1.11 Removal efficiency of atrazine 

The removal efficiency of atrazine was calculated in terms of G-value, % degradation 

and observed dose constant (k). These parameters can be used for evaluating the 

degradation efficiency of a given compound under a specific removal technology. The k 

value was used for the calculation of D0.5 and D0.9 (dose required for 50 and 90% removal 

of atrazine, respectively). The G-values under all the applied experimental conditions are 

presented in tables 3.4a-3.4d, whereas the k, D0.5 and D0.9 are shown in tables 3.5a-3.5c. 

Getoff and Lutz (1985) reported that for the degradation of organic compounds in 

aqueous solutions, G-values less than 0.31 show the absence of radical chain reactions. 

The G-values obtained for atrazine degradation under different experimental conditions 

shown in tables 3.4a-3.4d are lower than 0.31, therefore, the involvement of radical chain 

reaction in radiolytic degradation of atrazine is ruled out in the present study. It can be 

seen from these tables, i.e., 3.4a-3.4d that G-values decreased with increase in 

accumulated absorbed dose as can also be perceived from Figure 3.2. The decrease in G-

value with accumulated absorbed dose is due to the competition for reactive radicals of 

atrazine molecules with intermediates formed as a result of atrazine degradation. With 

increase in accumulated absorbed dose, the concentration of intermediates increased 

whereas the concentration of atrazine decreased. Therefore, with increased absorbed 

dose, there are relatively more chances for reactive radicals to react with intermediates 

molecules rather than with atrazine molecules leading to decrease G-values of atrazine, as 

also suggested by Basfar and co-workers (2009).  

Dose constant (k) is directly related to degradation rate and inversely related to D0.5 and 

D0.9 at a given concentration, therefore, it can be seen from tables 3.5a, 3.5b and 3.5c that 

higher values of k and lower values of D0.5 and D0.9 were obtained under those 

experimental conditions where higher % degradation of atrazine occurred and vice versa. 

The D0.5 and D0.9 values obtained in this study are very low as compared to those 

obtained by Basfar and co-workers (2009) in distilled water using initial atrazine 

concentration of 4.64 µM. Basfar and co-workers (2009) found that D0.5 and D0.9 

increased with increase in atrazine concentration. Since higher initial concentration of 



98 

 

atrazine (8.11 µM) was used in this work as compared to 4.64 µM in the reported study, 

therefore, it is expected that D0.5 and D0.9 should be greater in this study rather than 

lower. However, this contrary observation can be explained on the basis of lower dose 

rates used in the present study. The dose rate greatly affects k value (in units of Gy‒1) and 

increase with lowering the dose rate (because G-values were found to increase with 

decrease in dose rate (Getoff, 2002)). The dose rate used for irradiation purposes in the 

reported study was 14.52 kGy h‒1, which was about fifty times higher than the one used 

in this study (0.296 kGy h‒1). The lower dose rate caused higher k (in units of Gy‒1) and 

thus lowered the D0.5 and D0.9 (in units of Gy). The relation between G-values and dose 

rate obtained here is consistent with the previously published results for other organic 

pollutants. It has been found by various researchers that decreasing dose rate resulted in 

higher removal efficiency of phenol (Miyazaki et al., 2006 and references therein). For 

example using phenol as a target pollutant, Miyazaki and co-workers (2006) found a G-

value of 1.7 at dose rate of 1.1 kGy h‒1 while for the same compound 0.43 G-value was 

obtained at dose rate of 5.0 kGy h‒1 by Hashimoto and co-workers (1979). 
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Table 3.4a. G-values for atrazine removal in aqueous solutions, H2O2, t-BuOH and i-

PrOH solutions were N2 saturated. Experimental conditions: [ATZ]0 = 8.11 

µM, dose rate = 296 Gy h−1. 

Absorbed 

dose (Gy) 

G-value 

N2 

 

N2O O2 H2O2 

(5 mM) 

H2O2 

(10 mM) 

H2O2 

(20 mM) 

t-BuOH 

(60 mM) 

i-PrOH

(60 

mM)

148 0.0755 0.0466 0.0401 0.0626 0.0514 0.0466 0.0482 0.0353

296 0.0602 0.0514 0.0385 0.0514 0.0450 0.0385 0.0482 0.0321

592 0.0526 0.0409 0.0325 0.0490 0.0409 0.0389 0.0409 0.0321

888 0.0482 0.0353 0.0286 0.0441 0.0361 0.0337 0.0359 0.0310

1184 0.0444 0.0337 0.0263 0.0383 0.0325 0.0297 0.0311 0.0281
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Table 3.4b. G-values for atrazine removal in N2 saturated aqueous solutions irradiated 

under different experimental conditions. Each ion concentration was 1 mM 

unless otherwise stated.   

Absorbed 

dose (Gy) 

G-value 

NO3
‒ NO2

‒ SO4
2‒ CO3

2‒ HCO3
‒ Br‒ Humic 

Acid 

(50 ppm) 

Chlorofor

(60 mM)

148 0.0466 0.0321 0.0385 0.0706 0.0562 0.0405 0.0722 0.0385

296 0.0337 0.0273 0.0393 0.0506 0.0450 0.0361 0.0610 0.0305

592 0.0257 0.0225 0.0297 0.0373 0.0361 0.0273 0.0558 0.0241

888 0.0206 0.0206 0.0257 0.0359 0.0337 0.0252 0.0471 0.0211

1184 0.0179 0.0191 0.0235 0.0331 0.0305 0.0229 0.0444 0.0197
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Table 3.4c. G-values for atrazine removal in gamma ray irradiated N2 saturated aqueous 

solutions at two different dose rates (59 Gy h‒1 and 97 Gy h‒1) and with three 

different initial concentrations of atrazine (6.95, 9.27 and 11.59 µM), pH = 

5.72. 

Absorbed 

dose (Gy) 

G-value 

(Dose rate = 59 Gy h‒1) 

Absorbed 

dose (Gy) 

G-value 

(Dose rate = 97 Gy h‒1) 

Atrazine concentration Atrazine concentration 

6.95 µM 9.27 µM 11.59 µM 6.95 µM 9.27 µM 11.59 µM

29.5 0.0967 0.0725 0.0725 48.5 0.0539 0.0637 0.0833 

59 0.0805 0.0846 0.0926 97 0.0612 0.0784 0.0833 

118 0.0725 0.0846 0.0805 194 0.0576 0.0735 0.0833 

177 0.0698 0.0819 0.0819 291 0.0604 0.0719 0.0735 

236 0.0685 0.0745 0.0775 388 0.0594 0.0680 0.0649 
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Table 3.4d. G-values for atrazine removal in gamma ray irradiated N2 saturated aqueous 

solutions at two different dose rates (212 Gy h‒1 and 296 Gy h‒1) and with 

three different initial concentrations of atrazine (6.95, 9.27 and 11.59 µM), 

pH = 5.72. 

Absorbed 

dose (Gy) 

G-value 

(Dose rate = 212 Gy h‒1) 

Absorbed 

dose (Gy) 

G-value 

(Dose rate = 296 Gy h‒1) 

Atrazine concentration Atrazine concentration 

6.95 µM 9.27 µM 11.59 µM 6.95 µM 9.27 µM 11.59 µM

106 0.0807 0.0538 0.0807 148 0.0626 0.0674 0.0658 

212 0.0672 0.0527 0.0605 296 0.0506 0.0530 0.0570 

424 0.0521 0.0482 0.0560 592 0.0454 0.0494 0.0530 

636 0.0493 0.0452 0.0478 888 0.0399 0.0431 0.0452 

848 0.0493 0.0440 0.0465 1184 0.0361 0.0409 0.0433 
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Table 3.5a. Observed dose constant (k), D0.5 and D0.9 for atrazine removal in N2 saturated 

aqueous solutions with different additives and N2O and air saturated solutions irradiated 

with gamma radiations. Experimental conditions: [ATZ]0 = 8.11 µM, dose  

     rate = 296 Gy h−1. 

  

  

 

Parameters N2 N2O Air t-BuOH 

(60 mM) 

i-PrOH 

(60 mM) 

Humic Acid 

(50 ppm) 

Chlor

(60 m

k (Gy‒1) 8.74 × 10‒4 5.96 × 10‒4 4.39 × 10‒4 5.50 × 10‒4 4.58 × 10‒4 9.58 × 10‒4 3.12 ×

D0.5 (Gy) 7.93 × 102 1.16 × 103 1.58 × 103 1.26 × 103 1.51 × 103 7.23 × 102 2.22 ×

D0.9 (Gy) 2.63 × 103 3.87 × 103 5.25 × 103 4.18 × 103 5.03 × 103       2.40 × 103 7.39 ×
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Table 3.5b. Observed dose constant (k), D0.5 and D0.9 for atrazine removal in N2 saturated 

aqueous solutions irradiated in presence of different concentrations of H2O2 

or at different pHs. Experimental conditions: [ATZ]0 = 8.11 µM, dose rate = 

296 Gy h−1. 

 

 

 

 

Table 3.5c. Observed dose constant (k), D0.5 and D0.9 of atrazine in N2 saturated gamma 

ray irradiated aqueous solutions containing 1 mM of respective ion.    

 

 

 

 

Parameters H2O2 pH 

5 mM 10 mM 20 mM 2.52 4.05 9.58 

k (Gy‒1) 7.26 × 10‒4 5.68 × 10‒4 5.11 × 10‒4 5.05 × 10‒4 6.41 × 10‒4 9.40 × 10‒4 

D0.5 (Gy) 9.54 × 102 1.22 × 103 1.36 × 103 1.37 × 103 1.08 × 103 7.38 × 102 

D0.9 (Gy) 3.17 × 103 4.05 × 103 4.51 × 103 4.56 × 103 3.59 × 103 2.45 × 103 

Parameters NO3
‒ NO2

‒ SO4
2‒ CO3

2‒ HCO3
‒ Br‒ 

k (Gy‒1) 2.89 × 10‒4 3.03 × 10‒4 3.94 × 10‒4 5.80 × 10‒4 5.26 × 10‒4 3.69 × 10‒4 

D0.5 (Gy) 2.40 × 103 2.29 × 103 1.76 × 103 1.20 × 103 1.32 × 103 1.88  × 103 

D0.9 (Gy) 7.97 × 103 7.60 × 103 5.85 × 103 3.97 × 103 4.37 × 103 6.24  × 103 
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3.2 Direct Photolysis of Atrazine 

The results obtained from the degradation of atrazine as a function of UV fluence at 

different pH is depicted in Figure 3.13. It has been previously reported that an organic 

molecule can undergo direct photolysis if the following two conditions are fulfilled: (1) 

organic molecule can absorb light energy at the specified wavelength(s) to produce an 

electronically excited state molecule and (2) chemical decomposition of the excited state 

molecule is competitive with physical deactivation process to non-excited state molecule 

(Parsons, 2004). It can be seen from Figure 3.13, that atrazine underwent direct 

photolysis using 253.7 nm UV radiations. If ‒ ln (C/C0) is plotted against UV fluence, a 

straight line was obtained and the slope of the line gave pseudo-first-order rate constant 

(kobs). The results showed that photolysis of atrazine followed pseudo-first-order kinetics 

with kobs of 7.59 × 10‒4, 7.73 × 10‒4 and 6.72 × 10−4 cm2 mJ−1 at pH of 3.0, 5.7 and 11.0, 

respectively. It has been reported that 253.7 nm UV photolysis can excite aromatic ring 

and therefore, atrazine is also expected to be photolysed due to the presence of aromatic 

ring in its structure (Shawaqfeh and Al Momani, 2010).  

The excitation and de-excitation process of atrazine during direct photolysis can be 

represented by the following simplified processes (Parsons, 2004), 

Atrazine 
hv  Atrazine*        (3.39) 

Atrazine*   Atrazine        (3.40) 

Atrazine*   Products        (3.41) 

The reaction (3.41), decomposition into degradation by-products, commonly involved 

in the removal of chloride ion with a subsequent replacement by OH group, resulting in 

the formation of hydroxy derivative of atrazine. This by-product of atrazine can further 

degraded into other atrazine by-products (Parsons, 2004).  

Based on the general expression, the rate of direct photolysis of atrazine at 253.7 nm 

can be written as (Parsons, 2004): 
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           (3.42) 

where ATZ , aI , 0I , ATZ , α, l, t and [ATZ] are the quantum yield of atrazine (mol 

einstein−1), the rate of light absorption by atrazine (einstein l−1 s−1), the photon fluence 

rate (einstein l−1 s−1), molar absorption co-efficient (M−1 cm−1), attenuation co-efficient 

(cm−1), optical path length of the reactor (cm), irradiation time and molar concentration 

of atrazine, respectively.  

The total absorbance (A = α +ԐATZ [ATZ] l) of 4.64 µM (1.0 ppm) atrazine solution at 

254 nm was less than 0.02, therefore, most of the incident light will be transmitted 

through aqueous solution of atrazine and the term 10‒[α+Ԑ
ATZ

[ATZ]l will be expanded on the 

basis of Taylor series and the integrated form of equation (3.42) can finally be written as 

(Mazellier et al., 2004; Parsons, 2004): 

                                                  (3.43) 

where [ATZ]0 and [ATZ] are atrazine concentrations at irradiation time zero and t, 

respectively. UV fluence is directly proportional to irradiation time (t), therefore, 

equation (3.43) can be alternatively described as: 

                                               (3.44) 

Applying the pseudo-first-order kinetics to atrazine photolysis, the UV fluence based 

rate of degradation can be written as; 

          (3.45)   

Comparing equations (3.44) and (3.45), the following relationship can be obtained; 

 obsk =         (3.46) 
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Figure 3.13. Effect of pH on direct photolysis of atrazine. Experimental conditions: 

[ATZ]0 = 4.64 µM, UV fluence rate = 0.10 mW cm–2. 
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The photon fluence rate and optical path length (l) for a reactor are constant, 

therefore, the rate of pollutant degradation by direct photolysis are directly influenced by 

two fundamental parameters, i.e., molar absorption co-efficient and quantum yield. The 

quantum yield of atrazine was calculated by using equation (3.47) (Bolton and Stefan, 

2002): 

         (3.47) 

where Uλ is the energy of one mole of photon (J einstein‒1) at the wavelength of UV 

radiation. At 253.7 nm, its value is 471,528 J einstein‒1 (Bolton and Stefan, 2002). The 

kobs was calculated from the slope of the plot of ‒ ln ([ATZ]/[ATZ]0) versus UV fluence 

using equation (3.45), whereas ԐATZ was determined using Beer-Lambert law (A = Ԑlc) 

by plotting absorbance versus concentration and using the slope as ԐATZ value because 

path length (l) is 1 cm. The quantum yield at pH 5.7 and 253.7 nm UV radiation was 

determined as 0.045 mol einstein‒1 by using kobs = 7.73 × 10‒4 cm2 mJ‒1 and ԐATZ = 3504 

M‒1 cm‒1 determined by above mentioned procedures. The quantum yield and molar 

absorption co-efficient of atrazine calculated in this study agreed with the values obtained 

by De Laat and co-workers (1997) (ԐATZ = 3449 M‒1 cm‒1, ATZ = 0.041), Bolton and 

Stefan, (2002) (ԐATZ = 3683 M‒1 cm‒1, ATZ = 0.033) and Nick and co-workers (1992) 

(ԐATZ = 3860 M‒1 cm‒1, ATZ = 0.050).  

It can also be seen from Figure 3.13 that pH has no significant impact on the direct 

photolysis of atrazine and a similar trend was also observed by Hessler and co-workers 

(1993) for atrazine and metazachlor. In the present study, 253.7 nm UV radiations was 

applied for direct photolysis of atrazine, which has not sufficient energy to generate •OH 

or hydrated electrons from photolysis of water molecules.  The photolysis of water 

molecules can only be carried out at wavelengths lower than 190 nm (Imoberdorf and 

Mohseni, 2012; De la Cruz et al., 2012). Therefore, direct photolysis of atrazine only 

occurred as a result of absorbing UV radiation to produce excited state molecules. 

Atrazine is considered as a weak Lewis base (pKa = 1.68) (Prosen and Zupančič-Kralj, 
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2005). Atrazine contains chlorine and nitrogen atoms, which show basic properties due to 

the presence of lone pair of electrons on them and the compound may be hydrogenated at 

low pH conditions. Applying the Henderson-Hasselbalch equation, only about 4.6% of 

atrazine exists in the hydrogenated form at pH 3.0. It could possibly be suggested from 

pH effect that hydrogenation of atrazine did not change its UV light absorbance 

characteristics; otherwise the degradation rate could be affected. Similarly, the findings 

also suggest that high pH also didn’t result in changing the UV light absorption properties 

of atrazine. 

3.3 Degradation of Atrazine by UV/Oxidant Processes 

3.3.1 Effect of initial concentration of oxidants and their nature 

The degradation of atrazine was performed by three different UV/oxidant processes; 

i.e., UV/H2O2, UV/HSO5
− and UV/S2O8

2− and the results are presented in figures 3.14, 

3.15 and 3.16, respectively. The oxidants are activated by UV light which result in the 

formation of •OH or SO4
•‒ or both of these radicals depending on the structure of the 

oxidants (as shown in reactions (3.48-3.50)) (Antoniou et al., 2010a).  

H-O-O-H 
hv 2 •OH         (3.48) 

‾SO3-O-O-SO3‾  
hv  2 SO4

•‾       (3.49) 

H-O-O-SO3‾
hv  •OH + SO4

•−       (3.50) 

The reactions (3.48-3.50) show that H2O2 and PS (persulfate) result in the generation 

of •OH or SO4
•‒ radicals, respectively, due to their symmetric structure of the oxygen-

oxygen bond. On the other hand, PMS (peroxymonosulfate) produces both •OH and SO4
•‒ 

radicals due to its asymmetric structure with respect to peroxide bond (Antoniou et al., 

2010a). Compared to direct photolysis, the presence of reactive radicals led to a higher 

removal rate of atrazine in UV/oxidant processes. 
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It can be seen from Figure 3.17 that the kobs of atrazine increased with increase in 

initial oxidant concentration. As shown in reactions (3.48-3.50), the oxidants generate 

reactive radicals in UV irradiated aqueous atrazine solutions. The increased initial 

oxidant concentration resulted in higher concentration of reactive radicals in illuminated 

solutions, which subsequently led to higher kobs. All the three processes at oxidant 

concentrations of 46.4 µM (10 times of initial atrazine molar concentration) as well as the 

direct photolysis were compared in Table 3.6, with respect to kobs, UV0.5 and UV0.9 (UV0.5 

and UV0.9 represent the UV fluence required to degrade 50 and 90% of atrazine under 

mentioned conditions, respectively). UV0.5 and UV0.9 were used to compare the removal 

efficiency of atrazine by different processes. UV0.5 and UV0.9 were calculated by using the 

following equations based on pseudo-first-order kinetics, i.e., equation (3.45).   

         (3.51)  

         (3.52) 

By comparing, kobs, UV0.5 and UV0.9 values in studied processes (Table 3.6), the 

efficiency order for degradation of atrazine was found to be UV/PS > UV/PMS > 

UV/H2O2. The three oxidants (H2O2, PMS and PS) have similar structures as can be seen 

from reactions (3.48-3.50). Due to its bulky size, SO3 influences the oxygen-oxygen bond 

length in PMS and PS. As a result, O‒O bond length is increased that subsequently 

decreased the bond energy in the order PS < PMS < H2O2. The bond lengths of peroxide 

bond (O‒O bond) in H2O2, PMS and PS were calculated as 1.458, 1.463 and 1.497 Å, 

respectively (Appelman et al., 1985; Yang et al., 2010). The peroxide bond energies in 

H2O2 and PS were calculated as 213.3 and 140.0 kJ mol‒1, respectively (Yang et al., 

2010). There is currently no reference value available in literature for peroxide bond 

energy in PMS, however, it is suggested that its value could be between H2O2 and PS 

based on the peroxide bond lengths (Yang et al., 2010). The lower peroxide bond energy 

resulted in an easier activation of PS by UV radiation than PMS and H2O2. Consequently, 

UV/PS showed higher removal efficiency followed by UV/PMS and then UV/H2O2. In 
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addition, the higher quantum yield of reactive radicals formation for UV/PS could also 

contributed to its higher removal efficiency, i.e., 1.8 for UV/PS as compared to 1.04 and 

1.0 for UV/PMS and UV/H2O2, respectively (He et al., 2013). 
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Figure 3.14. Effect of initial H2O2 concentration on photochemical degradation of 

atrazine at pH 3.0 (a) and 5.7 (b). In dark reaction 92.80 µM H2O2 was used. 

[ATZ]0 = 4.64 µM, UV fluence rate = 0.10 mW cm–2. 
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Figure 3.15. Effect of initial PMS concentration on degradation of atrazine solution (4.64 µM) 

at pH 4.5 and 7.4. In dark reaction 46.40 µM PMS was used. UV fluence rate = 0.10 mW cm–2. 
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Figure 3.16. Effect of initial PS concentration on degradation of atrazine solution (4.64 

µM) at pH 5.3 and 7.4. In dark reaction 46.40 µM PS was used. UV fluence 

rate = 0.10 mW cm–2. 
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Figure 3.17. Effect of initial oxidant concentration on kobs for removal of 4.64 µM 

atrazine solution. UV fluence rate = 0.10 mW cm–2. 
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Table 3.6. The kobs, UV0.5 and UV0.9 of atrazine in various processes. The initial 

concentrations of atrazine and oxidants were 4.64 µM and 46.4 µM, 

respectively. UV  fluence rate = 0.10 mW cm–2. 

 

 

Parameters UV alone  

at pH 5.7 

UV/H2O2 

 at pH 3.0 

UV/H2O2 

 at pH 5.7 

UV/PMS 

 at pH 4.5 

UV/PMS  

at pH 7.4 

UV/PS  

at pH 5.3 

UV/PS  

at pH 7.4 

kobs 

(cm2 mJ‒1) 

7.73 × 10‒4 1.18 × 10‒3 1.36 × 10‒3 2.02 × 10‒3 2.06 × 10‒3 3.46 × 10‒3 5.10 × 10‒3

UV0.5 

(mJ cm‒2) 

896.58 587.41 509.29 342.97 335.99 200.39 135.80 

UV0.9 

(mJ cm‒2) 

2978.38 1951.34 1691.83 1139.33 1116.13 665.68 451.13 
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3.3.2 Influence of pH on UV/oxidant processes 

The influence of pH on UV/oxidant processes is obivous from Table 3.6. It can be 

seen from Table 3.6 that UV/H2O2 and UV/PMS are not very much affected by change in 

pH while UV/PS oxidant process has been influenced to a significant extent. Kang et al. 

(2000) reported that the production rate of •OH in UV/H2O2 (reaction (3.48)) is 

independent of pH, therefore, UV/H2O2 process was observed to be independent of pH 

used in this study, i.e., 3.0 and 5.7. The small difference in kobs, 1.36 × 10‒3 and 1.18 × 

10‒3 cm2 mJ‒1 at pH 5.7 and 3.0, respectively,  can be attributed to the scavenging effect 

of chloride ions for •OH at pH 3.0 as shown in reaction (3.53) (Fang et al., 2012). The 

results also suggest the lower reactivity of ClOH•‒ towards atrazine as compared to •OH.  

Cl‒ + •OH → ClOH•‒     (k = 4.3 × 109 L mol‒1 s‒1) (3.53) 

The degradation efficiency of UV/PS improved when pH changed from 5.3 to 7.4, 

with kobs of 3.46 × 10‒3 and 5.10 × 10‒3 cm2 mJ‒1, respectively. It has been reported that 

PS has minimal activation energy at neutral pH (Liang et al., 2007; Gao et al., 2012) and, 

thus, UV/PS has maximum concentration of SO4
•− at pH 7.4 than at 5.3 in the present 

study. The greater SO4
•− concentration led to higher kobs. Liang and co-workers (2007) 

have also found higher kobs for trichloroethylene at pH 7 than at pH 4 and 9 in UV/PS 

process. Similarly, Gao and co-workers (2012) observed higher kobs for sulfamethazine at 

pH 6.5 than at pH 3.0 and 11.0 in UV/PS treatment. 

3.3.3 Determination of rate constants of atrazine with •OH and SO4
•− 

In order to find out the contribution of •OH and SO4
•‒ radicals in atrazine degradation, 

second order rate constant of these radicals with atrazine were determined by competition 

kinetics. Due to direct photolysis of atrazine at 253.7 nm, its degradation under UV 

radiation was taken into account, in order to avoid the interference by direct photolysis.  
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3.3.3.1 Reaction with hydroxyl radical 

Competition kinetics was used for studying the second order rate constant for the 

reaction of hydroxyl radical with atrazine, employing para-chlorobenzoic acid (p‒CBA, 

k•OH, p‒CBA = 5.0 × 109 M‒1 s‒1) as a competitor (Buxton et al., 1988). The hydroxyl 

radicals were generated in solutions by splitting of H2O2 with UV radiation (as shown in 

reaction (3.48)). In order to avoid the interferences by direct photolysis, a recently 

developed kinetic equation (3.54) was used to calculate the rate constant (Pereira et al., 

2007). 

    (3.54) 

where, k•OH, kUV/H2O2 and kUV represent the second order rate consatnt of hydroxyl radical, 

UV fluence based rate constant of UV/H2O2 process and UV fluence based rate constant 

of direct photolysis, respectively. The words “s” and “ref” were used to denote the 

sustrate and reference compounds, in this case atrazine and p‒CBA, respectively. Tow 

series of experiments were performed for calculation of kUV/H2O2 and kUV for both atrazine 

and p‒CBA. In one series, for measuring the kUV/H2O2, the irradiating solution contains 

4.64 µM atrazine, 4.64 µM p‒CBA and 1 mM of H2O2, while the other series was free of 

H2O2 and was used for calculation of kUV. The depletion of atrazine and p‒CBA have 

been observed to follow pseudo-first order kinetics, therefore, equation (3.45) was used 

for calculation of kUV/H2O2 and kUV (see Figure 3.18a). By plotting ‒ ln ([C]/[C]0) as a 

function of UV fluence, a linear relationship was obtained with a slope equal to UV 

fluenced based observed rate constant in units of cm2 mJ‒1 as shown in Figure 3.18b. In 

these plots, [C]0 and [C] are the concentrations of atrazine and p‒CBA at irradiation time 

“zero” and “t”, respectively. The bimolecular rate constant of atrazine with •OH was 

calculated as 2.3 × 109 M‒1 s‒1, which is in good agreement with the previously reported 

values in literature. For example, Haag and Yao (1992), De Laat and co-workers (1994) 
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and Chramosta and co-workers (1993) have obtained almost similar values of (2.6 ± 0.4) 

× 109 M‒1 s‒1, 2.4 × 109 M‒1 s‒1 and 1.7 × 109 M‒1 s‒1, respectively.  

3.3.3.2 Reaction with sulfate radical 

To the best of our knowledge the second order rate constant of atrazine with SO4
•− 

has been reported in this study for the first time. The procedure applied for the 

determination of rate constant of atrazine with SO4
•− was similar to that used for hydroxyl 

radical. However, the sulfate radicals in this case were produced by cracking of persulfate 

dianion (PS, S2O8
2‒) with UV radiation (reaction (3.49)) and meta‒Toluic acid (m-TA, 

kSO4•‒,m‒TA = 2.0 × 109 M‒1 s‒1) was used as a competitor (Neta et al., 1977). SO4
•− may 

produce •OH in aqueous solution (see reaction (3.55) below), therefore, to prevent the 

possible intervention of •OH, t-BuOH was used to scavenge •OH (Fang et al., 2012). One 

set of experiment contained 4.64 µM atrazine, 4.64 µM m‒TA, 50 mM t‒BuOH and 1 

mM PS whereas the other set was similar to the first one except that no PS was added, 

and both sets of the experiments were buffered at pH 7.40 with phosphate solution. The 

results are shown in figures 3.18c and d. The second order rate constant of SO4
•− with 

atrazine was calculated as 2.6 × 109 M‒1 s‒1. 

SO4
•‒ + H2O → SO4

2‒ + •OH + H+   (k = 2.0 × 103 M‒1 s‒1)  (3.55) 
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Figure 3.18. Determination of second order rate constant of atrazine with •OH (a and b) 
and SO4

•− (c and d). Experimental conditions: for k•OH/ATZ determination;  
[ATZ]0 = 4.64 µM, [p-CBA]0 = 4.64 µM,  [H2O2]0 = 1 mM;  and for 
kSO4•−/ATZ determination;  [ATZ]0 = 4.64 µM, [m-TA]0 = 4.64 µM,  [S2O8

2−]0 
= 1 mM, [t-BuOH]0 = 50 mM, [phosphate buffer]0 = 5 mM. 



120 

 

3.3.4 Degradation by‐products and proposed degradation mechanism  

The degradation by-products of atrazine formed under four different applied 

processes, i.e., direct photolysis; UV/H2O2, UV/PMS and UV/PS were monitored. The 

irradiated atrazine samples were collected at different UV fluence intervals and then 

analyzed by LC-MS/MS and GC-MS. All the identified degradation by-products with 

their molecular weights, retention times, abbreviations, names and structures are shown 

in Table 3.7. The nomenclature used in abbreviations for representing the compound 

names is the one that has already been used by other authors (Hapeman-Somich et al., 

1992; Nélieu et al., 2000): A amino, C chloro, D acetamido, E ethylamino, F formamido, 

I isopropylamino, M methylamino, N 2-hydroxy-ethylamino, O hydroxy, V vinylamino 

and T s-triazine ring. The characters H and P were used here for the first time to represent 

2-hydroxy-isopropylamino and isopropenylamino, respectively. More details about 

abbreviation of compounds are given in Table 3.7. 

In addition to electronic excitation in all cases, the intermediates formed in UV/H2O2 

can be attributed to the •OH attack, while in UV/PMS and UV/PS processes to both •OH 

and SO4
•‒ reactions. However, the reaction intermediates formed in UV/PMS and UV/PS 

processes cannot be distinguished with certainty whether they are resulted from which 

radical species (Antoniou et al., 2010b). Hydroxyl and sulfate radicals react with organic 

compounds through three different mechanisms: (i) addition to unsaturated carbon 

including aromatic ring, (ii) hydrogen abstraction (H-abstraction) from saturated carbon 

and (iii) electron abstraction (e-abstraction) from aromatic ring, double bond or 

carboxylate (Antoniou et al., 2008; Antoniou et al., 2010b; Méndez-Díaz et al., 2010; 

Song et al., 2012). In case of atrazine, the reactive radicals can attack the aromatic ring or 

the side chains (ethylamino and isopropylamino groups). Reaction of •OH or SO4
•‒ with 

aromatic ring results in the formation of short life-span radical adducts or aromatic cation 

radicals (Antoniou et al., 2010b), which react with water forming hydroxylated atrazine 

radicals and finally leading to hydroxylated by-products (reaction (3.56), Song et al., 

2012). 
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Scheme I. Chemical structure of atrazine. 

 

 

 

 

 

Scheme II. Chugaev type de‐alkylation of atrazine by direct photolysis. 
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Scheme IIIa. 
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Scheme III b. 
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Scheme IIIc. 

 

Scheme III. Proposed degradation mechanism of atrazine: (1) de-alkylation, (2) 

dechlorination-hydroxylation, (3), alkylic-hydroxylation, (4) alkylic-oxidation, (5) 

olefination, (6) deamination-hydroxylation and (7) dechlorination-hydrogenation. The by‐

products inside the brackets were not detected here but determined by other authors or 

proposed (Chen et al., 2009a). Reaction conditions: [ATZ]0 = 23.20 µM, [H2O2]0 = 

[PMS]0 = [PS]0 = 232.00 µM.  
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           (3.56) 

The reactive radicals can also rapidly attack on the side ethylamino or iso-

propylamino chains and may abstract a hydrogen atom followed by different reactions 

including addition of •OH, oxygen or water molecules. Due to steric hindrance, the lateral 

chains of atrazine are more exposed to reactive radicals than s-triazine ring. With no 

carboxylate or double bond, atrazine mainly reacts with the radicals through H-

abstraction at the lateral chains. 

In present study thirty five degradation by-products were identified, eight of which 

are new degradation by-products (Bianchi et al., 2006; Chen et al., 2009; Cui et al., 2002; 

Nélieu et al., 2000; Ta et al., 2006; Torrents et al., 1997). A potential degradation 

mechanism for atrazine was then evaluated exhibiting seven different degradation 

pathways, such as de-alkylation, dechlorination-hydroxylation, alkylic-hydroxylation, 

alkylic-oxidation, olefination, deamination-hydroxylation and dechlorination-

hydrogenation. 

I. De-alkylation reactions, illustrated by path 1 in Scheme III, engage in the removal 

of alkyl groups from the lateral chains of atrazine and may occur alone or in combination 

with other classes of reactions. The most acceptable mechanism of atrazine de-alkylation 

through direct photolysis is the Chugaev type elimination reaction as shown in Scheme II 

(Tadic and Ries, 1971). The de-alkylation reactions could also arise from the homolytic 

or heterolytic cleavage of the B, C, E and F bonds of the excited atrazine molecules 

during UV irradiation.  With regards to the bond strength, it has been reported to follow 

the order: F > C > B > E (Scheme I), showing that the removal of ethyl group is easier 

than isopropyl group (Ta et al., 2006).  
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Indeed, reactive radicals produced in AOPs are much more effective in removing the 

lateral alkyl groups of atrazine (Bianchi et al., 2006). The •OH/SO4
•‒ undergoes H-

abstraction from side chain of atrazine resulted in the formation of carbon centered 

radical. This radical is then attacked by oxygen from solution, producing peroxy radical 

intermediate which upon subsequent reactions leads to the removal of lateral alkyl group 

with the formation of acetaldehyde (reaction (3.57)) (Acero et al., 2000; Rejto et al., 

1983). 

 

(3.57) 

II. Dechlorination-hydroxylation reactions (path 2, Scheme III) involved the 

replacement of chlorine with a hydroxyl group. Direct UV photolysis (at 253.7 nm) of 

atrazine resulted in either homolytic or heterolytic cleavage of C-Cl bond of the excited 

molecules. In case of homolytic cleavage, the process is followed by the transfer of an 

electron from carbon atom to chlorine radical resulting in carbocation formation. 

Heterolytic cleavage is favored by water molecules due to its polar nature. Both of the 

cleavages are proceeded by carbocation reaction with water to form OEIT (2-hydroxy-4-

ethylamino-6-isopropylamino-s-triazine) (Héquet et al., 2001). Chen and co-workers 

(2009) reported that the bond length of C-Cl bond in atrazine is 1.734 Å and was 

considered to be the longest bond among all other bonds, whereas the polarity associated 

with this bond is relatively lower and found to be 0.293. As a result, the cracking of this 

bond is easiest and, therefore, hydroxy atrazine is obtained in maximum concentration 

compared to any other degradation by-products of atrazine. Previous studies showed that 

this reaction of dechlorination-hydroxylation was mainly attributed to direct UV 

photolysis. Torrents and co-workers (1997) observed that the rate of dechlorination is 

unaffected by •OH and singlet oxygen which strongly emphasizes that dechlorination-

hydroxylation occurred as a result of direct UV photolysis only. The OH group during 

dechlorination-hydroxylation is probably provided by water molecules (reaction (3.58), 
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Pape and Zabik, 1970). However, Angelini et al. (2000) observed the formation of OEIT 

in gamma radiolysis study, which suggests that dechlorination-hydroxylation can also be 

initiated by reactive radicals in UV/oxidant processes as shown in reaction (3.56).  

 

 (3.58) 

III. Alkylic-hydroxylation, represented by path 3 in Scheme III, is a process when a 

hydrogen atom of the side chain is replaced by hydroxyl group. The H-abstraction by 
•OH/SO4

•‒ on the lateral alkyl-amino chains resulted in a carbon centered radical which 

could be attacked by •OH to form alkylic-hydroxylation products (reaction (3.59)).  

(3.59) 

IV. Alkylic-oxidation, shown by path 4 in Scheme III, was resulted from H-

abstraction by •OH/SO4
•‒ leading to the formation of a carbon radical compound (reaction 

(3.60)). The alkylic-oxidation products could also arise from dehydrogenation of alkylic-

hydroxylation by-products.  

 

           (3.60) 

V. Olefination by-products (path 5 in Scheme III) resulted from the dehydration of 

alkylic-hydroxylation by-products (Nélieu et al., 2000). The H-abstraction by reactive 

radicals from lateral chains of atrazine can also lead to the formation of olefination by-

products in accordance of reaction (3.61).  
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(3.61) 

VI. Deamination-hydroxylation (path 6 in Scheme III) is expected to take place after 

the removal of lateral alkyl chains and then a subsequent replacement of amino groups by 

hydroxyl groups (Ta et al., 2006). If only alkyl groups are removed from lateral amino-

alkyl chains then it may result in the formation of neutral alkenes or alkyl radicals as 

suggested by Ta and co-workers (2006). However, the determination of ethylamine and 

iso-propylamine as degradation by-products of atrazine suggested that deamination-

hydroxylation can also take place before the removal of alkylic groups (path 6, Scheme 

III, Angelini et al., 2000).  

VII. Dechlorination-hydrogenation (path 7 in Scheme III) is similar to dechlorination-

hydroxylation mechanism except that chlorine is replaced by hydrogen atoms possibly 

from water molecules (Karci et al., 2012; Zhou et al., 2008).  

The atrazine by-products were identified from their m/z values and mass spectra. In 

the following discussion, special attention has been paid to the explanation of eight newly 

identified degradation by-products of atrazine. 

i. In UV/PMS and UV/PS, a new peak corresponding to parent molecular ion of m/z 

= 246 with retention time of 0.735 min was observed.  This new compound was proposed 

to be 2-chloro‐4‐acetamido‐6‐(2‐hydroxy‐isopropylamino)‐s‐triazine (CDHT). The 

compound has fragment ions at m/z = 58, 74, 187 and 204. The fragment ions correspond 

to m/z = 58, 187 and 204 resulted when nitrogen atom of –NHCOCH3 side branch is 
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protonated while m/z = 74 fragment ion formed when nitrogen atom of –NHCOH(CH3)2  

side chain is protonated. The fragmentation pathway of CDHT is shown in Figure 3.19.  

 

Figure 3.19. MS/MS fragmentation pathway of CDHT. 
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ii. In UV/H2O2, one new peak was found with abundant parent ion at m/z = 214 

having retention time of 4.614 min. Based on the mass spectra, this compound was 

identified as 2‐hydroxy‐4‐(2‐hydroxy‐ethylamino)‐6‐isopropylamino-s-triazine (ONIT). 

The fragment ions of this peak were at m/z = 155, 170 and 196. The m/z = 155 arises 

when the C-N bond of protonated isopropylamino side chain cleaved through heterolytic 

cleavage leading to the fragmenting of isopropyl amine while residing the positive charge 

on the carbon atom of the s-triazine ring. The m/z = 170 comes into existence when the 

hydroxy‐ethylamino chain is protonated and then removal of CH2=CHOH occurs. The 

compound will gives m/z = 196 ion when hydroxyl group of s-triazine ring or hydroxy‐

ethylamino chain is protonated and then removal of water occurs leaving behind the 

carbonium ion. The structures were sketched in Figure 3.20.  

iii. Another new peak in UV/PS process has the same parent ion as that of ONIT, m/z 

= 214, but different retention time (7.932 min) and MS-MS behavior. This compound 

was identified as 2-chloro‐4‐vinylamino‐6‐isopropylamino‐s‐triazine (CVIT) and has 

fragment ions at m/z = 171, 172 and 188 suggesting the loss of aminoethene, propyne and 

acetylene, respectively, from protonated CVIT (Figure 3.21). 

iv. The fourth new compound was suggested as 2-hydroxy-4-vinylamino-6-(2-

hydroxy-isopropylamino)-s-triazine (OVHT, m/z = 212) and was detected in UV/PMS 

process at retention time of 0.560 min. The fragment ions associated with it are m/z = 137 

and 169. The m/z = 137 originated from the removal of 2-amino-2-propanol while m/z = 

169 resulted from the loss of aminoethene as shown in Figure 3.22. 

v. The fifth new peak was determined at m/z = 210 with retention time of 4.325 min 

in UV/PS process. This new peak has fragment ions at m/z = 58 (positive acetamide ion 

formation with McLafferty type rearrangment), 153 (with the loss of isopropyl amine), 

168 (with the loss of a ketene) and 170 (with the loss of a propyne or propadiene) (Figure 

3.23). This compound was suggested as 2-hydroxy-4-acetamido-6-isopropenylamino-s-

triazine (ODPT).   
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Figure 3.20. MS/MS fragmentation pathway of ONIT. 
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Figure 3.21. MS/MS fragmentation pathway of CVIT. 

 

Figure 3.22. MS/MS fragmentation pathway of OVHT. 
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vi. The sixth new compound was determined to be 2-hydroxy-4-(2-hydroxy-

ethylamino)-6-vinylamino-s-triazine (ONVT) at m/z = 198 with retention time of 1.362 

min in UV/PMS process. This compound has same molecular ion with three other 

compounds (as shown in Table 3.7) but have different MS-MS behavior and retention 

time. It has fragment ions at m/z = 154 and 155, suggesting the loss of acetaldehyde and 

aminoethene, respectively (Figure 3.24).  

vii. The seventh new compound was observed in UV/H2O2 and UV/PMS processes at 

retention time of 8.215 min. It has a strong molecular ion at m/z = 186 with 142 and 155 

as fragment ions. The compound was predicted as 2-hydroxy-4-(2-hydroxy-ethylamino)-

6-methylamino-s-triazine (ONMT). The m/z = 142 and 155 resulted from the loss of 

acetaldehyde and methyl amine from protonated ONMT, respectively (Figure 3.25). 

viii. The eighth new compound has an abundant parent ion peak at m/z = 172 with 

retention time of 1.968 min and was observed in UV/H2O2 process. Based on the mass 

spectra behavior, this compound was identified as 2-chloro-4-vinylamino-6-amino-s-

triazine (CVAT). The fragment ion peak associated with CVAT is m/z = 146 (with the 

loss of acetylene) (Figure 3.26). 
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Figure 3.23. MS/MS fragmentation pathway of ODPT. 

 

Figure 3.24. MS/MS fragmentation pathway of ONVT. 
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Figure 3.25. MS/MS fragmentation pathway of ONMT. 

 

 

Figure 3.26. MS/MS fragmentation pathway of CVAT. 
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Table 3.7. Molecular weights, retention times, abbreviations, names and structures of 

atrazine and its degradation by‐products. A general structure of atrazine and its 

degradation by-products is also shown. For R1, R2 and R3 see Table 3.7. 

 

M+H+ 

(m/z) 

Retention 

time (min) 

MS/MS 

fragment 

ions 

Compounds Abbreviations Detection 

process 

R1 R2 R

216 8.007 174 2-chloro-4-ethylamino-6-

isopropylamino-s-triazine 

(Atrazine) 

CEIT  Cl NHC2H5 N

246 0.735 58, 74, 

187, 204 

2-chloro-4-acetamido-6-(2-

hydroxy-isopropylamino)-

s-triazine  

Detected in present study 

CDHT UV/PMS, 

UV/PS 

Cl NHCOCH3 N

230 7.536 188 2-chloro-4-acetamido-6-

isopropylamino-s-triazine 

CDITb UV/H2O2, 

UV/PS, 

UV/PMS 

Cl  NHCOCH3  N

228 8.684 170, 186 2-hydroxy-4-acetamido-6-

(2-hydroxy-

isopropylamino)-s-triazine 

ODHTb UV/PS OH NHCOCH3  N

216 6.103 157, 174 2-chloro-4-ethylamino-6-

acetamido-s-triazine 

CEDTd UV/H2O2, 

UV/PS, 

UV/PMS, UV 

Cl NHC2H5 N

216 9.229 174, 188 2-cholro-4-formamido-6- CFITc UV/H2O2, UV Cl  NHCHO N
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 isopropylamino-s-triazine 

214 4.614 155, 170, 

196 

2-hydroxy-4-(2-hydroxy-

ethylamino)-6-

isopropylamino-s-triazine 

Detected  in present study 

ONIT UV/H2O2 OH NHCH(OH)CH3 N

214 7.932 171, 172, 

188 

2-chloro-4-vinylamino-6-

isopropylamino-s-triazine 

Detected  in present study 

CVIT UV/PS Cl NHCH=CH2 N

212 1.672 170 2-hydroxy-4-acetamido-6-

isopropylamino-s-triazine 

ODITb UV/H2O2, 

UV/PS, 

UV/PMS 

OH NHCOCH3  N

212 0.964 153,  170, 

194 

2-hydroxy-4,6-

diacetamido-s-triazine 

ODDTb UV/H2O2, 

UV/PS 

OH NHCOCH3  N

212 0.560 137, 169 2-hydroxy-4-vinylamino-6-

(2-hydroxy-

isopropylamino)-s-triazine 

Detected  in present study 

OVHT UV/PMS OH NHCH=CH2 N

210 4.325 58, 153, 

168, 170 

2-hydroxy-4-acetamido-6-

isopropenylamino-s-

triazine 

Detected  in present study 

ODPT UV/PS OH NHCOCH3 N

198 5.440 156, 170 2-hydroxy-4-ethylamino-6-

isopropylamino-s-triazine 

OEITa UV/H2O2, 

UV/PS, 

UV/PMS, UV 

OH NHC2H5 N

198 0.915 153, 156 2-hydroxy-4-ethylamino-6-

acetamido-s-triazine 

OEDTb UV/PS, 

UV/PMS 

OH NHC2H5 N

198 6.440 172 2-chloro-4,6-divinylamino- CVVTb UV/PS, Cl NHCH=CH2 N
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s-triazine UV/PMS 

198 1.362 154, 155 2-hydroxy-4-(2-hydroxy-

ethylamino)-6-vinylamino-

s-triazine 

Detected  in present study 

ONVT UV/PMS OH NHCH(OH)CH3 N

196 0.306 154, 170 2-hydroxy-4-vinylamino -

6-isopropylamino-s-

triazine 

OVITb UV/PMS OH NHCH=CH2 N

188 6.878 146 2-chloro-4-amino-6-

isopropylamino-s-triazine 

CAITa UV/H2O2,UV/

PS, UV/PMS 

Cl  NH2  N

188 3.092 58, 146 2-chloro-4-acetamido-6-

amino-s-triazine 

CDATb UV/H2O2,UV/

PS 

Cl  NHCOCH3 N

186 8.215 142, 155 2-hydroxy-4-(2-hydroxy-

ethylamino)-6-

methylamino-s-triazine 

Detected  in present study 

ONMT UV/H2O2,UV/

PMS 

OH NHCH(OH)CH3 

 

N

184 2.065 142 2-hydroxy-4-methylamino-

6-isopropylamino-s-

triazine 

OMITb UV OH NHCH3  N

182 0.395 140, 154 4-ethylamino-6-

isopropylamino-s-triazine 

EITb UV/PS H NHC2H5 N

174 3.534 146 2-chloro-4-ethylamino-6-

amino-s-triazine 

CEATa UV/H2O2,UV/

PS, UV/PMS, 

UV 

Cl  NHC2H5  N

172 1.968 146 2-chloro-4-vinylamino-6-

amino-s-triazine 

Detected  in present study 

CVAT UV/H2O2 Cl NHCH=CH2 N

170 0.634 128 2-hydroxy-4-amino-6-

isopropylamino-s-triazine 

OAITa UV/H2O2, 

UV/PS, UV 

OH NH2 N
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References: 
aBianchi et al., 2006 

171 0.508 129 2,4-dihydroxy-6-

isopropylamino-s-triazine 

OOITb UV/H2O2,UV/

PMS 

OH OH N

170 0.940 58, 128 2-hydroxy-4-acetamido-6-

amino-s-triazine 

ODATb UV/PS OH NHCOCH3 N

166 0.286 138, 140 4-ethylamino-6-

vinylamino-s-triazine 

EVTb UV/PS H NHC2H5  N

156 0.486 128 2-hydroxy-4-ethylamino-6-

amino-s-triazine 

OEATa UV/H2O2 OH NHC2H5 N

154 0.819 112 4-amino-6-

isopropylamino-s-triazine 

AITb UV H NH2 N

154 7.220 128 2-hydroxy-4-vinylamino-6-

amino-s-triazine 

OVATb UV/PMS OH NHCH=CH2 N

146 1.179 129 2-chloro-4,6-diamino-s-

triazine 

CAATa UV/H2O2,UV/

PS, UV/PMS 

Cl NH2 N

130 2.225 68, 79, 

112 

2,4,6-trihydroxy-s-triazine 

(cyanuric acid) 

OOOTa UV/H2O2, 

UV/PS 

OH OH O

129 0.360 71, 79, 

112 

2,4-dihydroxy-6-amino-s-

triazine 

OOATa UV/H2O2 OH OH N

128 0.456 71, 112 2-hydroxy-4,6-diamino-s-

triazine (ammeline) 

OAATa UV/PS, 

UV/PMS 

OH NH2 N

114 7.786 96 4,6-dihydroxy-s-triazine OOTb UV H OH O
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bChen et al., 2009 

cCui et al., 2002 

dNélieu et al., 2000 
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3.3.5 Degradation of atrazine in field water samples 

The natural water is actually a complex mixture of organic compounds and inorganic 

ions. To evaluate the potential applications of UV/H2O2, UV/HSO5
− and UV/S2O8

2− 

processes, degradation of atrazine was investigated in three natural water samples. The 

field water samples were collected from Toledo Water Plant (TWP), OH on August 18th, 

2010, Green Lab Water (GLW) and East Fork Lake (EFL), OH on July 19th, 2010. The 

Physicochemical properties of these natural water samples are shown in Table 3.8. These 

parameters were determined after filtering the water samples from 0.2 µm glass filters.  

Water quality parameters, such as total alkalinity, conductivity and turbidity were 

measured in the Water Quality Certified Laboratory of Greater Cincinnati Water Works. 

USEPA Method 415.3 was used for calculation of specific UV absorbance at 254 nm 

(SUVA254) (Potter and Wimsatt, 2005) and other USEPA standard methods were used for 

calculation of other parameters.  

The experimental results are presented in figures 3.27a, 3.27b and 3.27c. In this study 

the natural waters were observed to exhibit a lower degradation rate of atrazine as 

compared to Milli-Q water under similar experimental conditions. The adverse impact of 

natural waters on atrazine degradation is possibly due to the presence of natural organic 

matter (NOM) as well as alkalinity in these water samples. The scavenging properties of 

NOM for hydroxyl radicals have already been reported in literature (He et al., 2013). 

Less information is available about the scavenging effect of NOM for sulfate radicals; 

however, it has been expected that the reaction rate constant of sulfate radicals with 

NOM is at least one order of magnitude lower than the reaction rate constant of hydroxyl 

radicals with NOM (He et al., 2013). These informations suggest that both hydroxyl 

radical based advanced oxidation processes (HR-AOPs) and sulfate radical based 

advanced oxidation processes (SR-AOPs) could be influenced by water qualities, 

especially when they contain NOM. As a result, competition between atrazine and NOM 

for hydroxyl/sulfate radicals takes place in UV irradiated atrazine solutions in presence of 

oxidants. This competition led to lower removal rate of atrazine in natural waters as 

compared to Milli-Q water samples. In addition, the alkalinity (HCO3
− and CO3

2− ions) 

also plays an important role in lowering the removal rate of atrazine by reacting with 
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reactive radicals. Both carbonate and bicarbonate ions are capable of reacting with 

hydroxyl and sulfate radicals. Therefore, these ions in natural water samples can compete 

atrazine for reactive radicals and resulted in lowering the degradation efficiency of an 

advanced oxidation system driven by reactive radicals, such as sulfate and hydroxyl. 

However, the results showed that about 50% degradation of atrazine took place in these 

natural water samples at 960 mJ cm−2 UV fluence at low oxidant concentrations (92.80 

µM) when 4.64 µM atrazine solutions were subjected to UV irradiation. Therefore, it can 

be concluded that UV/H2O2, UV/HSO5
− and UV/S2O8

2− AOPs can be used as efficient 

technologies for natural water treatment concerning atrazine as a water pollutant. It can 

also be seen from figures 3.27a, 3.27b and 3.27c that the degradation behavior of the 

three studied processes are comparable. The hydroxyl and sulfate radicals have 

comparable reaction rate constants with organic and inorganic species. These organic and 

inorganic species, therefore, have almost similar influences on HR- and SR-AOPs, 

leading to comparable removal efficiency of atrazine by these processes.         

  

 

 

        Table 3.8. Physicochemical properties of natural water samples. 

 TWP GLW EFL 

pH 8.62 7.40 8.25 

Total alkalinity (mg CaCO3 L−1) 96.6 117.8 87.5 

Turbidity (NTU) 0.52 0.23 0.46 

TOC (mg L−1) 6.18 9.12 4.65 

Absorbance @ 254 nm (1 cm, path length) 0.12 0.17 0.14 

SUVA254 (L (mg-m)−1) 1.94 1.86 3.01 

Conductiviy (mS) 627 873 531 
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Figure 3.27. Degradation of atrazine in field water samples by UV/H2O2, UV/PMS and 

UV/PS processes: a) Toledo Water Plant (TWP), b) Green Lab Water 

(GLW) and c) East Fork Lake (EFL). Experimental conditions: [H2O2]0 = 

[PMS] = [PS] = 92.80 µM, [ATZ]0 = 4.64 µM. 
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3.3.6 Effect of different additives on UV/PS process 

A large numbers of organic compounds, such as humic and fulvic acids as well as 

inorganic ions, such as NO3
‒, NO2

‒, CO3
2‒, HCO3

‒, SO4
2‒ and Cl‒ are always present in 

real water samples that make natural waters as a complex mixture. These chemical 

species may positively or negatively affect the degradation efficiency of a chemical 

oxidation processes. In order to assess the potential application of an oxidation process, 

the effect of these species should be evaluated on the degradation efficiency of atrazine. 

UV/S2O8
2− process was selected for determination of water parameters effect because of 

its high atrazine removal efficiency as compared to UV/H2O2 and UV/HSO5
− processes. 

In additions to the above mentioned species, the effect of t-BuOH and i-PrOH were also 

investigated because these two compounds are good hydroxyl and sulfate radicals’ 

scavengers. 

 The largest portion of dissolved organic matter in natural water exists in the form of 

humic substances. Humic substances are formed in water from plants and animal 

materials through abiotic and biological activities. Based on their solubility, they are 

classified as humic acids, fulvic acids and humin (Martínez-Zapata et al., 2013). Humic 

substances have both photosensitizing and photoquenching abilities. On absorption of 

solar or UV light, they result in the generation of reactive oxygen species which are 

capable of initiating chemical reactions leading to the removal of organic pollutants from 

aquatic environments (Si et al., 2004). In addition, the screening effect for UV radiation 

and energy-transfer from excited organic molecules by humic substances cannot be ruled 

out. Therefore, humic substances enhance as well as inhibit the photo-degradation of 

organic pollutants depending upon the reaction conditions (Si et al., 2004). Since the 

present study deals with the removal of atrazine by persulfate in presence of UV 

radiation, the effects of humic acid and fulvic acids on degradation were investigated. 

It is well documented that nitrate and nitrite ions are photosensitizer and can generate 

reactive radicals upon absorption of radiation in specific range, which could be able to 

speed up the degradation rate of water pollutants (Malouki et al., 2005). For example, 

Malouki and co-workers (2005) found that nitrate and nitrite ions accelerated the photo-
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degradation of methabenthiazuron herbicide when the solution was irradiated by UV light 

in the range of 290-350 nm. Nitrate and nitrite have maximum absorbance at 304 and 355 

nm, respectively (Malouki et al., 2005). Nitrate ions yield nitrite ions on photo-excitation 

according to the following reactions. 

NO3
‒ hv  NO2

‒ + O        (3.62) 

NO3
‒ hv  NO2

• + O‒•        (3.63) 

The photolysis of nitrite ions generate nitrogen monoxide and hydroxyl radical as: 

NO2
‒ hv  NO• + O‒•        (3.64) 

H2O + O‒• OH• + OH‒        (3.65) 

As sources of hydroxyl radicals, both nitrate and nitrite ions are capable of inducing 

photo-transformation of organic pollutants in aquatic environments. These 

transformations are attributed to hydroxyl radicals only rather to atomic oxygen (being 

less active) (Malouki et al., 2005).     

In the present study the NO3
‒, NO2

‒, CO3
2‒, HCO3

‒, SO4
2‒ and Cl‒ were employed at 1 

mM concentrations, whereas humic and fulvic acids concentrations were 4 mg L−1 and t-

BuOH and i-PrOH concentrations were 60 mM. The results are shown in figures 3.28a, 

3.28b, 3.28c and 3.29 and Table 3.9.  

The experimental results indicate that all the additives decrease the degradation 

efficiency of UV/S2O8
2−. The decrease in removal efficiency was observed in the 

following order: i-PrOH > NO2
‒ > t-BuOH > fulvic acid > humic acid > CO3

2‒ > HCO3
‒ > 

Cl‒ > NO3
‒ > SO4

2‒.  The results can be explained by reactions of these species with 

hydroxyl and sulfate radicals. The chemical reactions of t-BuOH, i-PrOH, NO3
‒, NO2

‒, 

SO4
2‒, CO3

2‒, HCO3
‒ and Cl‒ with hydroxyl radicals along with their rate constants were 

shown in reactions (3.8), (3.9), (3.19), (3.21), (3.23), (3.24), (3.26) and (3.53), 

respectively. The reactions of these species with sulfate radicals are given below (Clifton 
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and Huie, 1989; Dogliotti and Hayon, 1967; Huie and Clifton, 1990; Løgager et al., 

1993; Padmaja et al., 1993; Wine et al., 1989). 

t-BuOH + SO4
•‒ → •CH2C(CH3)2OH + HSO4

‒ (k = 8.1 × 107 L mol‒1 s‒1) (3.66) 

i-PrOH + SO4
•‒ → (CH3)2

•COH + HSO4
‒  (k = 8.5 × 107 L mol‒1 s‒1) (3.67) 

NO3
‒ + SO4

•‒ → NO3
• + SO4

2‒    (k = 5.0 × 104 L mol‒1 s‒1) (3.68) 

NO2
‒ + SO4

•‒ → NO2
• + SO4

2‒    (k = 9.8 × 108 L mol‒1 s‒1) (3.69) 

CO3
2‒ + SO4

•‒ → CO3
•‒ + SO4

2‒   (k = 4.1 × 106 L mol‒1 s‒1) (3.70) 

HCO3
‒ + SO4

•‒ → CO3
•‒ + SO4

2‒ + H+  (k = 2.8 × 106 L mol‒1 s‒1) (3.71) 

Cl‒ + SO4
•‒ → Cl• + SO4

2‒    (k = 2.6 × 108 L mol‒1 s‒1) (3.72) 
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Figure 3.28. Effect of diffenet additives on degradation of atrazine ([ATZ]0 = 4.64 µM)  

by UV/PS process. Initial concentrations of nitrate, nitrite, chloride, sulfate, 

carbonate and bicarbonate were 1 mM, humic and fulvic acids were 4 mg 

L‒1 and i-PrOH and t-BuOH were 60 mM. pH was 7.4 in all conditions 

adjusted with phosphate buffer except in case of carbonate where pH 11.0 

was used and adjusted with NaOH. 
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Table 3.9. UV fluence based observed pseudo-first-order rate constant (kobs) of atrazine  

     degradation by UV/PS in absence and presence of different additives. 

Oxidation process kobs (× 10−3), 

cm2 mJ−1 

Oxidation process kobs (× 10−3),   

cm2 mJ−1 

UV/S2O8
2− 5.1035 UV/S2O8

2−/Cl‒ 2.6187 

UV/S2O8
2−/SO4

2‒ 4.5056 UV/S2O8
2−/HCO3

‒ 2.5437 

UV/S2O8
2−/NO3

‒ 3.5934 UV/S2O8
2−/CO3

2‒ 1.3309 

UV/S2O8
2−/HA 1.0807 UV/S2O8

2−/NO2
‒ 0.6932 

UV/S2O8
2−/FA 0.9901 UV/S2O8

2−/i-PrOH 0.6342 

UV/S2O8
2−/t-

BuOH 

0.7973   



151 

 

 The reactions of humic and fulvic acids with hydroxyl and sulfate radicals can be 

considered as reaction of NOMs with these radicals (reactions (3.73) and (3.74)) (He et 

al., 2013): 

NOMs + •OH → products    (k = 2.2 × 108 L (mol C)‒1 s‒1)  (3.73) 

NOMs + SO4
•‒ → products    (k = 6.0 × 106 L (mol C)‒1 s‒1)  (3.74) 

There is no reference value available for the chemical reaction of sulfate ion and 

sulfate radical. Taking the concentration of the radical scavengers and their rate constants 

with hydroxyl and sulfate radicals, Table 3.10 can be constructed. The carbon 

composition in HA and FA were taken as 52.63 and 52.34%, respectively (IHSS, 2013). 

It can be seen from Table 3.10 that lowering of removal efficiency is directly related to 

k•OH × kSO4•‒
 × [radical scavenger] value, which in turn is directly proportional to the 

scavenging efficiencies of reactive radicals by these compounds. The results suggested 

that radicals formed as a result of hydroxyl and sulfate radicals reactions with the studied 

scavengers, e.g., CO3
•‒, NO2

• etc. have lower reactivity towards atrazine than hydroxyl 

and sulfate radicals. The inhibitory effect of nitrate and nitrite also predicts that these ions 

have low quantum yield of hydroxyl radicals at 254 nm as compared to quantum yield of 

sulfate radicals in UV-254/PS process. In additions to the scavenging properties of the 

used ions for reactive radicals, they also reduce the UV light intensity in the 

photochemical reactor by working as inner filters and, therefore, lead to the lowering of 

UV/PS degradation efficiency. However, unexpected results are obtained in case where 

Cl‒ was used as a radical scavenger. In this case in spite of high k•OH × kSO4•‒ × [radical 

scavenger] value (1.12 × 1015), the degradation rate has not been hindered as expected. 

Therefore, it can be suggested that the radicals (ClOH•‒ and Cl•), formed as a result of Cl‒ 

reactions with hydroxyl and sulfate radicals (reactions (3.53) and (3.72)) showed some 

reactivity towards atrazine removal although less than hydroxyl and sulfate radicals. 

Nevertheless, further study is needed to determine the mechanism and reactivity of 

atrazine with ClOH•‒ and Cl•.  
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Table 3.10. Comparative reaction probability of various radical scavengers (RS) for 

reactive radicals. 

RS k•OH × kSO4•‒
 × [RS] RS k•OH × kSO4•‒ × [RS] RS k•OH × kSO4•‒ × [RS] 

SO4
2‒  NO3

‒ 5.00 × 101 Cl‒ 1.12 × 1015 

HCO3
‒ 2.38 × 1010 CO3

2‒ 1.60 × 1012 HA* 2.34 × 1011 

FA* 2.33 × 1011 t-BuOH 2.92 × 1015 NO2
‒ 9.80 × 1015 

i-PrOH 9.69 × 1016     

*Taking carbon concentration as 1.75 (HA) and 1.74 (FA) × 10‒4 M. Carbon composition 

as 52.63% in HA and 52.34% in FA. Reference; IHSS, 2013.  

Additive

Fre
e

Sulf
at

e

Nitr
at

e

Chlo
rid

e

Bica
rb

on
at

e

Car
bo

na
te HA FA

t-B
uO

H
Nitr

ite

i-P
rO

H

%
 D

e
g

ra
da

tio
n

0

20

40

60

80

100

 
 

Figure 3.29. Effect of different additives on % degradation of atrazine by UV/PS process. 

For experimental conditions see Figure 3.28. 
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3.4 Degradation of Atrazine in Aqueous Solution by UV/H2O2/Fe2+, UV/S2O8
2−/Fe2+    

and UV/HSO5
−/Fe2+ Processes 

In order to compare the efficiency of sulfate radical-based AOTs (SR-AOTs) with 

hydroxyl radical-based AOTs (HR-AOTs) using the less toxic ferrous ion as a catalyst, a 

detailed kinetic study of atrazine degradation using three systems, i.e., UV/H2O2/Fe2+, 

UV/PMS/Fe2+ and UV/PS/Fe2+ was carried out. In addition to reactions (3.7) and (3.48-

3.50) dicussed in the last sections, the following chemical reactions are taking place in 

these systems.  

Fe2+ + H2O2   Fe3+ + OH− + •OH  (k = 7.0 × 101 L mol‒1 s‒1) (3.75) 

Fe3+ + HO2
•   Fe2+ + H+ + O2   (k = 1.2 × 106 L mol‒1 s‒1) (3.76)  

Fe(OH)2+ 
hv  Fe2+ + •OH       (3.77) 

Fe2+ + •OH   Fe3+ + OH−   (k = 4.3 × 108 L mol‒1 s‒1) (3.78) 

•OH + •OH   H2O2    (k = 5.3 × 109 L mol‒1 s‒1) (3.79) 

ATZ + •OH   Intermediates   (k = 3.0 × 109 L mol‒1 s‒1) (3.80) 

Intermediates + •OH   H2O + CO2  (k = 107 – 1010 L mol‒1 s‒1) (3.81) 

ATZ + SO4
•−   Intermediates       (3.82) 

Intermediates + SO4
•−   Products      (3.83) 

Fe2+ + HSO5
−   Fe3+ + SO4

•− + OH−  (k = 3.0 × 104 L mol‒1 s‒1) (3.84) 

Fe2+ + HSO5
−   Fe3+ + SO4

2− + •OH      (3.85) 

Fe3+ + HSO5
−   Fe2+ + SO5

•− + H+      (3.86) 

•OH + SO4
•−   HSO5

−   (k = 0.95 ± 0.08 × 1010 L mol‒1 s‒1) (3.87) 

SO4
•− + SO4

•−   S2O8
2−   (k = 4.4 ± 0.4 × 108 L mol‒1 s‒1) (3.88) 

Fe2+ + SO4
•−   Fe3+ + SO4

2−  (k = 3.0 × 108 L mol‒1 s‒1)  (3.89) 
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HSO5
− + SO4

•−   SO5
•− + SO4

2− + H+  (k = 1.0 × 105 L mol‒1 s‒1) (3.90) 

Fe2+ + S2O8
2‾   Fe3+ + SO4

•‾ + SO4
2‾      (3.91) 

•OH + SO4
2−   SO4

•‾ + OH−   (k = 1.18 × 106 L mol‒1 s‒1) (3.92) 

3.4.1 Effect of initial concentration of oxidants 

The effect of chemical nature and initial concentration of oxidants on atrazine 

degradation are shown in figures 3.30, 3.31 and 3.32. The UV radiation activates the 

oxidants through homolytic cleavage of the peroxide bond that results in the formation of 

hydroxyl and/or sulfate radicals depending on the chemical nature of the oxidants. The 

activation of hydrogen peroxide, PS and PMS with ferrous ions results in the generation 

of •OH, SO4
•− or both •OH and SO4

•−, respectively. At acidic pH, such as pH = 3.0 that 

was used in this study, the •OH react with sulfate ions (SO4
2‾) transforming them to SO4

•− 

or HSO5‾ (Antoniou et al., 2010a; Lin et al., 2011). Since one type of reactive radicals 

predominate in the above three systems, i.e., •OH in UV/H2O2/Fe2+ and SO4
•− in 

UV/PMS/Fe2+ and UV/PS/Fe2+, the experimental results from these systems could 

indicate the type of reactive radical that is more reactive towards atrazine oxidation. 

However, another factor which could influence the degradation efficiency of atrazine is 

the activation feasibility of these oxidants with UV radiation and ferrous ions, which will 

be discussed in Section 3.14.2 in detail. The UV radiation not only results in the 

formation of reactive radicals from oxidants but also helps in the regeneration of ferrous 

ions (reaction (3.77)).  Four different initial concentrations of each oxidant, i.e., 4.64 µM, 

23.20 µM, 46.40 µM and 92.80 µM with 8.95 µM Fe2+ were applied, corresponding to 

0.52, 2.59, 5.18 and 10.37 molar ratio of [oxidant]/[Fe2+], respectively, to investigate the 

effect of chemical nature of oxidants and their initial concentrations on atrazine 

degradation. While the removal of atrazine was mainly resulted from its reaction with 

reactive radicals as shown by reactions (3.80) and (3.82); some degradation of atrazine 

can occur as a result of direct UV photolysis too, therefore, its rate of degradation can be 

written as: 
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Figure 3.30. Effect of H2O2 concentration on degradation of atrazine. Experimental 

conditions: [ATZ]0 = 4.64 μM, [Fe2+]0 = 8.95 µM, pH = 3.0. 
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Figure 3.31. Effect of PMS concentration on degradation of atrazine. Experimental 

conditions: [ATZ]0 = 4.64 μM, [Fe2+]0 = 8.95 µM, pH = 3.0. 
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Figure 3.32. Effect of PS concentration on degradation of atrazine. Experimental 

conditions: [ATZ]0 = 4.64 μM, [Fe2+]0 = 8.95 µM, pH = 3.0. 
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Figure 3.33. Effect of initial oxidants concentration on kobs. Experimental conditions: 

[ATZ]0 = 4.64 μM, [Fe2+]0 = 8.95 µM, pH = 3.0. 
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21 ATZkATZRk
dt

ATZd
        (3.93) 

1 2

[ ]
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d ATZ
k R k ATZ

dt
          (3.94) 

[ ]
[ ]obs

d ATZ
k ATZ

dt
          (3.95) 

1 2[ ]obs ssk k R k           (3.96)  

where kobs, k1, and k2 are the overall observed pseudo-first-order rate constant, rate 

constant for the reaction of reactive radicals and rate constant for direct photolysis of 

atrazine, respectively. [•R]ss is the steady state concentration of reactive radicals, mainly 

hydroxyl and sulfate radicals. On integrating equation (3.95) and replacing the time by 

UV fluence, equation (3.97) can be obtained: 

0

[ ]
ln

[ ] obs

ATZ
k UVfluence

ATZ
          (3.97) 

The plot of – ln ([ATZ]/[ATZ]0) versus UV fluence gave a straight line, indicating 

that the degradation of atrazine followed pseudo-first-order reaction kinetics. These plots 

of – ln (C/C0) versus UV fluence for each oxidant are also shown in figures 3.30-3.32. 

The observed pseudo-first-order rate constant (kobs) was thus obtained from the slope of 

the plots. The degradation of atrazine by photo-Fenton and photo-Fenton-like reactions 

depends on the concentration of hydroxyl and sulfate radicals, which in turn depends on 

the concentrations of ferrous ion and oxidants, their molar ratio, pH and temperature of 

the reaction system. The three oxidants are compared in Figure 3.33 in respect of 

dependence of kobs on oxidant concentration. It can be seen from Figure 3.33 that kobs of 

atrazine increased with increasing initial oxidant concentrations when Fe2+ and atrazine 

concentrations were kept constant. It could possibly be explained by the reactions (3.48), 

(3.49), (3.50), (3.75), (3.84), (3.85), (3.86) and (3.91). It might be expected from these 

reactions that the rate of reactive radicals formation increased with an increase in 

oxidants concentration (law of mass action), which further led to an increase in removal 
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rate of atrazine (reactions (3.80) and (3.82)). However, as shown in Figure 3.33, the 

increase in kobs with oxidant concentrations was not proportional, which could probably 

be due to the scavenging effect of the excess oxidants.  

Beside the reaction of atrazine with reactive radicals, Fe2+, H2O2 and PMS could also 

react with these radicals and thereby result in decreasing the availability of the reactive 

radicals. Another factor which also contributed to the non-linear relationship of atrazine 

degradation rate and oxidants concentration was the reaction of reactive radicals with the 

atrazine degradation intermediates (reactions (3.81) and (3.83)). Furthermore, when the 

concentration of hydroxyl and sulfate radicals increased in the system, self-combination 

reactions (reactions (3.79), (3.87) and (3.88)) also become important and, therefore, the 

high oxidant concentration might show an inhibition effect on the degradation of atrazine. 

 In the reaction mixture, Fe2+ usually undergoes certain side reactions which resulted 

in the formation of inactive or less active species, such as ferryl ion (FeO2+) (Chan and 

Chu, 2003). These less active ferrous species can directly influence the formation of 

reactive radicals which are essential for atrazine degradation and, therefore, can reduce 

the oxidation efficiency of photo-Fenton and photo-Fenton-like systems. This undesirable 

behavior of ferrous ion is more significant at low ferrous ion concentration and becomes 

less important as the concentration of ferrous ion increases with respect to oxidant 

concentration. This is because all ferrous ions can not be converted to ferryl ions and 

sufficient ferrous ions will be available for activation of oxidants at high ferrous ions 

concentration (Chan and Chu, 2003). As the initial concentration of oxidant increased 

from 4.64 µM to 92.80 µM while keeping the Fe2+ initial concentration constant (8.95 

µM), the molar ratio of [oxidant]/[Fe2+] increased and the stoichiometric level of ferrous 

ions decreased. In this case the overall efficiency of photo-Fenton and photo-Fenton-like 

systems was controlled by oxidant concentrations and, therefore, led to a non-linear 

relationship with atrazine pseudo-first-order rate constant, which again was probably 

resulted from the scavenging properties of oxidants at high concentration levels. 
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3.4.2 Effect of initial concentration of ferrous ion 

The effect of initial ferrous ion concentration was evaluated at initial Fe2+ 

concentrations of 1.79, 8.95, 17.91, and 35.81 µM with an initial oxidant concentration of 

46.40 µM, corresponding to [oxidant]/[Fe2+] molar ratio of 25.92, 5.18, 2.59 and 1.30, 

respectively. The experimental results are depicted in figures 3.34, 3.35 and 3.36, for 

H2O2, PMS and PS as oxidants, respectively. The ferrous ions activate the oxidants to 

generate reactive radicals through electron transfer mechanism from ferrous cation to 

oxidants, i.e., H2O2, PS and PMS in this case (Antoniou et al., 2010a). The ferrous ions 

are regenerated in the systems as can be seen from reactions (3.77) and (3.86), which 

make the systems catalytic and the reactions can proceed as a cyclic process until the 

total amount of oxidants are consumed.  

It is shown in Figure 3.37 that the kobs of atrazine increased with increasing ferrous 

ion concentration. The increase in kobs of atrazine with increasing ferrous ions 

concentration was due to the increase in the rate of radical formation as could be 

explained on the basis of reactions (3.75), (3.84), (3.85) and (3.91). It can also be seen 

from Figure 3.37 that the variation of ferrous ion concentrations was not proportional 

with the kobs of atrazine. This non-linear relationship was probably be due to the 

scavenging effect of reactive radicals, i.e., •OH and SO4
•−, by ferrous ion as shown by 

reactions (3.78) and (3.89). However, this inhibition effect was not as prominent as that 

in case of oxidant within the concentration ranges used in this study. When Fe2+ level 

increased from 1.79 µM to 35.81 µM at a fixed oxidant initial concentration, the 

significance of inactive ferrous species, such as ferryl ions decreased (Chan and Chu, 

2003) and at the same time the stoichiometric ratio of [oxidant]/[Fe2+] also approaches to 

the reported optimum ratio of (1:1) (Anipsitakis and Dionysiou, 2003; Anipsitakis and 

Dionysiou, 2004b). 

When the concentration of the oxidant was low, e.g., 4.64 µM in the presence of 8.95 

µM Fe2+, the performances of the three studied oxidation systems were comparable with 

respect to the degradation of atrazine. Nevertheless, it can be concluded from figures 3.33 

and 3.37 that UV/PMS/Fe2+ system was found to be more efficient than UV/PS/Fe2+ and 
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UV/H2O2/Fe2+ systems, which suggested that PMS can be more easily activated by 

ferrous ion under UV radiation than PS and H2O2. The stability of the oxidants could be 

suggested by their residual determination, as shown in Table 3.11. It was shown that 

[PMS] and [H2O2] decreased much more rapidly than [PS]. At the highest UV fluence, 

i.e., 960 mJ cm‾2, 88.56% of PMS and 71.92% of H2O2 were decomposed while only 

38.86% of PS was decomposed in the reaction system. These results showed that PMS 

could be activated and decomposed more easily by Fe2+ than PS under UV irradiation. It 

has been reported by Antoniou et al. (2010a) that the oxidizing property of an oxidant 

depends on the ability of lower unoccupied molecular orbital energy (LUMO) of the 

central atom to accommodate an electron. The lower the energy of LUMO, the more 

easily it will accommodate an electron and the higher will be its oxidizing property. The 

energies of LUMO for the three oxidants follow the order: PS > H2O2 > PMS, showing 

that PMS can easily accommodates and accepts an electron and, therefore, has higher 

potential to oxidize organic pollutants than the other two oxidants (Antoniou et al., 

2010a). As a result, the UV/PMS/Fe2+ was found to be the most efficient system among 

all the three applied systems under the experimental conditions used here. 
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Figure 3.34. Effect of initial Fe2+ concentration on degradation of atrazine using H2O2 as 

oxidant. Experimental conditions: [ATZ]0 = 4.64 μM, [H2O2]0 = 46.4 μM, pH = 3.0. 
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Figure 3.35. Effect of initial Fe2+ concentration on degradation of atrazine using PMS as 

oxidant. Experimental conditions: [ATZ]0 = 4.64 μM, [PMS]0 = 46.4 μM, pH = 3.0. 
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Figure 3.36. Effect of initial Fe2+ concentration on degradation of atrazine using PS as 

oxidant. Experimental conditions: [ATZ]0 = 4.64 μM, [PS]0 = 46.4 μM, pH = 3.0. 
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Figure 3.37. Effect of initial Fe2+ concentration on kobs. Experimental conditions: [ATZ]0 

= 4.64 μM, [H2O2]0 = [PMS]0 = [PS]0 = 46.40 μM, pH = 3.0.  
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Table 3.11. % Decomposition of PMS, PS and H2O2 during the reaction. Experimental 

conditions: [ATZ]0 = 4.64 μM, [PMS]0 = [PS]0 = [H2O2]0 = 46.40 μM, [Fe2+]0 

= 8.95 µM, pH = 3.0. 

UV fluence 

(mJ cm‾2) 

% Decomposition of oxidant 

PMS PS H2O2 

0 0.00 0.00 0.00 

40 7.64 3.08 5.28 

80 16.54 5.26 8.58 

120 25.85 9.52 18.32 

240 46.37 13.58 29.89 

480 61.48 21.23 46.62 

720 74.64 30.81 58.68 

960 88.56 38.86 71.92 
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3.4.3 Effect of natural organic matter (NOM)  

Since NOM is an important constituent in natural waters, the effect of NOM was 

examined using the above mentioned technologies. Related results are presented in 

figures 3.38a, 3.38b and 3.38c. NOM can have both inhibitory and synergistic effects on 

the degradation of pesticides depending upon the concentration and type of NOM as well 

as other reaction conditions. The synergistic effects of certain types of NOMs are due to 

their photo sensitizer behavior. It has been reported that when irradiated at 254 nm, 

humic substances generate hydrated electrons, which can be converted into hydroxyl 

radicals in the presence of oxygen (Aguer et al., 1999). Garbin and co-workers (2007) 

observed that NOM (mixture of standard soil humic acid (SHA), standard peat humic 

acid (PHA), standard Suwannee river humic acid (SRHA), standard peat fulvic acid 

(PFA) and standard Suwannee river fulvic acid (SRFA)) showed photocatalytic effects 

under direct photolysis using UV-visible radiation (280-480 nm) within specific 

concentration ranges, i.e., 30 mg L−1 for atrazine and 10 mg L−1 for iprodione. However, 

the rates of photolysis of the pesticides were observed to decrease when the NOM was 

used above these ranges. Sun and co-workers (2011) found that humic acid at a 

concentration of 3 and 10 mg L−1 decreased the photo-degradation of atrazine under UV-

visible irradiation (200–800 nm). Prosen and Zupančič-Kralj (2005) examined a gradual 

decrease in photo-degradation rate constant of atrazine under irradiation at 254 nm from 

0.08 to 0.04, 0.02, 0.02, 0.01 and 0.01 min–1 when the concentration of humic acid 

increased from 0 to 10, 30, 70, 150 and 300 mg L−1, respectively. In the present work, 

NOM was found to apparently have a more inhibitory effect on the degradation of 

atrazine under all the applied systems. It could possibly be explained by their competition 

for (i) UV light and (ii) reactive radicals. NOM absorbed UV light and thus competed 

with water contaminants for photons and, therefore, had a negative effect on direct 

photolysis of pesticides, including atrazine. Humic substances have also been shown to 

scavenge hydroxyl and sulfate radicals (Basfar et al., 2009; He et al., 2013). It could be 

suggested that NOM competed with atrazine for the radicals formed, leading to a 

decreased degradation rate of atrazine. The effect of SRFA was a little more prominent 
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than SRHA. The hydroxyl radicals photo-generation and suppression capacity of NOM 

are directly related to the concentration of phenolic and carboxylic groups in NOM, 

respectively. The concentration of phenolic and carboxylic groups were found to be 3.79 

and 8.43 mol kg−1 for SRHA and 2.69 and 10.44 mol kg−1 for SRFA, respectively, 

indicating higher •OH photo-generation ability for SRHA and higher •OH suppression 

ability for SRFA (Garbin et al., 2007). Besides, the more inhibitory effect of SRFA can 

also be attributed to its low molecular weight, which indicated that it could probably react 

faster with reactive radicals than SRHA.  
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Figure 3.38. Effect of humic and fulvic acids on degradation of atrazine. Experimental 

conditions: [ATZ]0 = 4.64 μM, [humic acid]0 = [fulvic acid]0 = 4 mg L−1, 

[Fe2+]0 = 8.95 µM, pH = 3.0, a) [H2O2]0 = 46.40 μM, b) [PS]0 = 46.40 μM, c) 

[PMS]0 = 46.40 μM. 
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3.4.4 Effect of pH 

All the applied systems, namely UV/H2O2/Fe2+, UV/PMS/Fe2+ and UV/PS/Fe2+, were 

examined at two different pH values, i.e., 3.0 and 5.8. As shown in Figure 3.39, all the 

three technologies demonstrated higher efficiency at pH 3.0 than at pH 5.8. It was 

probably due to the presence of iron, a catalyst which shows maximum activity at acidic 

conditions. The rate of H2O2 activation by iron in reaction (3.75) is highly pH dependent 

and the most ideal pH for this reaction was found to be in the range of 3.0 to 4.0 (Gogate 

and Pandit, 2004). At high pH, the stability of catalyst decreases and results in the 

formation of iron hydroxide; while at lower pH conditions (lower than 2.5), the formation 

of [Fe(II) (H2O)]2+ species takes place. Both of these two species have been shown to be 

less reactive than Fe2+ towards the activation of hydrogen peroxide. Therefore, less 

number of hydroxyl radicals is produced, thereby decreasing the degradation efficiency 

by photo-Fenton reagent (Gogate and Pandit, 2004). Besides, the oxidation potential of 

hydroxyl radical was also found to decrease with the increase in pH; it could also 

partially explain the lower efficiency of photo-Fenton and photo-Fenton-like systems at 

higher pH. It can also be suggested from Figure 3.39 that at pH 3.0, UV/PMS/Fe2+ was 

much more efficient than UV/PS/Fe2+ and UV/H2O2/Fe2+ systems, as those results 

presented in Sections 3.4.1 and 3.4.2. However, at pH 5.8, the UV/PS/Fe2+ system was 

found to be the most efficient. As stated above, at pH 5.8 the activity of iron decreases, as 

a result, the UV/PMS/Fe2+ and UV/PS/Fe2+ could mainly behave similar to UV/PMS and 

UV/PS systems. As discussed in Section 3.3.1, UV/PS process is more effective than 

UV/PMS in the removal of atrazine.  
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Figure 3.39. Effect of pH on kobs. Experimental conditions: [ATZ]0 = 4.64 μM, [PMS]0 =  

[PS]0 = [H2O2]0 = 46.40 μM, [Fe2+]0 = 8.95 µM. 
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3.4.5 Effect of initial concentration of atrazine by UV/PMS/Fe2+ 

The highest efficiency of atrazine degradation was observed in UV/PMS/Fe2+ system 

as compared to UV/H2O2/Fe2+ and UV/PS/Fe2+ systems at pH 3.0, as a result, the effect 

of initial concentrations of atrazine was evaluated only in UV/PMS/Fe2+ system in this 

study. Figure 3.40 shows that the change in kobs versus atrazine concentration at fixed 

[PMS]/[ATZ] ratio, i.e., 10:1, is much smaller compared to the condition in which the 

PMS concentration was kept the same. Under the condition of fixed molar ratio of 

[PMS]/[ATZ], when the atrazine concentration increased from 1.16 to 2.32 µM and the 

PMS concentration increased from 11.60 to 23.20 µM, it could resulted in an increased 

production of hydroxyl and sulfate radicals (reactions (3.50), (3.84) and (3.85)). Since the 

initial oxidant concentration was 10 times higher than initial concentration of atrazine in 

above mentioned cases, it was expected that kobs should be the same regardless of initial 

concentration of atrazine. However, the kobs values under these two conditions were not 

the same as can be seen from Figure 3.40.  The small deviations from theoretical results 

were probably due to: (i) excess PMS worked as a radical scavenger (reaction (3.90)), 

and (ii) high concentration of atrazine resulted in increased formation/concentration of 

intermediates which in turn lowered the reaction rate of radicals towards atrazine 

(reactions (3.81) and (3.83)). On the other hand, at the fixed PMS concentration of 46.40 

µM, as the concentration of atrazine increased from 1.16 µM to 9.28 µM, the kobs 

decreased from 17.54 × 10–3 cm2 mJ–1 to 5.30 × 10–3 cm2 mJ–1. The decreased reaction 

rate constant could probably be resulted from the excess intermediates produced as 

indicated above. Since the initial concentration of the oxidant did not change, the impact 

of increasing concentration of the contaminant was more significant.  

 However, the degradation rate of atrazine, the change in concentration with time, for 

the first 20 min, was observed to increase with increase in atrazine concentration in both 

cases, i.e., at fixed molar ratio of [PMS]/[ATZ] of 10:1 and at fixed PMS concentration 

of 46.40 µM (as shown in Figure 3.40 and Table 3.12). This is because, when the initial 

concentration of atrazine increased, the number of atrazine molecules exposed to reactive 

radicals for degradation also increased, which subsequently led to higher degradation rate 

(i.e., considering a case like pseudo-first-order degradation rate expression). 
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Figure 3.40. Effect of initial concentration of atrazine on kobs and degradation rates for 

first 20 min. Experimental conditions: pH = 3.0, [Fe2+]0 = 1.79 µM in case of  

[PMS]0/[ATZ]0 = 10, [Fe2+]0 = 8.95 µM in case of  [PMS]0 = 46.40 μM. 

 

Table 3.12. Effect of initial concentration of atrazine on degradation rate (initial 20 

minutes). Experimental conditions: pH = 3.0, [Fe2+]0 = 1.79 µM in case of  

[PMS]0/[ATZ]0 = 10:1 (A), [Fe2+]0 = 8.95 µM in case of  [PMS]0 = 46.40 μM (B). 

Atrazine concentration 

(µM) 

Initial rate A 

(µM min−1) 

Initial rate B 

(µM min−1) 

1.16 0.0128 0.0220 

2.32 0.0274 0.0350 

4.64 0.0328 0.0642 

9.82 0.0427 0.0819 

Measured at t = 20 min 
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3.4.6 Oxidant residual determination and TOC analysis 

Atrazine is initially converted to other degradation by-products, mainly desethyl 

atrazine, desisopropyl atrazine, desethyldesisoproyl atrazine and cyanuric acid etc., which 

are all organic compounds and are considered to be toxic to humans (Balci et al., 2009; 

Jiang and Adams, 2006; Ralston-Hooper et al., 2009; Yu et al., 2009). Therefore, it was 

considered to compare the efficiency of the tested technologies for the removal of TOC 

which might further give some information about decrease in toxicity. It should also be 

noted that TOC removal needs higher UV fluence than that required for complete 

degradation of atrazine. It is possible that oxidant that was more stable will be more 

efficient in the removal of TOC, i.e., UV/PS/Fe2+ > UV/H2O2/Fe2+ > UV/PMS/Fe2+, 

according to what was discussed in Section 3.4.2.  

 The results of TOC are illustrated in Figure 3.41. It is demonstrated that UV/PS/Fe2+ 

system showed the highest removal of TOC; while the TOC removal efficiencies were 

almost comparable in the other two systems. TOC removal of 62.94%, 47.10% and 

44.09% were achieved, at a UV fluence of 6000 mJ cm–2, for UV/PS/Fe2+, UV/PMS/Fe2+ 

and UV/H2O2/Fe2+ systems, respectively.  

The concentrations of PMS, PS and H2O2 were determined again in the irradiated 

solutions with high UV fluence of up to 6000 mJ cm–2. As presented in Table 3.13, the 

concentration of PMS and H2O2 decreased rapidly during the experiment. At a UV 

fluence of 6000 mJ cm–2, more than 91% of PMS and 87% of H2O2 were decomposed 

while at the same UV fluence about 37% of PS still remained. The higher concentration 

of PS available in the solution, even after irradiating the solution for a longer duration, 

provided relatively more sufficient reactive radicals for the removal of TOC in 

UV/PS/Fe2+ system. The rate of TOC removal was very fast at the initial stage of the 

experiment but slowed down with time, which again could also be attributed to the 

availability of oxidant. It is thus suggested that generally UV/PMS/Fe2+ system was 

found to be the most efficient system among the three with respect to the degradation of 

atrazine,  while UV/PS/Fe2+ was found to be the most efficient in terms of TOC removal. 

Both the activation ability and the stability of the oxidants were considered to be 
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important. The stability of PS also implies that it can be used in low concentrations as 

well as in batch scale reactors for polluted water treatments.   
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Figure 3.41. Removal of TOC as a function of UV fluence. Experimental conditions: 

[ATZ]0 = 18.56 μM, [PMS]0 = [PS]0 = [H2O2]0 = 1856.00 μM. [Fe2+]0 = 

17.91 µM, pH = 3.0. 

Table 3.13. % Decomposition of PMS, PS and H2O2 during the TOC analysis. 

Experimental conditions: [ATZ]0 = 18.56 μM, [PMS]0 = [PS]0 = [H2O2]0 = 

1856.00 μM, [Fe2+]0 = 17.91 µM, pH = 3.0. 

UV fluence  

(mJ/cm2) 

% Decomposition of oxidant 

PMS PS H2O2 

0 0.00 0.00 0.00 

1000 27.31 12.56 22.45 

2000 43.17 22.67 38.82 

3000 64.23 36.25 53.28 

4000 78.38 49.52 68.63 

5000 86.54 56.07 74.60 

6000 91.44 63.22 86.75 
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3.5 Degradation of Atrazine by UV/PMS/Co2+ System 

In Section 3.4, the activation of PMS with ferrous ions was evaluated in detail. 

However, in literature the activation of PMS with Co2+ has already been well 

documented. It has been reported that Co2+ is an efficient catalyst for PMS activation 

(Anipsitakis and Dionysiou, 2004b). Therefore, the degradation of atrazine with 

UV/PMS/Co2+ system was also investigated to compare the efficiency of Fe2+ and Co2+ 

for activation of PMS under UV light. In this system the effect of initial concentration of 

PMS (4.64, 23.20 and 46.40 µM) as well as Co2+ (0.17 µM, 1.70 µM and 17.00 µM) were 

studied. The experimental results are presented in figures 3.42 and 3.43. Figure 3.42 

showed that the degradation rate of atrazine increased when initial concentration of Co2+ 

was increased from 0.17 µM to 1.70 µM, however, further increase in initial Co2+ 

concentration to 17.00 µM resulted in decrease in degradation rate of atrazine. It can, 

therefore, be suggested that 1.70 µM is the optimum concentration of Co2+ when initial 

concentrations of atrazine and PMS were 4.64 and 23.20 µM, respectively.  

The effects of initial concentration of PMS on atrazine degradation were determined 

using this optimum concentration of Co2+, i.e., 1.70 µM. It can be seen from Figure 3.43 

that increasing the initial concentration of PMS, the removal rate of atrazine increases. 

This is due to the increased rate of formation of reactive radicals (hydroxyl and sulfate 

radicals) at high PMS concentration (reactions (3.98) and (3.99)). 

Co2+ + HSO5
−   Co3+ + SO4

•− + OH−      (3.98) 

Co2+ + HSO5
−   Co3+ + SO4

2− + •OH      (3.99) 
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Figure 3.42. Effect of initial Co2+ concentration on degradation of atrazine by 

UV/PMS/Co2+ system. Experimental conditions: [ATZ]0 = 4.64 μM, 

[PMS]0 = 23.20 μM, pH = 4.5. 
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Figure 3.43. Effect of initial PMS concentration on degradation of atrazine by 

UV/PMS/Co2+ system. Experimental conditions: [ATZ]0 = 4.64 μM, 

[Co2+]0 = 1.70 μM, pH = 4.5. 
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3.6 Degradation of Atrazine by UV/PS/Ag+ System 

Anipsitakis and Dionysiou (2004b) reported that Ag+ is efficient activator for PS to 

generate sulfate radicals. In their study, dark activation was employed for the degradation 

of 2,4-dichlorophenol. However, in the present study the activation of PS by Ag+ ions in 

presence of UV light for the degradation of atrazine was investigated.  The effects of 

initial PS concentrations (4.64, 23.20 and 46.40 µM) and initial Ag+ concentrations (0.09, 

0.93, 9.27 µM) were determined. The results are shown in figures 3.44 and 3.45. It can be 

seen from figures 3.44 and 3.45, that presence of Ag+ reduces the degradation efficiency 

of atrazine by UV/PS process. Employing the same initial Ag+ ions concentration of 0.93 

µM, degradation rate of atrazine increased with increase in initial PS concentration. 

Figure 3.44 clearly indicated that increasing initial Ag+ concentration resulted in decrease 

in atrazine degradation rate. These results are contrary to those obtained by Anipsitakis 

and Dionysiou (2004b). This may be due to the different experimental conditions. In 

UV/PS/Ag+ system, PS can be activated by UV light (reaction (3.49)) as well as by Ag+ 

to produce sulfate radicals (reactions (3.100) and (3.101)) (Anipsitakis and Dionysiou, 

2004b).   

Ag+ + S2O8
2‾   Ag2+ + SO4

•− + SO4
2‾      (3.100) 

Ag+ + S2O8
2‾   AgII(SO4

•‾)+ + SO4
2‾      (3.101)  

Reactions (3.100) and (3.101) represent that SO4
•− produced during Ag+ activation are 

freely diffusible and bound to the metal, respectively. It has also been reported that Ag+ is 

a good quenching agent for sulfate radicals with high reaction rate constant [kAg+/SO4•‾ = 

3.0 × 109 M‾1 s‾1] (Antoniou et al., 2010b). It can be suggested from the observed results 

that the efficiency of sulfate radical production from PS activation by UV light is far 

greater than by Ag+. Possibly the generated sulfate radicals are scavenged by the Ag+ and, 

therefore, compete with atrazine for sulfate radicals, leading to lowering of atrazine 

degradation efficiency by UV/PS with addition of Ag+. 
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Figure 3.44. Effect of initial Ag+ concentration on degradation of atrazine by UV/PS/Ag+ 

system. Experimental conditions: [ATZ]0 = 4.64 μM, [PS]0 = 23.20 μM, pH = 5.3. 
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Figure 3.45. Effect of initial PS concentration on degradation of atrazine by UV/PS/Ag+ 

system. Experimental conditions: [ATZ]0 = 4.64 μM, [Ag+]0 = 0.93 μM, pH = 5.3. 
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3.7 Economic Comparison of the Studied UV-Assisted AOTs 
 

The economic comparison of the UV-assisted AOTs is made from the measurement 

of electrical energy per order (EE/O). Electrical energy per order is one of the most 

common and important Figure-of-Merit used for the characterization of the performances 

of the AOTs that utilize UV radiation as a source of energy when the contaminant 

concentration is low. It is recommended by the Commission on Photochemistry, Organic 

Chemistry Division of International Union of Pure and Applied Chemistry (Bolton et al., 

2001). The electrical energy per order is defined as “the electrical energy in kilowatt 

hours (kWh) required to carry out the degradation of a pollutant by one order of 

magnitude (90% removal) in a unit volume, i.e., 1 m3 or 1000 L, of contaminated water 

or air’’ (Anipsitakis and Dionysiou, 2004a; Bolton et al., 2001). The kinetic results 

obtained in this work can be used for calculation of EE/O values of the studied AOTs by 

using the following relationship (He et al., 2013): 

 

            (3.102) 

where P: the total electrical power or flux in kW entering the solution; t: the irradiation 

time in h and V: the volume of the treated solution in m3. 

The detail of the method used for calculation of EE/O values is given as under; 

 The amount of UV fluence required for one order removal of atrazine can be 

caluculated from the following equation based on pseudo-first-order kinetics: 

         (3.103) 

where Ci and Cf are the initial and final concentration of atrazine, respectively.  

 As the final concentration of atrazine should be 10 times lower than the initial 

concentration after one order (90%) removal, therefore, we can write the equation (3.103) 

as follows: 
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          (3.104) 

In case of UV/H2O2, the kobs was calculated as 1.77 × 10‒3 cm2 mJ‒1 at pH 5.7, when 

the initial concentrations of atrazine and H2O2 were 4.64 and 46.40 µM, respecteivly. 

Using equation (3.104), the UV fluence required for one order removal can be calculated 

as 1.30 × 103 mJ cm‒2 order‒1. Therefore, we can write: 

UV fluence for one order removal = 1.30 × 103 mJ cm‒2 order‒1 = 1.30 × 103 mWs cm‒2 

order‒1          

= 1.30 × 103 × 10‒6 × 1/3600 kWh cm‒2 order‒1  

  = 3.61 × 10‒7 kWh cm‒2 order‒1 

For comparison, Pt (in kWh) can be collectively defined as the total UV flux entering 

into solution mixture (He et al., 2013). Then equation (3.102) can be written as:   

    (3.105) 

      (3.106) 

In our case, the inner diameter was 5.0 cm, so the radiaus was 2.5 cm. 

Therefore; 

Area = πr2 = 3.14 × 2.5 cm × 2.5 cm = 19.625 cm2    (3.107) 

Volume = πr2h         (1.108) 

The volume of the treated solution was = 10 cm3, therefore, we can write as: 

Volume = πr2h = 10 cm3       (3.109) 

Now dividing equation (3.108) by (3.107); we can obtain as: 
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From which “h” (depth of solution) can be calculated as 0.51 cm. The EE/O can now be 

determined by using equation (3.106): 

 

Converting the cm‒3 to m‒3 in the above value, we can get as: 

EE/O = 1.18 × 10‒8 kWh cm‒3/order = 1.18 × 10‒8 kWh cm‒3/order × 106 cm3/m3 

= 1.18 × 10‒2 kWh m‒3/order       (3.110) 

For all the studied AOTs, the EE/O was calculated by using the above method and 

the corresponding EE/O values are shown in Table 3.14. 

3.7.1 Designs of AOTs and their cost considerations 

The primary design variables for an AOT are the amount of UV fluence and the 

concentration of oxidant and catalyst required for the removal of an organic pollutant to 

the desired level. These parameters should be optimized before sizing an AOT for 

practical treatibilty studies. For consideration of an AOT cost, the EE/O should be 

determined for the given specified system by the method described in detail in Section 

3.7. The EE/O is considered as a simple and most accurate tool for designing the size as 

well as cost estimation of an AOT. Using 0.08 $/kWh as electricity cost, the EE/O can be 

used for rapid determination of total electrical energy cost in $ m‒3, as given by the 

following equation (Bolton et al., 2001; U.S.EPA, 1998). 

Electrical energy cost ($ m‒3) = EE/O (kWh m‒3) × power cost ($/kWh) (3.111) 
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For example, if the EE/O for a system is 2.0 kWh m‒3 order‒1 and the desired goal is a 

reduction in the concentration of the pollutant by a factor of two orders of magnitude, 

then the electric energy cost can be calculated as: 

Electrical energy cost ($ m‒3) = 2 × EE/O (kWh m‒3) × power cost ($/kWh) 

= 2 × 2.0 × 0.08 = 0.32 $ m‒3   (3.112) 
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Table 3.14. Comparison of various AOTs with respect to their electrical energy 

requirements for the degradation of atrazine. 

 

Type of AOT Observed pseudo-first-

order rate constant, 

kobs 

(cm2 mJ−1) 

UV fluence required 

for one order 

removal of atrazine 

(mJ cm−2) 

EE/O 

(kWh m‒3/order) 

UV/H2O2 at pH 5.7 1.77 × 10‒3 1.30 × 103 1.18 × 10‒2 

UV/H2O2 at pH 3.0 1.61 × 10‒3 1.43 × 103 1.30 × 10‒2 

UV/PMS at pH 4.5 3.60 × 10‒3 6.40 × 102 5.81 × 10‒3 

UV/PS at pH 5.3 6.70 × 10‒3 3.44 × 102 3.12 × 10‒3 

UV/H2O2/Fe2+ at pH 3.0 5.49 × 10‒3 4.19 × 102 3.81 × 10‒3 

UV/PMS/Fe2+ at pH 3.0 9.32 × 10‒3 2.47 × 102 2.24 × 10‒3 

UV/PS/Fe2+ at pH 3.0 7.96 × 10‒3 2.89 × 102 2.63 × 10‒3 

UV/PMS/Co2+ at pH 4.5 1.56 × 10‒2 1.48 × 102 1.34 × 10‒3 

UV/PS/Ag+ at pH 5.3 1.92 × 10‒3 1.20 × 103 1.09 × 10‒2 

 

Experimental conditions: [ATZ]0 = 4.64 µM, [H2O2]0 = 92.80 µM, [PMS]0 = 92.80 µM, 

[PS]0 = 92.80 µM, [Fe2+]0 = 8.95 µM (0.5 mg L−1). In case of UV/PMS/Co2+, 

the initial concentration of PMS and Co2+ were 46.40 and 1.70 µM (0.1 mg 

L−1), while in UV/PS/Ag+ system, the initial concentration of PS and Ag+  

were 46.40 and 0.93 µM (0.1 mg L−1), respectively.   
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It should be noted that certain other cost factors, such as reagents (oxidants and 

catalysts) and operation/maintenance should be taken into account while calculating the 

total cost of an advanced oxidation system. For maintenance consideration, the lamps 

replacement is considered as an important factor. The cost of lamps replacement usually 

ranges from 30 to 50% of total electricity cost. For preliminary purposes, 45% of total 

electricity cost is usually taken as lamps replacement cost. Taking the reagents and 

operation costs into consideration, the total cost of advanced oxidation system can be 

determined as follows (U.S. EPA, 1998): 

Total advanced oxidation system cost ($ m‒3) = 1.45 × electrical energy cost + reagent cost 

           (3.113)  

In the present work the initial concentration of atrazine was 4.64 µM (1.0 mg L‒1) and 

four order removals will bring atrazine to 0.0005 µM (0.1 µg L‒1), which is the maximum 

permissible concentration of atrazine in drinking water according to European Union 

legislation (Chen et al., 2009b). Applying the corresponding EE/O values from Table 

3.14, the electricity and total costs of the given advanced oxidation systems can be 

calculated by the procedure mentioned above. For example; while considering the four 

order removals of atrazine, the electricity and total costs of UV/PMS/Fe2+ (at pH 3.0) 

system can be calculated as (U.S. EPA, 1998): 

Electrical energy cost ($ m‒3) = 4 × EE/O (kWh m‒3) × power cost ($/kWh) 

     = 4 × 0.00224 × 0.08 = 7.17 × 10‒4 $ m‒3 (3.114) 

Total cost of UV/PMS/Fe2+ at pH 3.0 ($ m‒3) = 1.45 × electrical energy + PMS + Fe2+ + HCl 

= 1.45 × 7.17 × 10‒4 + 3.3812 + 0.1672 + 9.1964 = 12.7458    (3.115) 

The initial concentrations of PMS, Fe2+ and H+ were 92.80 µM, 8.95 µM and 10‒3 M, 

respectively, which correspond to 0.02858 g L−1 of oxone (PMS), 0.00251 g L−1 of 

ferrous sulfate heptahydrate (Fe2+) and 0.0830 mL L−1 of HCl (37%). Since the cost 

associated to m‒3 of the treated water by the oxidation system, the per L values were 

changed to per m3 with corresponding adjustment of reagents weights, e.g., 28.58 g m‒3 
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of oxone, 2.51 g m‒3 of ferrous sulfate heptahydrate and 83.00 mL m‒3 of HCl (37%), 

which costs 3.3812, 0.1672 and 9.1964 $, respectively, based on Table 3.15 prices. The 

electricity and total costs for other systems were calculated on the basis of above 

procedure and the obtained results are shown in Table 3.16.  It should be noted that as the 

packing size of a reagent increases, the cost/unit mass decreases which subsequently 

affect the total cost of an oxidation system. In order to avoid any such confusion, the 

costs per packing size are mentioned in Table 3.15. The above simple and practical 

approach for an advanced oxidation system designing is based on first-order kinetics. In 

case where the system deviates from first-order kinetics, the applied approach should, 

therefore, be modified accordingly (U.S.EPA, 1998).  

   It can be seen from Table 3.16 that as compared to total energy costs, the electrical 

energy cost is very small. It means that the total cost of advanced oxidation system is 

mainly due to the cost of chemical reagents used. In the studied systems, three different 

ions, i.e., Fe2+, Co2+ and Ag+ were used as catalysts although Ag+ ion has found to have 

no catalytic activities in UV/PS/Ag+ system. It can be seen from Table 3.16 that 

UV/oxidant/catalyst processes have high total cost than corresponding UV/oxidant 

processes because of catalyst cost. In addition, acidic pH largely increases the cost of an 

AOT. As already mentioned in previous sections that among UV/oxidant processes, 

UV/PS is more efficient than UV/PMS and UV/H2O2, whereas among 

UV/oxidant/catalyst processes, the UV/PMS/Fe2+ is the more active system than 

UV/PS/Fe2+ and UV/H2O2/Fe2+ at acidic pH. In addition, the UV/oxidant/catalyst 

processes are more efficient than corresponding UV/oxidant processes while using Fe2+ 

as catalyst under acidic conditions. For practical applications, by making a compromise 

between efficiency and cost, the industries and potential users are recommended to apply 

the UV/PS system for water remediation purposes because of its low cost than UV/PMS 

system as well as high stability of PS as compared to H2O2 and PMS. In addition, Fe2+ is 

available in drinking water (MAC is 0.3 mg L−1) as well as in wastewater (typically in the 

range of 0.1 to 1.0 mg L−1), which is enough for showing its catalytic activities (Bordoloi 

et al., 2011; Karamanev et al., 2002). Therefore, the users do not need to add additional 

Fe2+ to treated water and thus UV/PS will behave as UV/PS/Fe2+ with greater efficiency.   
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Table 3.15. Cost of the chemical reagents in US $. The values were taken from Sigma-

Aldrich website (http://www.sigmaaldrich.com/european-export.html, dated: 

April 18, 2013). 

 

Table 3.16. Electrical energy and total costs of various AOTs. For experimental 

conditions see Table 3.14. 

Name of AOT Electricity cost 
($ m‒3) 

Total cost
($ m‒3) 

Name of AOT Electricity cost 
($ m‒3) 

Total cost
($ m‒3) 

UV/H2O2 

at pH 5.7 
3.78 × 10‒3 1.0555 UV/PMS/Fe2+  

at pH 3.0 
7.17 × 10‒4 12.7458 

UV/H2O2 

at pH 3.0 
4.16 × 10‒3 10.2524 UV/PS/Fe2+  

at pH 3.0 
8.42 × 10‒4 11.1958 

UV/PMS  
at pH 4.5 

1.86 × 10‒3 3.3837 UV/PMS/Co2+  
at pH 4.5 

4.29 × 10‒4 1.9159 

UV/PS  
at pH 5.3 

9.98 × 10‒4 1.8324 UV/PS/Ag+  
at pH 5.3 

3.49 × 10‒3 1.9740 

UV/H2O2/Fe2+ 
at pH 3.0 

1.22 × 10‒3 10.4154    

 

Reagent Cost ($) Reagent Cost ($) 

Hydrogen peroxide (50%) 94.09/500 mL Ferrous sulfate 

heptahydrate 

66.72/1000 g 

Oxone (2KHSO5•KHSO4•K2SO4) 118.30/1000 g Cobalt chloride 

hexahydrate 

550.70/1000 g

Sodium persulfate 82.90/1000 g Silver sulfate 1345.00/500 g

Hydrochloric acid (37%) 55.40/500 mL   
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3.8 Degradation of Atrazine by Fenton Reagent 

In Section 3.4, the degradation of atrazine was explained in detail by photo-Fenton 

system. In order to further investigate the role of UV light in photo-Fenton system, 

atrazine degradation was performed by Fenton reagent as well. The various parameters 

studied were initial atrazine, H2O2 and Fe2+ concentrations, in addition to temperature and 

pH effects. The results are depicted in figures 3.46-3.50.  

It can be seen from Figure 3.46 that increasing initial H2O2 concentration from 23.20 

to 46.40 µM, degradation rate of atrazine increased, however, further increase in initial 

H2O2 concentration to 92.80 µM resulted in decrease degradation rate of atrazine. It can 

be seen that after 90 min of reaction time, 53.70, 62.90 and 52.70% degradation were 

achieved with 23.20, 46.40 and 92.80 µM initial H2O2 concentrations, respectively, using 

the same conditions. The lower degradation rate of atrazine is presence of higher H2O2 

concentration is attributed to the scavenging property of H2O2 for hydroxyl radicals at 

higher concentration (reaction (3.7)). The results suggest that 46.40 µM is an optimum 

concentration of H2O2 for 4.64 µM atrazine degradation using Fenton reagent; therefore, 

further studies were carried out using this concentration of H2O2. 

Figure 3.47 showed that removal efficiency of atrazine increased with increase in 

initial Fe2+ concentration. Increasing the initial Fe2+ concentration from 1.79 to 17.91 

µM, the % degradation of atrazine increased from 23.69 to 71.23. This is due to an 

increase production rate of hydroxyl radicals at higher Fe2+ concentration (reaction 

(3.75)).  

The pH effect indicated that pH 5.8 has significantly decreased the degradation 

efficiency of atrazine by Fenton reagent than at pH 3.0 (Figure 3.48). Under similar 

conditions, 62.90 and 8.23% atrazine removal was observed at pH 3.0 and 5.8, 

respectively. The possible explanation for this observation has already been explained in 

Section 3.4.4.  

The effect of initial concentration of atrazine, shown in Figure 3.49, showed that 

atrazine is more resistant to Fenton reagent at high concentration than at low 

concentration. The possible explanation for this is the decreasing ratio of •OH/atrazine 

molecules at high atrazine concentration when same concentrations of H2O2 and Fe2+ 



189 

 

were applied. The removal of atrazine was calculated to be 83.79, 72.05 and 62.90% at 

1.16, 2.32 and 4.64 µM initial concentration of atrazine, respectively. 

The temperature has found to positively affect the removal rate of atrazine by Fenton 

reagent. Figure 3.50 revealed that increasing temperature from 20 to 50 oC, the removal 

rate of atrazine has increased. At 20, 30, 40 and 50 oC, the % degradation of atrazine 

were 62.90, 68.10, 75.85 and 81.58, respectively. 
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Figure 3.46. Effect of initial H2O2 concentration on degradation of atrazine by Fenton 

reagent. Experimental conditions: [ATZ]0 = 4.64 µM, [Fe2+]0 = 8.95 µM, 

pH = 3.0, temperature = 20 oC. 
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Figure 3.47. Effect of initial Fe2+ concentration on degradation of atrazine by Fenton 

reagent. Experimental conditions: [ATZ]0 = 4.64 µM, [H2O2]0 = 46.40 µM, 

pH = 3.0, temperature = 20 oC.  
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Figure 3.48. Effect of pH on degradation of atrazine by Fenton reagent. Experimental 

conditions: [ATZ]0 = 4.64 µM, [H2O2]0 = 46.4 µM, [Fe2+]0 = 9.85 µM, 

temperature = 20 oC. 
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Figure 3.49. Effect of initial concentration of atrazine on its degradation by Fenton 

reagent. Experimental conditions: [H2O2]0 = 46.4 µM, [Fe2+]0 = 9.85 µM, 

temperature = 20 oC, pH = 3.0. 
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In order to determine the degradation kinetics, the degradation of atrazine was plotted 

versus time using zero-, first- and second-order rate equations (3.116-3.118):  

  

        zero-order kinetics  (3.116) 

     first-order kinetics  (3.117) 

     second-order kinetics  (3.118) 

where; C0 and Ct are atrazine concentrations at reaction time zero and t, respectively. 

Similarly, t, k0, k1 and k2 represent the time and rate constants for zero-, first- and second-

order reactions, respectively. It can be seen from figures 3.51a, 3.51b and 3.51c that the 

values of R2 are 0.732, 0.853 and 0.941 for zero-, first- and second-order reactions, 

respectively. The results suggested that degradation of atrazine followed second order 

kinetics via Fenton reagent.  

In order to calculate the activation energy of atrazine, the second-order rate constant 

(k2) were determined at four different temperatures, i.e., 20, 30, 40 and 50 oC using 

equation (3.118). As shown in Figure 3.52, the ln k2 values were plotted versus 1/T (K−1) 

and the slope was used for calculation of activation energy using Arrhenius equation 

(3.119):    

        (3.119) 

where; Ea, A and R are activation energy (J mol−1), pre-exponential factor and ideal gas 

constant (8.314 J mol−1 K−1), respectively. The activation energy and pre-exponential 

factor calculated for atrazine were found as 23.72 kJ mol−1 and 6.26 × 107 M−1 min−1, 

respectively. The low activation energy of atrazine through Fenton reaction suggests that 

removal of atrazine through this process can easily be achieved.  
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Figure 3.50. Effect of temperature on degradation of atrazine. Experimental conditions: 

[ATZ]0 = 4.64 µM, [H2O2]0 = 46.4 µM, [Fe2+]0 = 9.85 µM, pH = 3.0. 
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Figure 3.51. (a) Zero-order, (b) first-order and (c) second-order reaction plots for the 

degradation of atrazine by Fenton reagent. Experimental conditions: [ATZ]0 = 

4.64 µM, [H2O2]0 =  46.40 µM; [Fe2+]0 = 8.95 µM, pH= 3.0, temperature = 20 oC. 
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Figure 3.52. Plot of ln k2 versus 1/T in accordance with Arrhenius equation for the 

degradation of atrazine by Fenton reaction. Experimental conditions: 

[ATZ]0 = 4.64 µM, [H2O2]0 = 46.40 µM; [Fe2+]0 = 8.95 µM, pH= 3.0. 
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3.9 Degradation of Atrazine by Heterogeneous Photo-Catalytic Systems Using Reference 

and Modified TiO2 Nanoparticles 

Among various AOTs, the degradation of toxic pollutants by photocatalytic system is 

supposed to be one of the most suitable and fruitful waste water treatment processes (Han 

et al., 2011; Zhang et al., 2010). Titanium dioxide (TiO2) is considered as one of the most 

important and suitable photocatalyst in photocatalytic systems. However, the chemical 

inertness of TiO2 under visible light because of its wide band gap (3.0‐3.2 eV for anatase) 

and its working in ultraviolet region only, i.e., less than 387 nm radiation, results in a 

serious limitation to large scale and effective applications of TiO2 (He et al., 2012; 

Reyes-Gil et al., 2006). In the last two decades several efforts were made to extend the 

photocatalytic wavelength of TiO2 from UV range to UV-visible and visible range 

through doping the catalysts with different materials in order to boost its efficiency and 

applications (Lee et al., 2001). Both cations and anions doped TiO2 photocatalysts have 

been prepared for investigating their photocatalytic activities under UV-visible and 

visible light irradiation and excellent results have been obtained by various researchers 

(Colón et al., 2006; Elghniji et al., 2012; Hamadanian et al., 2011; Wang et al., 2011). 

The doped materials not only reduce the energy gap between the valence and conduction 

band but also provides some more energy levels between them (Natori et al., 2009). 

Among the various doping materials, phosphorous and fluorine are gaining interest 

recently because of their increased photocatalytic activities under UV-visible and visible 

light illuminations (Natori et al., 2009; Vijayabalan et al., 2009; Yu, 2007). Although 

some research work has been carried out by various researchers by doping of either 

phosphorous or fluorine into TiO2 crystal lattice (Todorova et al., 2008; Vijayabalan et 

al., 2009), yet nothing is known about the co‐doping of phosphorous and fluorine into 

TiO2.  

This part of the work focuses on the synthesis of UV-visible light sensitive 

phosphorous-doped TiO2 (P-TiO2), fluorine-doped TiO2 (F-TiO2) and phosphorous-

fluorine-codoped TiO2 (PF-TiO2) catalysts by conventional sol-gel method. The 

synthesized catalysts were tested for the degradation of atrazine under UV-visible light 
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irradiation and were compared with reference TiO2 catalyst prepared under similar 

conditions. It was observed that PF-TiO2 have enhanced photocatalytic activity in terms 

of atrazine degradation under UV-visible light irradiation due to its relatively strong 

absorption in the UV range and high surface area as compared to P-TiO2, F-TiO2 and 

reference TiO2. The study showed that PF-TiO2 have better photocatalytic activity and, 

therefore, can be considered for potential applications in remediation of organic 

pollutants during waste water treatment processes. 

3.9.1 UV-visible absorption spectra of the nanoparticles 

The UV–vis absorption spectra of the P-, F- and PF-TiO2 nanoparticles in comparison 

with the reference TiO2 nanoparticles are shown in Figure 3.53a. In order to estimate the 

band gap energy for synthesized samples, (αhν)1/2 was plotted as a function of the photon 

energy (hν), assuming indirect allowed transitions (Gonzalez and Santiago, 2007). The 

values of the indirect band gap for PF-TiO2, P-TiO2, F-TiO2 and reference TiO2 were 

obtained by the linear extrapolation of the corresponding curve as shown in Figure 3.53b. 

The value was 2.70 eV for PF-TiO2, 2.85 eV for P-TiO2 and F-TiO2, and 3.08 eV for 

reference TiO2. These results suggest that the strongest absorbance in the visible light 

region is exhibited by PF-TiO2 and hence, should have highest photocatalytic activity 

under visible/UV-visible light irradiations. In addition, a red shift of the absorption was 

also observed for PF-TiO2 (Figure 3.53a) which further strengthens our hypothesis that 

co-doping of TiO2 with P and F are highly effective in extending the optical response of 

TiO2 in the visible light region. 

Besides, it has been reported that doping of F into TiO2 crystal lattice contributed to 

the creation of two types of surface oxygen vacancies, two trapped electrons (F center) 

and one trapped electron (F+ center) oxygen vacancies (Haneda et al., 2005). These 

oxygen vacancies contribute to the photocatalytic activity of F-TiO2 under visible light 

(Haneda et al., 2005). Similarly, Yang et al. reported that the enhanced photocatalytic 

activity of P-TiO2 could be attributed to the large surface area and high degree of 

crystallinity of P-TiO2 (Yang et al., 2007). These observations suggest that P-, F- and PF-
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TiO2 nanoparticles would be ideal photocatalysts under UV-visible/visible light 

illumination. 
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Figure 3.53. Optical properties of the different as-prepared TiO2 nanoparticles: (a) UV–

vis absorption spectra of the PF-TiO2, P-TiO2, F-TiO2 and reference TiO2 

samples, (b) calculation of the band gap energy for indirect allowed transitions. 
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3.9.2 Structural analysis of  reference, P-, F- and PF-TiO2 nanoparticles 

The XRD patterns of as-prepared nanoparticles are shown in Figure 3.54. It can be 

seen from 101 crystal phase, i.e., the peak at about 2θ = 25.5o in Figure 3.54, that all the 

nanoparticles exhibit well-crystallized anatase structures with no observation of peaks 

corresponding to rutile phase. These observations showed that the phases of TiO2 

particles have not been affected by the process of doping and co-doping. It can be seen 

from Table 3.17 that no significant variation in the 101 plane spaces (D (101)) were 

found between the modified and reference TiO2 nanoparticles. The results suggest the 

average unit cell dimensions of the crystal lattices were not significantly affected by the 

incorporation of P and/or F. This may possibly be due to the low doping percentages of 

the P and F in TiO2 crystal lattice. The most intense diffraction peak of anatase, i.e., (101) 

plane of nanoparticles could be used to calculate the average crystallite size using the 

Scherrer formula (Zhang et al., 2010):  

          (3.120)  

where D is the average crystallite size, K is a constant equal to 0.89, λ is the wavelength 

of the X-ray radiation (0.154 nm), β is the full width at half-maximum (FWHM) of 101 

peak and θ is the diffraction angle. The average crystallite sizes were calculated on the 

basis of Scherrer equation and were found to be 5.9, 9.9, 14.6 and 16.4 nm for PF-, P-, F- 

and reference TiO2 nanoparticles, respectively (Table 3.17). 
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Figure 3.54. XRD pattern of PF-TiO2, P-TiO2, F-TiO2 and reference TiO2 samples. 
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3.9.3 BET analysis 

The N2 adsorption-desorption isotherms and BJH pore size distributions of the 

reference, P-, F-, and PF-TiO2 nanoparticles are shown in Figure 3.55a. The Halsey 

equation was used for calculation of pore size distribution from N2 desorption isotherm 

by applying the BJH method. According to IUPAC classification, the N2 adsorption-

desorption isotherms of Figure 3.55a can be classified as type IV on the basis of 

hysteresis loops (Sing et al., 1985). This type of isotherm is a characteristic of 

mesoporous materials showing that the as-prepared catalysts are mesoporous in nature 

(Sing et al., 1985). Figure 3.55b reveals that the pore size distributions significantly 

varied with doping of TiO2 crystal lattice with F and especially P. The pore diameter for 

reference, F-, P-, and PF-TiO2 were determined to be about 4.0, 3.8, 2.5, and 2.5 nm, 

respectively, indicating good homogeneity of the pores for P- and PF-TiO2 particles. The 

results obtained by analyzing the prepared nanoparticles for Brunauer–Emmett–Teller 

(BET) surface area are exhibited in Table 3.17. It can be seen from Table 3.17 that 

doping of P and F simultaneously into TiO2 nanoparticles noticeably increase the surface 

area, i.e., the surface area for PF-TiO2 is 212.0 m2 g−1 which is about 2.7 times larger than 

that of reference TiO2 (79.7 m2 g−1). However, the results showed the effect of P on the 

surface area of TiO2 is highly pronounced and enlarged than F, with 175.0 for P-TiO2 and 

88.8 m2 g−1 for F-TiO2. The pore volume followed similar trend to that of surface area, 

i.e., the pore volume decreases for photocatalysts in the order: PF- > P- > F- > reference 

TiO2.  

The average particle size can be determined from BET surface area by using the 

following equation (Pelaez et al., 2009): 

        (3.121)   

where D: average particle size and ρ: density of the catalyst (3.79 g cm−3 for anatase 

form) (Prasai et al., 2012). Based on the above equation, the average particle sizes for 

PF-, P-, F- and reference TiO2 were calculated as 7.4, 9.1, 17.8 and 19.9 nm, respectively. 
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It can be seen that there is an inverse relationship between particle size and surface area. 

As the surface area decreased the particles size increased, which is in agreement with the 

previously reported literature (Pelaez et al., 2009).   

The degree of agglomeration values (Table 3.17) were calculated by particle 

size/crystallite size. The values clearly indicated that no aggregation of the prepared 

nanoparticles has been observed. 

The spaces between the planes in the crystal lattice were calculated on the basis of 

Bragg’s law (equation 3.122): 

          (3.122) 

where d is the spaces between the planes, λ is the wavelength of the X-ray radiation 

(0.154 nm) and θ is the diffraction angle.   

It can be seen from Table 3.17 that no significant variation in the 1 0 1 plane spaces 

were found between the modified and reference nanoparticles. The results suggest that 

the average unit cell dimensions of the crystal lattices were not significantly affected by 

the incorporation of phosphorous and/or fluorine. 

The total pore volume was determined by N2 porosimetry by transforming the 

adsorbed gas quantity to liquid volume at a relative pressure of 0.99. 

The porosity (%) was calculated from pore volume (cm3 g−1) and solid catalyst 

volume without pore (cm3 g−1). The solid catalyst volume (cm3 g−1) without pore was 

calculated from the density of anatase form (3.79 g cm−3) and is equal to 1/density of the 

solid catalyst volume without pore. 

 (3.123) 

  The units of pore volume and catalyst volume without pore were cm3 g−1.  
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Figure 3.55. N2 adsorption–desorption isotherms (a) and pore size distribution (b) of the 

various as-prepared TiO2 nanoparticles. 
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Table 3.17. Structural characteristics of reference TiO2, P-TiO2, F- TiO2 and PF-TiO2 

nanoparticles. 

 

 

Catalyst  characteristics PF-TiO2 P-TiO2 F-TiO2 Reference TiO2

Crystal phase Anatase Anatase Anatase Anatase 

BET surface area 

(m2 g−1) 

211.96 174.96 88.76 79.67 

Crystal size (nm) 5.855 9.878 14.637 16.445 

Particle size (nm) 7.434 9.048 17.836 19.871 

Degree of 

agglomeration 

1.27 0.92 1.22 1.21 

Total pore volume 

(cm3 g−1) 

0.152 0.133 0.095 0.087 

Porosity (%) 36.54 33.50 26.46 24.79 

D (1 0 1) (Å) 3.500 3.516 3.532 3.532 

kobs (× 10‒3),  min‒1
 4.950 3.818 1.821 1.125 
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3.9.4 HR-TEM studies 

To further investigate the crystal size and morphology of the reference, P-, F- and PF-

TiO2 nanoparticles, HR-TEM and fast Fourier transform (FFT) were performed and the 

results are presented in figures 3.56a-d. The average crystal size evidenced from HR-

TEM images were 5.5 ± 1.0, 6.1 ± 0.9, 8.8 ± 0.9, and 11.2 ± 1.6 nm for PF-, P-, F- and 

reference TiO2, respectively. The trend of the crystallite sizes for the samples was similar 

to the results determined by XRD analysis and BET analysis. A clear ring can be revealed 

from FFT patterns, showing that all TiO2 catalysts have one dominant crystal phase. In 

addition, clear lattice fringes with an interlayer distance in the range of 3.50 to 3.56 Å for 

(101) planes of TiO2 anatase were invariably resolved in HR-TEM images for all 

prepared nanoparticles, in close agreement to the 3.53 Å lattice spacing of reference TiO2 

anatase (101) planes as shown in Table 3.17. These results verify the anatase phase 

crystallization of as-prepared TiO2 nanoparticles in good agreement with the XRD 

results. In this study, energy-dispersive X-ray spectroscopy (EDX) analysis was also 

performed for the determination of elemental composition of the as-prepared 

nanoparticles. The EDX results are shown in figures 3.57a-d. It can easily be seen from 

these figures that phosphorous is efficiently doped into TiO2 crystals in P- and PF-TiO2 

(Peak at 2.0 keV). Due to the overlapping of fluorine peak with oxygen peak, fluorine is 

not appearing in EDX spectrum of F- and PF-TiO2 nanoparticles. 
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Figure 3.56. HR-TEM images of TiO2 nanoparticles: (a) PF-TiO2 (b) P-TiO2 (c) F-TiO2 

and (d) reference TiO2 samples. 
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Figure 3.57. EDX spectrums of TiO2 nanoparticles: (a) PF-TiO2 (b) P-TiO2 (c) F-TiO2 

and (d) reference TiO2 samples. 
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3.9.5 XPS analysis 

The XPS analysis was carried out for the identification of incorporated P and F 

elements in doped TiO2 crystal lattices. The XPS survey scan spectrum of PF-TiO2 is 

shown in Figure 3.58a. High-resolution XPS spectra of P 2p and F 1s are displayed in 

figures 3.58b and c, respectively. Figure 3.58a, shows that the elements detected in PF-

TiO2 nanoparticles are P, F, Ti, O and C. The carbon peak at 284.5 eV for C1s core level 

is expected to be an impurity peak which could be assigned to the adsorption of 

adventitious carbon in TiO2 crystal lattice (Pelaez et al., 2009). The peak at 134 eV 

representing P 2p is attributed to the pentavalent oxidation state (P5+) of P ions. The 

absence of a characteristic peak at 129 eV in the XPS spectra of P-TiO2 indicated that Ti 

atoms are unlikely to bond P atoms for the formation of Ti-P bonds (Lv et al., 2009). In 

the previously published literature, it has been reported that the presence of P5+ ions 

suggest that a part of Ti4+ are replaced by P5+ ions in the in the crystal lattice of TiO2. 

This imbalance of the charge resulted in the decreased rate of recombination electron-

hole pair (Lv et al., 2009) and hence, leading to enhanced photocatalytic activities. The 

XPS spectrum showed a characteristic peak for Ti 2p3/2 at 458.5 eV, indicating the 

octahedral form of Ti ions in TiO2 crystal lattice and hence, suggests the formation of 

crystalline form of TiO2 sample (Xu et al., 2008a; Yang et al., 2006). The peak at 529.5 

eV in the survey spectra of the nanoparticles has been assigned to the O 1s core level in 

Ti-O bonds, i.e., O2
− in TiO2 crystal lattice (Han et al., 2013). The peak located at 688.2 

eV is assigned to F 1s and was attributed for substitutional F-atoms in TiO2 crystal lattice 

(Pelaez et al., 2009). It has been reported that the recombination rate of photo-generated 

electrons and holes could be reduced by fluorine substitution into TiO2 crystal lattice. As 

a result, oxygen vacancies are created in TiO2 lattice which can act as active sites for 

oxidizing species formation and subsequently leading to enhanced photo-catalytic 

activity (Pelaez et al., 2009). 
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Figure 3.58. XPS survey scan spectrum for PF-TiO2 (a), high resolution XPS of P 2p (b) 

and F 1s (c) core levels and reference TiO2.  
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3.9.6 FT‐IR analysis 

The FTIR results of doped and reference TiO2 are presented in Figure 3.59. The 

hydroxylation state of TiO2 nanoparticles is strongly dependent on the conditions and 

methods of their preparation. It has been observed that the presence of free hydroxyl 

groups on the surface of TiO2 play an important role in its activity due to their ability of 

transferring the photogenerated charge species during photocatalytic activity (Xu et al., 

2008b). The broad peak at 3420 cm−1 is attributed to the stretching vibration of hydroxyl 

groups adsorbed on the surface of titania, whereas the peak at 1640 cm‒1 is considered as 

a characteristic peak of bending vibration of surface-adsorbed free water molecules (Xu 

et al., 2008b). The stronger vibrations were detected in P- and PF-TiO2 nanoparticles than 

reference and F-TiO2 nanoparticles suggesting larger adsorption of water and hydroxyl 

groups on the surface of P- and PF-TiO2 catalysts. The more adsorption of water and 

hydroxyl groups positively affects the photocatalytic activities of these nanoparticles (Lv 

et al., 2009). Additionally, an absorption peak at 1045 cm‒1 was observed in P- and PF-

TiO2 nanoparticles but not in reference and F-TiO2 samples. This peak is actually a 

characteristic frequency of Ti–O–P vibrations suggesting the successful doping of P atom 

into TiO2 lattice, which is consistent with the EDX results (Figure 3.57) (Lv et al., 2009; 

Zheng et al., 2008). An absorption peak at 839 cm‒1 can be seen in the FTIR spectra of F- 

and PF-TiO2, which is ascribed to the vibration of Ti-F bond (Vijayabalan et al., 2009). 
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Figure 3.59. The Fourier transform infrared (FTIR) spectra of PF-TiO2, P-TiO2, F-TiO2 

and reference TiO2 samples. 
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3.9.7 Photocatalytic activity under UV-visible radiation 

The photocatalytic activities of the prepared nanoparticles were tested for the 

degradation of atrazine in aqueous solution under the illumination of UV-visible 

radiation. Results obtained from photocatalytic study are presented in Figure 3.60. The 

control experiment means the degradation of atrazine in aqueous solution by UV-visible 

radiation under similar conditions without catalyst. The control experiments showed that 

only about 3% degradation of atrazine occurred after illumination of atrazine solution for 

6.0 hours with UV-visible light. It has been observed previously that atrazine can be 

degraded by direct UV photolysis (Chen et al., 2009a; Du et al., 2009), however, the UV-

visible light used in this study consists only a small portion of UV radiation with 

wavelength greater than 315 nm, which can degrade only 3% of atrazine suggesting the 

stable and persistent nature of atrazine to visible light illumination. The kobs of atrazine 

were found as 1.125 × 10‒3 min‒1, 1.821 × 10‒3 min‒1, 3.818 × 10‒3 min‒1 and 4.950 × 

10‒3 min‒1 using reference TiO2, F-TiO2, P-TiO2 and PF-TiO2 nanoparticles, respectively. 

The higher kobs for PF-TiO2 can be attributed to the more surface-adsorbed free water and 

hydroxyl groups on its surface and smaller crystal size than other TiO2 nanoparticles. It 

has been found that the photo-induced holes can attack on surface-adsorbed water 

molecules and hydroxyl groups, which result in the formation of hydroxyl radicals 

(reaction (1.12)) (Ding et al., 2000; Elghniji et al., 2012; Yu et al., 2010). The high redox 

potential of hydroxyl radicals (2.8 V) is responsible for their high oxidation capability 

towards organic pollutants, such as atrazine (Mehrdad et al., 2011). The smaller size, 

greater surface area, more surface adsorbed free water and hydroxyl groups and large 

pore volume of P-TiO2 and PF-TiO2 nanoparticles speed up the transfer of surface charge 

carriers, decreasing the chance of recombination of electron-hole pairs and consequently 

enhancing the photocatalytic activity as compared to reference and F-TiO2 nanoparticles 

(Elghniji et al., 2012; Hoffmann et al., 1995).    
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Figure 3.60. Degradation of atrazine under UV-visible light irradiation (a) and 

degradation rate of atrazine at 6 h (b). Experimental conditions: [ATZ]0 

= 2.32 µM, [catalyst]0 = 0.5 g L−1, pH = 3.0. 
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4. CONCLUSIONS AND FUTURE PERSPECTIVES 

The following conclusions and perspectives can be drawn from the present study. 

4.1 Conclusions  

This study focused on the degradation of atrazine, one of the most widely used 

endocrine disrupting herbicides, by highly efficient AOTs which are based on the 

formation and reactions of hydrated electrons, hydroxyl, hydrogen and sulfate radicals. 

The degradation of atrazine has been observed to follow pseudo-first-order reaction 

kinetics under all conditions except with Fenton reagent where the second-order kinetics 

explains the degradation behavior more accurately. 

 Gamma ray-induced process was found to be a reliable and effective technology for 

the degradation of atrazine in aqueous solution. The G-values were found to decrease 

with increase in accumulated radiation dose. The highest degradation of atrazine was 

observed in N2-satuarted solutions, due to the availability of all the three reactive 

radicals, as compared to aerated and N2O-sautrated solutions. The contribution of the 

reactive radicals towards atrazine degradation followed the order: eaq
‒ > •OH > H• > O2

•‒. 

Hydrogen peroxide was found to have inhibitory impact on radiolytic degradation of 

atrazine. The observed dose constant and quantum efficiency ratio of eaq
‒: •OH: H• were 

found to be 5: 3: 1 and 2: 1: 1, respectively. The radical scavengers, such as t-BuOH and 

i-PrOH greatly reduced the % degradation of atrazine. Similarly, nitrate, nitrite, sulfate, 

carbonate, bicarbonate, bromide and chloroform were found to diminish the removal 

efficiency of atrazine by gamma ray irradiation. It was observed that a decrease in 

removal rate of atrazine occurred with increase in initial concentration of atrazine. At the 

same time, the G-value was found to increase with increase in initial atrazine 

concentration and decrease in dose rate. The pH was found to effectively influence the 

degradation efficiency of atrazine. The high % degradation of atrazine observed both at 

very low and high pH values could be successfully explained on the basis of acidic and 

basic catalyzed hydrolysis of atrazine. The acidic and alkaline catalyzed hydrolysis of 

atrazine can also be observed from stability of un-irradiated atrazine solutions at various 
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pH values.  Finally, taking into account the relative contributions of oxidizing and 

reducing radicals towards atrazine degradation, the reduction process proved to be an 

efficient and productive technology for the removal of atrazine from aqueous solution. 

It can also be concluded from the work that atrazine can be removed from water by 

direct photolysis at 253.7 nm, however, the combination of oxidants especially PS with 

UV radiation accelerates the degradation process significantly. The second order rate 

constant of atrazine with •OH and SO4
•‒ was determined to be 2.3 × 109 M−1 s−1 and 2.6 × 

109 M‒1s‒1, respectively. The easier activation and higher stability of persulfate suggest 

that SR-AOPs, e.g., UV/PS, is a good alternative to HR-AOPs, e.g., UV/H2O2. Based on 

the LC-MS/MS and GC-MS techniques, thirty five different atrazine degradation by-

products were identified of which eight were proposed as newly identified. A possible 

degradation mechanism for atrazine was evaluated exhibiting seven different degradation 

pathways including de-alkylation, dechlorination-hydroxylation, alkylic-hydroxylation, 

alkylic-oxidation, olefination, deamination-hydroxylation and dechlorination-

hydrogenation.  

The by-products analysis suggested that reactions occurred at C-Cl bond and lateral 

alkyl-amino chains rather than opening of the s-triazine ring with cyanuric acid as the 

final byproduct. It has been reported that cyanuirc acid has low toxicity (Pelizzetti et al., 

1990), therefore, UV-assisted HR- and SR-AOPs are highly important from the 

detoxification standpoint concerning atrazine as a water pollutant. 

The field water samples from three different sites were found to lower the 

degradation efficiency of atrazine by UV/H2O2, UV/HSO5
− and UV/S2O8

2− processes.  

It was observed in the present work that different additives commonly found in 

natural water, decreased the degradation efficiency of UV/S2O8
2−. The decrease in 

removal efficiency was observed in the following decreasing order: i-PrOH > NO2
‒ > t-

BuOH > fulvic acid > humic acid > CO3
2‒ > HCO3

‒ > Cl‒ > NO3
‒ > SO4

2‒. 

Using the less toxic and environmental friendly ferrous ions as catalyst, three 

different chemical oxidation technologies, i.e., UV/H2O2/Fe2+, UV/PS/Fe2+ and 

UV/PMS/Fe2+, were applied for degradation of atrazine. The UV/PMS/Fe2+ system was 

found to be the most efficient system at pH 3.0 while at 5.8 the UV/PS/Fe2+ system 
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showed maximum efficiency in terms of atrazine degradation. The effect of catalyst 

concentration was found to be more prominent than the effect of oxidant concentration. 

The effects of SRHA and SRFA were investigated at a concentration of 4 mg L−1 and 

were found to have an inhibitory effect on atrazine degradation. The effect of initial 

concentration variation of atrazine has been proven to be very small at a constant 

[oxidant]/[atrazine] molar ratio and become more significant at a fixed oxidant 

concentration.  

For the removal of TOC, UV/PS/Fe2+ system was more effective than UV/PMS/Fe2+ 

and UV/H2O2/Fe2+ systems which could probably be due to the stability of the oxidant. 

The study showed that the less toxic iron at very low concentrations in combination with 

UV/H2O2, UV/PS and UV/PMS is meaningful and environmentally friendly for the 

elimination of atrazine from water. For short term and instantaneous purposes, 

UV/PMS/Fe2+ is more favorable; whereas for long term and for the degradation of 

organic pollutants along with their by-products, UV/PS/Fe2+ could be a better choice due 

to the stability of PS. As derived from present work and other published researches (He et 

al., 2013), the use of natural minerals based on the release of their iron content or other 

active transition metal contents could be further considered for a more economical and 

sustainable environmental solution. 

In addition to Fe2+ ions, Co2+ ions can also efficiently activate the PMS for reactive 

radicals production. However, we recommend the Fe2+ ions to be used as catalyst for 

PMS activation during water purification process because of its low toxicity and 

availability in natural waters. In the present work, Ag+ ions were found out to negatively 

impact the degradation of atrazine by UV/PS process.  

The kinetic results were applied for the calculation of EE/O of the studied oxidation 

processes. The EE/O values showed that UV/PMS/Co2+ and UV/PMS/Fe2+ are less 

energy consumable than the other systems. However, concerning the total costs as well as 

efficiencies of the systems, UV/PS is suggested to be more potentially applicable for 

drinking and wastewater treatments. The presence of various transition metals, including 

less toxic ferrous ions in natural water, could be considered as an effective parameter in 

water treatments by AOTs due to their catalytic properties. 
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The degradation of atrazine exhibited second order kinetics by Fenton reagent. The 

results showed that through Fenton oxidation, atrazine has low activation energy (23.72 

kJ mol‾1) and, therefore, can easily be removed from water through this process.  

This study also included the synthesis of F-TiO2, P-TiO2 and PF-TiO2 nanoparticles 

using the conventional sol-gel method. UV-vis absorption spectroscopy, XRD and FTIR 

results showed that both phosphorous and fluorine were successfully doped into TiO2 

nanoparticles. The anatase phase has been demonstrated for all nanoparticles, which 

suggested that doping of phosphorous and fluorine have no effect on the crystal phase of 

TiO2 photocatalyst. 

Results from BET surface area showed that phosphorous greatly affected the surface 

area of TiO2 nanoparticles as compared to fluorine. It has been observed that the BET 

surface area and pore volume increases in the following order: reference TiO2 ˂ F-TiO2 ˂ 

P-TiO2 ˂ PF-TiO2. The crystallite sizes were calculated on the basis of Scherrer equation 

and found to be 5.8, 9.8, 14.5 and 16.3 nm for PF-TiO2, P-TiO2, F-TiO2 and reference 

TiO2 nanoparticles, respectively. The PF-TiO2 nanoparticles exhibited an enhanced 

photocatalytic activity for the degradation of atrazine as compared to reference, F-TiO2 

and P-TiO2 nanoparticles under UV-visible light irradiation. The enhanced photocatalytic 

activity of PF-TiO2 nanoparticles is attributed to its small crystallite size and high surface 

area, greater absorbance in UV-visible region, more adsorbed free water and hydroxyl 

groups and decrease in electron-hole recombination possibility.  

Nevertheless, it is suggested that phosphorous and fluorine can successfully be doped 

into the TiO2 lattice. As a result, the photocatalytic activities of the doped particles can 

efficiently be improved because both phosphorous and fluorine positively affect the 

characteristics of TiO2 catalyst. In addition, the P-TiO2 and PF-TiO2 nanoparticles can 

fully utilize the UV portion of UV-visible light along with some visible radiation and, 

therefore, can be considered as preferential photocatalysts in waste water treatment 

processes. 
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4.2 Future Perspectives 

This study reveals the degradation of atrazine by various AOTs, based mainly on 

aqueous electron, hydroxyl and sulfate radicals. Further studies about the radiolytic 

degradation of atrazine and other toxic pesticides in real water samples are needed. This 

will explore the efficiency of the gamma radiation for pollutant degradation for practical 

applications. The application of SR-AOTs as a water remediation technology is still in its 

infancy stage. The SR-AOTs should be extended for the degradation of other priority 

hazardous substances, such as pesticides, pharmaceuticals and dyes. In addition, the 

effect of various transition metals, which are commonly found in natural water, such as 

chromium, manganese, copper, zinc and molybdenum on the removal efficiency of SR-

AOTs should be evaluated in future. These metals will show the possible catalytic 

properties for activation of PMS and PS, like iron (evaluated in this work) and, therefore, 

the presence of these metals will be helpful in increasing the efficiency of SR-AOTs. It 

will be very useful if the use of natural minerals, such as Lemonite, Ferrihydrite, etc. 

instead of iron cations are investigated for activation of oxidants in future research for a 

more economical and sustainable solution.  

The effects of water parameters should also be studied on ferrous ions based AOTs. 

The destruction of different water pollutants in natural water samples by ferrous ions 

based AOTs can also be considered for future work. These studies will be very helpful in 

practical implementation of the studied AOTs for water treatments.     

 The photo-catalysts prepared in this work employed 10:1 molar ratio for the 

precursors of titanium and phosphorous/fluorine. The optimization of the molar ratio 

should be considered in future research by using varying concentration of titanium, 

phosphorous and fluorine precursors. In addition, different calcination temperatures can 

be applied to study modified photo-catalysts that may further intensify the optimization 

of the catalysts. Finally, the optimized photo-catalysts have to be evaluated for the 

degradation of different kinds of water pollutants under solar light as well as visible light 

illumination. 
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The studied AOTs can also be extended for measurements of toxicity, biological 

oxygen demand (BOD) and chemical oxygen demand (COD) during organic pollutants 

degradation, which is useful for deciding the effectiveness of AOTs.  

For even more efficacy of the water purification technologies with respect to pollutant 

degradation as well as toxicity removal, the tested AOTs can be coupled with biological 

treatment processes.  
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